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Summary 
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Summary 

Plastics and microplastics (MPs, plastics below 5 mm) are now ubiquitously 

found in the natural environment. They are a versatile group of materials that are made 

of different polymers and can have different shapes (e.g., bead, fragment, fiber). MPs 

are either directly emitted into the environment in this size or form due to the 

breakdown of larger plastic particles. However, the contribution of different MP sources 

and their pathways into the environment and between compartments are not well 

understood. Wastewater and sewage sludge have been suggested as major MP entry 

pathways into aquatic and terrestrial environments. Wastewater and stormwater 

converge a wide range of potential MP sources. These MPs can be released directly 

into the environment if wastewater treatment infrastructures are not in place or due to 

combined sewer overflows. In wastewater treatment plants, most MPs are captured 

and concentrated in the sewage sludge, with a smaller proportion not retained and 

released with treated effluents to aquatic receptors. Moreover, if sludge is used as 

fertilizer on agricultural lands, these wastewater-derived MPs can re-enter terrestrial 

ecosystems. Subsequently, they may be driven to aquatic environments through 

surface water runoff. For instance, MP fibers released from textiles and MP particles 

from the abrasion of vehicle tires during driving are expected to be emitted in large 

quantities into the environment along these pathways. Once in the environment, MPs 

may negatively affect organisms through various physical and chemical mechanisms 

such as entanglement, external damage, internal abrasive damage or blockage of the 

digestive tract after ingestion, food dilution, or leaching of harmful additives. 

Furthermore, MPs can interact with other environmental pollutants through sorption 

processes, thus acting as transport vectors of these pollutants for aquatic organisms. 

This thesis aims: (1) To assess the current state of knowledge and identify data 

gaps regarding the sources, environmental pathways, loads and fate of plastic and 

MPs in aquatic and terrestrial ecosystems. (2) To determine MP pollution in 

a Mediterranean river catchment and elucidate the role of wastewater as a MP entry 

pathway. (3) To uncover the fate of MPs in agricultural soils following sewage sludge 

application and the importance of agricultural surface water runoff as a transport 

mechanism for MPs into aquatic ecosystems under semi-arid conditions. (4) To 

quantify the impacts of frequent MP types on freshwater invertebrates by considering 
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environmentally relevant shapes, sizes, and concentrations and to perform a risk 

assessment for these organisms. (5) To assess the relevance of MPs as vectors of 

other chemical contaminants in the aquatic environment and their contribution to 

ecological risks. 

Following the general introduction in Chapter 1, Chapter 2 summarizes the 

current knowledge regarding the sources of plastics and MPs, their environmental 

pathways and load rates, and their occurrence and fate in different environmental 

compartments. It shows that knowledge of the sources of large-sized plastics, MPs, 

and nanoplastics to aquatic and terrestrial ecosystems is limited. Data on MPs 

occurrence in freshwaters is restricted to certain geographical regions, while data on 

soil ecosystems are generally limited. Furthermore, data limitations exist for pathways 

and fluxes into the environment and between different environmental compartments. 

This literature review also shows that the presence of MPs in wastewater is relatively 

well studied. However, the contribution of this pathway for MP contamination in aquatic 

ecosystems, compared to other pathways such as surface water runoff or the 

occurrence of large-sized plastics and their disintegration into MP and nanoplastic, are 

urgent research needs. Finally, this chapter highlights research areas that need to be 

advanced to improve the understanding of potential ecological risks of plastic pollution 

and provides recommendations to improve management and reduce plastic and MP 

inputs into the environment.  

In the next chapter (Chapter 3), MP pollution in a Mediterranean river catchment 

(Henares River catchment, central Spain) is assessed, and the contribution of 

wastewater to the MP catchment discharge is identified. This chapter shows that 

although wastewater treatment plants retain on average 93% of the MPs in the influent, 

the treated effluents and small amounts of untreated wastewater inlets still contribute 

up to 50% of the total MP catchment discharge. Thus, the wastewater system 

represents a major environmental pathway for MPs into Mediterranean rivers. 

Moreover, it shows that MP concentrations in river water and sediment strongly depend 

on land use and significantly increase with increasing anthropogenic pressure. Finally, 

MP pollution patterns in the catchment are found to be influenced by season due to 

high flow periods in Spring, with higher water concentrations but lower sediment 

concentrations. 
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In Chapter 4, MP fate in agricultural soils receiving different sewage sludge 

treatments and the role of agricultural soil as contributors to MP pollution in aquatic 

ecosystems through surface water runoff is investigated. This chapter shows that the 

application of sewage sludge significantly increases MP concentrations in soils. These 

soil concentrations remain relatively constant over one year and little transport into 

deeper soil layers is observed. Additionally, the study indicates that MP concentrations 

in historically treated soils remain high five years after sludge application. Finally, this 

chapter highlights that surface water runoff has a negligible influence on the export of 

MPs from agricultural soils. Therefore, it concludes that agricultural lands can be 

considered long-term MP accumulators under the studied soil and weather conditions. 

In Chapter 5, the ingestion and effects of polyester fibers and car tire particles 

are assessed for freshwater invertebrates with different feeding strategies and habitat 

preferences. It shows that ingestion capability depends on particle shape and size, 

while ingestion quantity also depends on the exposure pathway and the feeding 

strategy of the test organism. No adverse effects on survival or reproductive output for 

benthic macroinvertebrates are observed in this study. However, it concludes that 

chronic exposure of Daphnia magna (pelagic species) to both MP types could affect 

reproduction and survival at concentrations, that are for the most part not 

environmentally realistic yet. Finally, this chapter shows that MPs affect organisms 

through different effect mechanisms. 

In Chapter 6, the relevance of MPs to act as vectors of organic pollutants to 

freshwater fish is investigated. This is done by assessing the bioconcentration and 

chemical stress caused by two hydrophobic organic chemicals in Danio rerio with and 

without MPs. This chapter shows that the presence of MPs does not enhance but 

rather decreases the bioconcentration of these chemicals. Moreover, the decrease in 

bioconcentration is greater for the more hydrophobic chemical. Chemical stress, 

determined through different biomarkers, is not enhanced in the presence of MPs. This 

confirms that MP contamination in freshwater ecosystems is not expected to aggravate 

the risks associated with the bioconcentration of organic contaminants in aquatic 

organisms. Other exposure pathways (i.e., uptake via respiration, skin permeability) 

may instead be of higher importance.  
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Finally, the overall conclusions of this thesis are presented in Chapter 7, 

together with some recommendations for future research and MP pollution 

management. 
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Resumen  

Los plásticos y microplásticos (MPs, plásticos de menos de 5 mm) ahora se 

encuentran ubicuamente distribuidos en el entorno natural. Son un grupo versátil de 

materiales que se fabrican a partir de diferentes polímeros y pueden tener diferentes 

formas (p. ej., perla, fragmento, fibra). Los MPs pueden llegar al medio ambiente 

directamente o producirse por la partición de basura plástica más grande. Todavía se 

desconocen las principales fuentes y rutas de entrada de MPs en el medio ambiente, 

al mismo tiempo, que no se termina de comprender cómo éstos se transfieren entre 

los distintos compartimentos ambientales. Por un lado, la emisión de aguas residuales 

no tratadas y aguas de tormenta han sido señaladas como una de las principales 

fuentes de MPs en el medio ambiente. Por otro lado, las depuradoras, aunque 

consigue eliminar parte de éstos, también constituyen una fuente de emisión continua 

de MPs sobre ecosistemas acuáticos. Además, gran parte de los MPs se concentran 

en los lodos de las depuradoras. El uso de esos lodos como fertilizante agrícola, puede 

contribuir a su emisión sobre los ecosistemas agrícolas y contribuir a aumentar la 

carga de éstos sobre los ríos a través de la escorrentía superficial. Por ejemplo, las 

fibras textiles sintéticas y las partículas de neumáticos de vehículos procedentes de la 

abrasión producida durante la conducción se han encontrado en grandes cantidades 

en el medio ambiente. Una vez en el medio ambiente, los MPs pueden afectar a los 

organismos vivos negativamente por varios procesos, tanto físicos como químicos, 

incluyendo la reducción en la movilidad, daños externos, daños abrasivos internos, 

obstrucción del tracto digestivo por su ingestión, inanición o incluso por la lixiviación 

de aditivos perjudiciales para su salud. Además, los MPs pueden interaccionar con 

otros contaminantes que haya en el ambiente a través de procesos como la adsorción 

química, y por tanto pueden actuar como vectores de estos otros contaminantes en 

los organismos acuáticos. 

Los principales objetivos de esta tesis doctoral son: (1) Evaluar el estado de 

conocimiento actual sobre la contaminación de plásticos y MPs en ambientes 

acuáticos y terrestres, así como su destino ambiental y sus principales vías de 

transporte. (2) Evaluar la contaminación por MPs en una cuenca Mediterránea y la 

influencia de la descarga de aguas residuales sobre esta. (3) Determinar el destino 

ambiental de los MPs en suelos agrícolas tratados con lodos de depuradora y evaluar 

la importancia de la escorrentía superficial como medio de transporte de MPs hacia 
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ecosistemas acuáticos bajo condiciones semi-áridas. (4) Cuantificar los impactos de 

los MPs típicamente encontrados en el medio ambiente de acuerdo a su forma, 

tamaño y concentración sobre los invertebrados de agua dulce para realizar una 

evaluación de riesgo ambiental. (4) Evaluar la importancia de los MPs como vector de 

otros contaminantes químicos en el medio acuático y sus potenciales riesgos 

ecotoxicológicos. 

A continuación de la introducción general del Capítulo 1, en el Capítulo 2 se 

sintetiza el conocimiento actual relativo a las fuentes de plásticos y MPs, sus rutas de 

entrada al medio ambiente y concentraciones medias, así como su presencia y destino 

en cada compartimento ambiental. También se muestra como el conocimiento de las 

fuentes de macroplásticos, MPs y nanoplásticos en ecosistemas acuáticos y terrestres 

es limitado. Los datos acerca de la presencia de MPs en aguas dulces se restringe a 

determinadas localizaciones geográficas, mientras que la existencia de datos de ésta 

en suelos terrestres es aún más reducida. Además, también existe información 

limitada sobre las vías de entrada y transporte de MPs entre los distintos 

compartimentos ambientales. Esta revisión bibliográfica también revela que la 

presencia de MPs en aguas residuales está relativamente bien documentada. Sin 

embargo, la contribución de éstas como fuente de contaminación de MPs en 

ecosistemas acuáticos, comparada con otras como la escorrentía superficial o la 

presencia y posterior degradación de plásticos más grandes en MPs y nanoplásticos 

necesita ser urgentemente investigada. Finalmente, este capítulo subraya los 

potenciales riesgos ambientales de la contaminación plástica y proporciona algunas 

recomendaciones para mejorar la gestión de estos residuos y reducir la entrada de 

plásticos y MPs en el medio ambiente.  

En el siguiente capítulo (Capítulo 3) se evalúa la contaminación por MPs en 

una cuenca hidrográfica de carácter mediterráneo (cuenca del río Henares, España) 

incluyendo el aporte procedente de las aguas residuales. Este capítulo muestra que, 

aunque las plantas de tratamiento de aguas llegan a retener una media del 93% de 

los MPs que llegan por el afluente, los efluentes resultantes y otras pequeñas masas 

de agua no tratada contribuyen hasta el 50% del vertido total de MPs en esta cuenca. 

Así pues, el sistema de aguas residuales representa una importante vía 

medioambiental de entrada de MPs en los ríos mediterráneos. Además, se muestra 

que las concentraciones de MPs en el agua y los sedimentos de los ríos dependen en 
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gran medida del uso del suelo y aumentan significativamente con el incremento de la 

presión antropogénica. Por último, se observa que los patrones de contaminación por 

MPs en la cuenca están influidos por la estación del año como los períodos de mayor 

caudal en primavera, con mayores concentraciones en el agua, pero menores en los 

sedimentos 

En el capítulo 4 se investiga el destino de los MPs en los suelos agrícolas que 

reciben diferentes tratamientos de lodos de depuradora y el papel de los suelos 

agrícolas como contribuyentes a la contaminación por MPs en los ecosistemas 

acuáticos a través de la escorrentía de aguas superficiales. Este capítulo muestra que 

la aplicación de lodos de depuradora aumenta significativamente las concentraciones 

de MPs en los suelos. Además, estas concentraciones se mantienen relativamente 

constantes a lo largo de un año y se observa un escaso transporte hacia las capas 

más profundas del suelo. El estudio indica que las concentraciones de MPs en los 

suelos históricamente tratados siguen siendo elevadas cinco años después de la 

aplicación de los lodos. Por último, este capítulo destaca que la escorrentía de las 

aguas superficiales tiene una influencia insignificante en la exportación de MPs en 

suelos agrícolas. Por lo tanto, se concluye que los suelos agrícolas se pueden 

considerar grandes acumuladores de MPs a largo plazo en las condiciones 

edafológicas y meteorológicas estudiadas. 

En el capítulo 5 se evalúan las tasas de ingestión y los efectos de las fibras de 

poliéster y las partículas de neumáticos de automóvil en invertebrados de agua dulce 

con diferentes estrategias de alimentación y preferencias de hábitat. Se demuestra 

que la capacidad de ingestión depende de la forma y el tamaño de las partículas, 

mientras que la cantidad de ingestión también depende de la vía de exposición y de 

la estrategia de alimentación del organismo de ensayo. En este estudio no se 

observan efectos adversos en la supervivencia o el rendimiento reproductivo de los 

macroinvertebrados bentónicos. Sin embargo, se concluye que la exposición crónica 

de Daphnia magna (especie pelágica) a ambos tipos de MP podría afectar a su 

reproducción y la supervivencia a unas concentraciones que no son ambientalmente 

realistas del todo. Por último, este capítulo muestra que los MPs afectan a los 

organismos a través de diferentes mecanismos. 
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En el capítulo 6 se investiga la importancia de los MPs como vectores de 

contaminantes orgánicos en peces de agua dulce. Para ello, se evalúa la 

bioconcentración y el estrés químico causado por dos sustancias químicas orgánicas 

hidrofóbicas en el pez cebra Danio rerio con y sin MPs. Este capítulo muestra que la 

presencia de MPs no aumenta, sino que disminuye la bioconcentración de estas 

sustancias químicas. Además, la disminución de la bioconcentración es mayor para el 

compuesto más hidrofóbico. El estrés químico, determinado a través de diferentes 

biomarcadores, no aumenta en presencia de MP. Este capítulo confirma que no se 

espera que la contaminación por MP en los ecosistemas de agua dulce agrave los 

riesgos asociados a la bioconcentración de sustancias químicas orgánicas en los 

organismos acuáticos. En cambio, otras vías de exposición (por ejemplo, la absorción 

a través de la respiración o la permeabilidad de la piel) pueden tener mayor 

importancia.  

Por último, en el capítulo 7 se presentan las conclusiones generales de esta 

tesis, junto con algunas recomendaciones para la investigación futura y la gestión de 

la contaminación con MPs. 
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Zusammenfassung  

Kunststoffe und Mikroplastik (MP, Kunststoffe kleiner als 5 mm) sind heute 

allgegenwärtig in der Umwelt zu finden. Sie stellen eine vielseitige Werkstoffgruppe 

dar, die aus verschiedenen Polymeren besteht und in unterschiedlichen Formen 

vorkommen kann (z. B. Kugel, Fragment, Faser). MP werden entweder direkt in dieser 

Größe in die Umwelt abgegeben oder entstehen durch die Fragmentierung größerer 

Kunststoffpartikel. Der Beitrag verschiedener MP-Quellen und -Eintragspfade in die 

Umwelt und zwischen verschiedenen Kompartimenten ist jedoch weitgehend 

ungeklärt. Es wird vermutet, dass Abwasser und Klärschlamm als Haupteintrittspfade 

für MP in aquatische und terrestrische Ökosysteme fungieren. Abwasser und 

Niederschlagswasser führen eine Vielzahl potenzieller MP-Quellen zusammen die 

direkt in die Umwelt freigesetzt werden können, wenn keine Kläranlagen vorhanden 

sind oder aufgrund von Mischwasserüberläufen. In Kläranlagen werden die meisten 

MP aus dem Abwasser entfernt und im Klärschlamm aufkonzentriert, wobei ein 

kleinerer Anteil der MP nicht zurückgehalten und mit dem geklärten Abwasser in 

aquatische Systeme eingeleitet wird. Durch das Ausbringen von Klärschlamm als 

Düngemittel auf landwirtschaftlichen Flächen können die aus dem Abwasser 

stammenden MP außerdem terrestrische Ökosysteme erreichen. Von dort könnten sie 

wiederum durch Oberflächenwasserabfluss in aquatische Systeme transportiert 

werden. Es wird vermutet, dass vor allem MP-Fasern von Textilien und Reifenabrieb 

über diese Pfade in großen Mengen in die Umwelt gelangen. Einmal in der Umwelt 

können MP Organismen durch verschiedene physikalische und chemische 

Mechanismen negativ beeinflussen. Dazu gehören das Verfangen in MP, äußere und 

innere Verletzungen oder die Blockierung des Verdauungstrakts, Verringerung des 

Nahrungsgehalts durch den Verzehr von Plastik anstatt Nahrung, oder das Auslaugen 

schädlicher Zusatzstoffe. Darüber hinaus können MP durch Sorptionsprozesse mit 

anderen Umweltschadstoffen in Wechselwirkung treten und somit als 

Transportvektoren dieser Schadstoffe für aquatische Organismen fungieren. 

Die Hauptziele dieser Arbeit sind: (1) Den aktuellen Wissensstand bezüglich der 

Quellen, Umweltpfade, Konzentrationen und dem Verbleib von MP in aquatischen und 

terrestrischen Ökosystemen zu bewerten und Datenlücken zu identifizieren. (2) Die 

MP-Kontamination in einem Flusseinzugsgebiet in einer Mediterranen Klimazone zu 

bestimmen und die Rolle von Abwasser als Eintragspfad für MP aufzuklären. (3) Das 
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Schicksal von MP in landwirtschaftlichen Böden nach der Klärschlammausbringung zu 

bestimmen und die Bedeutung des Oberflächenwasserabflusses von 

landwirtschaftlich genutzten Flächen als Transportmechanismus für MP in aquatische 

Ökosysteme unter semi-ariden Klimabedingungen zu identifizieren. (4) Die 

Auswirkungen häufiger MP-Typen auf Süßwasserinvertebraten unter 

Berücksichtigung umweltrelevanter Formen, Größen und Konzentrationen zu 

analysieren und eine Risikobewertung für diese Organismen durchzuführen. (5) Die 

Relevanz von MP als Vektoren für andere chemische Schadstoffe in der aquatischen 

Umwelt und ihren Beitrag zu ökologischen Risiken zu bestimmen. 

Nach der allgemeinen Einführung in Kapitel 1 fasst Kapitel 2 den aktuellen 

Wissensstand zu den Quellen von Kunststoffen und MP, ihren Pfaden in die Umwelt 

und Belastungsraten sowie ihrem Vorkommen und Verbleib in verschiedenen 

Umweltkompartimenten zusammen. Es zeigt, dass das Wissen über die Herkunft von 

Makroplastikteilen, MP und Nanoplastik in aquatischen und terrestrischen 

Ökosystemen begrenzt ist. Daten zum Vorkommen von MP in Süßgewässern sind auf 

bestimmte geografische Regionen beschränkt, während Daten zu Bodenökosystemen 

im Allgemeinen unzureichend sind. Darüber hinaus bestehen Wissenslücken 

bezüglich der Eintragspfade in die Umwelt und dem Transport und Verbleib zwischen 

verschiedenen Umweltkompartimenten. Diese Literaturrecherche zeigt auch, dass das 

Vorkommen von MP im Abwasser relativ gut untersucht ist. Es besteht jedoch 

dringender Forschungsbedarf bezüglich des Beitrags von Abwasser zur MP-

Kontamination in aquatischen Ökosystemen im Vergleich zu anderen Eintragspfaden 

wie dem Oberflächenwasserabfluss oder dem Auftreten von größeren Kunststoffteilen 

und deren Fragmentierung in MP und Nanoplastik. Schließlich hebt dieses Kapitel 

Forschungsbereiche hervor die vorangetrieben werden müssen um das Verständnis 

potenzieller ökologischer Risiken der Plastikverschmutzung zu erweitern, und gibt 

Empfehlungen zum Management und der Reduzierung von Plastik- und MP-Einträgen 

in die Umwelt. 

Im nächsten Kapitel (Kapitel 3) wird die MP-Kontamination in einem 

Flusseinzugsgebiet in der Mediterranen Klimazone (Einzugsgebiet des Flusses 

Henares, Zentralspanien) bewertet und der Beitrag von Abwasser zum MP-

Gesamtabfluss im Einzugsgebiet ermittelt. Dieses Kapitel zeigt, dass obwohl 

Kläranlagen im Durchschnitt 93 % der MP zurückhalten, die behandelten Abwässer 
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und kleine Mengen an unbehandeltem Abwasser, immer noch bis zu 50 % der 

gesamten MP-Fördermenge des Einzugsgebietes beitragen können. Somit stellt das 

Abwassersystem einen wichtigen Eintragspfad für MP in Fließgewässer der 

Mediterranen Klimazone dar. Darüber hinaus wird gezeigt, dass MP-Konzentrationen 

in der Wassersäule und in Sedimenten stark von der Landnutzung abhängen und mit 

zunehmendem anthropogenem Druck signifikant zunehmen. Schließlich wird 

festgestellt, dass die MP-Kontamination im Wassereinzugsgebiet aufgrund von 

Hochwasserperioden im Frühjahr mit höheren Wasserkonzentrationen, aber 

niedrigeren Sedimentkonzentrationen von der Jahreszeit beeinflusst werden. 

In Kapitel 4 wird der Verbleib von MP in landwirtschaftlichen Böden mit 

unterschiedlichen Klärschlammbehandlungen und der Beitrag von 

Oberflächenwasserabfluss von landwirtschaftlichen Böden zur MP-Verschmutzung in 

aquatischen Ökosystemen untersucht. Dieses Kapitel zeigt, dass die Ausbringung von 

Klärschlamm die MP-Konzentrationen in Böden signifikant erhöht. Die 

Bodenkonzentrationen bleiben im Verlauf eines Jahres relativ konstant und der 

Transport in tiefere Bodenschichten ist gering. Darüber hinaus weist die Studie darauf 

hin, dass MP-Konzentrationen in Böden auch noch fünf Jahre nach der 

Klärschlammausbringung hoch sind. Schließlich hebt dieses Kapitel hervor, dass der 

Einfluss von Oberflächenwasserabfluss für den MP-Export aus landwirtschaftlichen 

Böden vernachlässigbar ist. Daher kommt es zu dem Schluss, dass landwirtschaftliche 

Flächen unter den untersuchten Boden- und Wetterbedingungen als langfristige MP-

Akkumulatoren betrachtet werden können. 

In Kapitel 5 werden die Aufnahme und die Wirkung von Polyesterfasern und 

Autoreifenpartikeln für Süßwasserinvertebraten mit unterschiedlichen Strategien zur 

Nahrungsaufnahme und unterschiedlichen Lebensraumpräferenzen evaluiert. Das 

Kapitel zeigt, dass die Fähigkeit zum Verzehr von der Form und Größe der MP 

abhängt, während die Aufnahmemenge auch vom Expositionsweg und der Strategie 

zur Nahrungsaufnahme des Testorganismus beeinflusst wird. In dieser Studie werden 

keine negativen Auswirkungen auf das Überleben oder die Fortpflanzungsleistung 

benthischer Makroinvertebraten beobachtet. Sie kommt jedoch zu dem Schluss, dass 

eine chronische Exposition von Daphnia magna (pelagische Art) gegenüber beiden 

MP-Typen deren Fortpflanzung und Überleben beeinträchtigen könnte. Dies tritt 

jedoch bei Konzentrationen auf, die derzeit zum größten Teil noch nicht ökologisch 
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realistisch sind. Schließlich zeigt dieses Kapitel, dass MP über unterschiedliche 

Mechanismen auf Organismen einwirken. 

In Kapitel 6 wird die Relevanz von MP als Vektoren für organische Schadstoffe 

in Süßwasserfischen betrachtet. Dazu wird die Biokonzentration von zwei 

hydrophoben organischen Chemikalien in An- und Abwesenheit von MP in Danio rerio 

und deren Einfluss auf chemischen Stress untersucht. Dieses Kapitel zeigt, dass MP 

die Biokonzentration dieser Chemikalien nicht erhöhen, sondern eher verringern. Die 

Reduktion der Biokonzentration ist darüber hinaus größer für die hydrophobere 

Chemikalie. Auch chemischer Stress, gemessen an Biomarkerantworten, wird in 

Gegenwart von MP nicht verstärkt. Dies bestätigt, dass die MP-Kontamination in 

Süßwasserökosystemen die Risiken, die mit der Biokonzentration organischer 

Chemikalien in aquatischen Organismen einhergehen, voraussichtlich nicht erhöht. 

Andere Expositionswege (z. B. die Aufnahme über die Atmung oder Haut) erscheinen 

von größerer Bedeutung zu sein. 

Abschließend werden in Kapitel 7 die allgemeinen Schlussfolgerungen dieser 

Arbeit präsentiert, zusammen mit einigen Empfehlungen für die zukünftige Forschung 

und das Management für MP-Verschmutzung.
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1.1. Plastics and microplastics in the environment 

The rise in global plastic production and consumption over the past decades is 

no surprise, given plastics’ many advantages and unique properties (e.g., durability, 

malleability, lightness, and low production costs). Large-scale plastic production began 

in the 1950s and has been steadily growing since. However, recycling rates are still 

low, and 79 % of plastic waste accumulates in landfills or is released into the natural 

environment (Geyer et al. 2017). Moreover, because plastics are manufactured to be 

very durable, they persist over long timescales after leaking into the environment 

(Chamas et al. 2020; Krause et al. 2020). This has led to a global plastic pollution 

problem that is expected to grow further, particularly in countries with less developed 

economies (Geyer et al. 2017; Lebreton & Andrady 2019).  

Plastic products encompass a diversity of materials which can be differentiated 

into various groups depending on their chemical composition, function, size, and 

shape. A broad distinction is made between thermoplastics, thermosetting plastics, 

and elastomers. Within these broad categories, plastics are further distinguished 

based on their polymer type. Depending on the polymer type and added additives, 

properties such as density, stability, durability, and resistance vary (Hahladakis et al. 

2018). As environmental contaminants, plastics are classified based on their size into 

macroplastics (> 1 cm), mesoplastics (5 - 10 mm), microplastics (1 µm - 5 mm), and 

nanoplastics (< 1 µm). These size classifications slightly vary depending on the 

literature (Hartmann et al. 2019). The microplastics (MPs) class can be split up further 

into primary MPs, produced in this size range (e.g., microbeads added in cosmetics or 

cleansers), and secondary MPs formed due to the fragmentation of larger plastic 

products or debris (Cole et al. 2011). Finally, MPs can be grouped by shape or 

morphology, such as beads (or spheres), pellets, fibers, fragments, films, and foams 

(Hartmann et al. 2019; Figure 1.1). Therefore, MPs can be considered versatile 

contaminants that stem from various sources and reach ecosystems following diverse 

exposure pathways. 

Research into the environmental side effects of plastic originated in the marine 

environment. Reports on the presence of plastic particles in marine waters go back to 

the 1970s (Carpenter et al. 1972; Colton et al. 1974). Also the term MP was first used 

to describe small plastic particles in marine environments (Thompson et al. 2004). As 
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environmental research expands, it has become more and more apparent that MP 

contamination is ubiquitous and not confined to the marine environment but spreads 

out to freshwater and terrestrial ecosystems and the atmosphere (Horton et al. 2017b; 

Allen et al. 2019; Wong et al. 2020). In fact, MPs have been found in very remote 

areas, including the deep sea, glaciers, and Antarctica (Wagner et al. 2014; González-

Pleiter et al. 2020). 

Figure 1.1. Example of MPs with different shapes from an environmental water sample. The scale bar 

represents 1000 µm. Picture taken by Theresa Schell. 

In recent years, MP pollution has received a great deal of scientific and public 

attention, with scientific publications on MPs increasing exponentially (Zhou et al. 

2021). Yet, important knowledge gaps remain regarding their sources, environmental 

fate and exposure to organisms. While it is well known that most plastics are produced 

and emitted into the environment on land and are then transported along rivers to the 

marine environment (Jambeck et al. 2015; Schmidt et al. 2017), the importance of 

different primary sources, as well as their pathways and fluxes between land and 

freshwater ecosystems are not well understood (Horton et al. 2017b). Deeper 

knowledge, especially on the relevance of the numerous different sources that 

contribute to MP contamination, is needed to fully understand and tackle MP pollution. 

Entry pathways for MPs into freshwater and terrestrial ecosystems include wastewater 

and sewage sludge, atmospheric transport or drifting, surface runoff and industrial 

spills (Waldschläger et al. 2020). However, once in the environment, MP transport 
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processes among environmental compartments are yet poorly quantified (Petersen & 

Hubbart 2021). Holistic approaches such as the assessment of MP pollution at the 

catchment level are needed to better understand their fate and transport processes, 

and to derive environmental management measures that limit their mobilization and 

exposure to living organisms (Windsor et al. 2019a; Hoellein & Rochman 2021).  

Current literature points towards wastewater and sewage sludge being among 

the most important entry pathways for MPs into terrestrial and freshwater ecosystem 

(Nizzetto et al. 2016c; Ziajahromi et al. 2016; Corradini et al. 2019). In wastewater, 

MPs from different sources such as textiles, paints, cleaning products, and personal 

care products, and in combined sewer systems, traffic-related MPs are converged 

(Ziajahromi et al. 2016; Kole et al. 2017; Fältström et al. 2021). MPs not retained during 

wastewater treatment are emitted into the environment. Most retained MPs are 

accumulated in the sewage sludge (Liu et al. 2019b). The application of this solid by-

product as fertilizer to agricultural lands is a widespread practice. In Europe the use of 

sludge for this purpose varies greatly between countries. For example, while sludge 

application to agricultural lands is prohibited in the Netherlands, in Spain about 80% of 

the produced sludge is reused as agricultural fertilizer (Eurostat 2020). It has been 

predicted that between 63,000 to 430,000 tons of MP may be added to European 

farmlands along this pathway annually (Nizzetto et al. 2016c). Thus plastic inputs into 

terrestrial environments through sludge application may exceed those released into 

marine environments (Nizzetto et al. 2016c). Thus far, not only the impact of MPs on 

soil ecosystem processes and soil organisms are largely unknown, but also their 

persistence and fate within this compartment (Horton et al. 2017b; Boots et al. 2019). 

For instance, whether MPs are retained in soil, transported into deeper soil layers, 

taken up by plants or transported by surface water runoff into aquatic ecosystems is 

still unclear (McCormick et al. 2016; Nizzetto et al. 2016c; Ng et al. 2018; Windsor et 

al. 2019a). As pointed out by some authors (Wagner et al. 2014; Horton et al. 2017b), 

water runoff is expected to be an important pathway for MPs from terrestrial into 

surface water ecosystems, but this has never been quantified experimentally.  

Elucidating contamination patterns and assessing exposure concentrations is 

fundamental to determining the environmental risks associated with MP pollution. As 

mentioned above, MPs are a diverse suite of different polymer types, sizes, and 

shapes (Hartmann et al. 2019) and may affect different organisms in different ways. 
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Therefore, it is important to determine which MP types and sizes are prevalent in the 

environment as this may not only affect their behavior and fate (Nizzetto et al. 2016a) 

but also their capacity to be ingested and affect different living organisms (Koelmans 

et al. 2020). Plastic pollution is usually assessed based on MP particle abundance 

(e.g., number/volume or number/area), however it is important to additionally quantify 

MPs based on mass to compare total plastic loads between different sampling areas 

and studies.  

1.2. Impacts of MPs in freshwater ecosystems  

A variety of physical and chemical mechanisms are related to the risks of MPs 

for freshwater organisms. MPs may act as physical or chemical stressors. Negative 

physical impacts encompass entanglement, external damage, internal abrasive 

damage, or blockage of the digestive track after ingestion, as well as food dilution (Cole 

et al. 2011; De Ruijter et al. 2020; Amariei et al. 2022). In addition, plastics may contain 

potentially harmful additives (e.g., plasticizers, flame retardants), which can leach out 

into the water phase or be released into organisms after ingestion (Beiras et al. 2021). 

Furthermore, MPs may serve as vectors for other environmental contaminants such 

as hydrophobic organic chemicals, metals, or antibiotics, which may sorb to MPs (Yu 

et al. 2019; Syberg et al. 2020; Amelia et al. 2021). While several studies showed that 

MPs can transport other environmental contaminants into animals (Rochman et al. 

2013; Batel et al. 2016, 2018), there is currently a disagreement in the scientific 

community about the relevance of MPs as vectors for these chemical contaminants, in 

comparison to other uptake routes (e.g., food or surrounding medium) (Hartmann et 

al. 2017; Lohmann 2017; Koelmans et al. 2022; Sun et al. 2022). Thus, this yet needs 

to be proven experimentally. 

Moreover, there is currently a mismatch between MPs found in environmental 

samples and those used for toxicity testing (Rochman et al. 2019; De Ruijter et al. 

2020). For example, while fibers represent only about 8% of MPs used in effect studies, 

they are the most abundant MP types in water and sediment (De Ruijter et al. 2020). 

To fully understand the risk associated with MPs it is imperative to determine their 

effects and ingestion capacity in a variety of living organisms, taking into account the 

quantity of different sizes, shapes and polymer types to which they are exposed to and 

their specific morphological and ecological traits (Scherer et al. 2017; Redondo-
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Hasselerharm et al. 2018a; Koelmans et al. 2020). In this regard, environmentally 

realistic exposure studies assessing both physical and chemical effects of frequently 

encountered MPs are urgently needed.  

1.3. Research objectives  

This thesis aims to expand our understanding on the fluxes and pathways of 

MPs into terrestrial and freshwater ecosystems, and to quantify their risks for 

freshwater organisms.  

The specific research objectives of this thesis are:  

1. To assess the current state of knowledge and identify data gaps regarding the 

sources, environmental pathways, loads and fate of plastics and MPs in aquatic 

and terrestrial ecosystems. 

2. To determine MP pollution in a Mediterranean river catchment and elucidate the 

role of wastewater as a MP entry pathway.  

3. To uncover the fate of MPs in agricultural soils following sewage sludge 

application and the importance of agricultural surface water runoff as a transport 

mechanism for MPs into aquatic ecosystems under semi-arid conditions. 

4. To evaluate the impacts of frequent MP types on freshwater invertebrates by 

considering environmentally relevant shapes, sizes, and concentrations and to 

perform a risk assessment for these organisms. 

5. To assess the relevance of MPs as vectors of other chemical contaminants in 

the aquatic environment and their contribution to ecological risks. 

This thesis was developed as part of the water-JPI funded IMPASSE project 

(Impacts of MicroPlastics in AgroSystems and Stream Environment), which was 

supported by the Spanish Ministry of Science and Innovation (PCIN- 2017-016). This 

project was coordinated by the Norwegian Institute for Water Research and was 

carried out in cooperation with the Department of Biology of the Biotechnical Faculty 

at University of Ljubljana, the department of Aquatic Sciences and Assessment at the 

Swedish University of Agriculture, the Department of Ecological Science of the Faculty 

of Science at Vrije Universiteit Amsterdam, the Department of Earth and Environmental 

Sciences at Windsor University, and the IMDEA Water Institute. The project aimed to 

contribute to improve our understanding on MP pollution and their potential ecological 
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impacts in agricultural soils and freshwaters focusing on MP entering these 

environments through wastewater or sludge. The current thesis has contributed to this 

by investigating the pathways and loads of MPs from wastewater and sludge in case 

study on the river catchment level and a field experiment under Mediterranean 

conditions in central Spain, and by assessing the effects of MPs on freshwater 

organisms.  
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Abstract  

Plastics and microplastics are nowadays ubiquitously found in the environment. This 

has raised concerns on possible adverse effects for human health and the 

environment. To date, extensive information exists on their occurrence in the marine 

environment. However, information on their different sources and their transport within 

and across different freshwater and terrestrial ecosystems is still limited. Therefore, we 

assessed the current knowledge regarding the industrial sources of plastics and 

microplastics, their environmental pathways and load rates, and their occurrence and 

fate in different environmental compartments; thereby highlighting important data gaps 

which are needed to better describe their global environmental cycle and exposure. 

This study shows that the quantitative assessment of the contribution of the different 

major sources of plastics, microplastics and nanoplastics to aquatic and terrestrial 

ecosystems is challenged by some data limitations. While the presence of 

microplastics in wastewater and freshwater is relatively well studied, data on sediments 

and especially soil ecosystems are too limited. Moreover, the overall occurrence of 

large-size plastics, the patterns of microplastic and nanoplastic formation from them, 

the presence and deposition of plastic particles from the atmosphere, and the fluxes 

of all kinds of plastics from soils towards aquatic environments (e.g., by surface water 

runoff, soil infiltration) are still poorly understood. Finally, this study discusses several 

research areas that need urgent development in order to better understand the 

potential ecological risks of plastic pollution, and provide some recommendations to 

better manage and control plastic and microplastic inputs into the environment. 
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2.1. Introduction  

Over the past century, plastic has made the journey from being virtually non-

existent to a ubiquitous and integral part of modern life. While plastic has numerous 

advantages compared to alternative materials, we are facing severe environmental, 

economic and ethical issues due to the vast plastic waste production and rapid 

disposal. Up until 2015, the total amount of plastic produced was 8300 million tons, 

6300 million tons of which were discarded as waste (Geyer et al. 2017). Much of this 

waste (79%) is accumulated in landfills or the natural environment, and this amount is 

expected to increase significantly in the future (up to 12,000 million tons by 2050) if 

management actions are not immediately taken (Geyer et al. 2017).  

Most macroplastics break down due to mechanical and chemical fragmentation 

into smaller pieces, which are commonly termed microplastics (particles < 5 mm; MPs) 

or nanoplastics (particles < 1µm) (Gigault et al. 2018). The breakdown process may 

take between 50 - 600 years and usually depends on several factors such as the 

polymer composition and the environmental condition. MPs that are formed due to the 

breakdown of macroplastics are commonly referred to as secondary MPs, while MPs 

intentionally produced in this size range are referred to as primary MPs. Nowadays, 

macroplastics, MPs and nanoplastics can be found floating or in suspension in many 

water bodies, accumulated in sediments or terrestrial ecosystems, and even 

transported and deposited in pristine environments due to wind and currents (Dris et 

al. 2015, 2016; Ballent et al. 2016; Fischer et al. 2016; Hurley & Nizzetto 2018). 

The widespread distribution of plastic and its variability in size and shape allow 

the ingestion by organisms across many trophic levels and habitats (Wright et al. 2013; 

Kühn et al. 2015). Large plastic debris (macroplastics) can cause adverse effects on 

coastal and marine animals (marine mammals, fish, and seabirds) due to ingestion as 

well as entanglement, which impedes their mobility (Van Franeker et al. 2011; 

Knowlton et al. 2012; Schuyler et al. 2012; Kühn et al. 2015). Fishing gear, balloons, 

plastic bags and bottle caps have been identified to be the most harmful type of 

macroplastics to marine organisms (Hardesty et al. 2015). Although most research has 

focused on the marine environment, freshwater and terrestrial organisms are expected 

to suffer from the same sort of effects. For example, cattle have been reported to 
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suffocate and die due to the ingestion of plastic bags, which can block airways and 

stomachs (Ramaswamy & Sharma 2011). 

Similar to macroplastics, environmental exposure to MPs has raised concerns 

about their potentially adverse effects in smaller organisms. Ecotoxicological studies 

with MPs have been primarily conducted using marine organisms (77%), while 

freshwater organisms have been less researched (23%) (de Sá et al. 2018), and 

research involving terrestrial organisms is still in its beginnings (Chae & An 2018). MPs 

may cause physical effects such as internal and external abrasion or blockages of the 

digestive tract in small invertebrates and fish (Wright et al. 2013; Karami et al. 2016; 

Jovanović 2017). Research also shows that MPs ingested by freshwater organisms, 

either on purpose when they are confounded for prey, or accidentally due to non-

selective feeding strategies (i.e., water filtration or deposit feeding) (de Sá et al. 2015; 

Windsor et al. 2019b), may reduce their feeding efficiency and lower the energy uptake, 

which often results in reduced growth, reproduction and survival (Foley et al. 2018). In 

addition, MPs may affect the growth, chlorophyll content, photosynthesis activity and 

reactive oxygen species of microalgae at high, currently not realistic, concentrations 

(Prata et al. 2019).  

Although several cases evidence deleterious impacts of macroplastics on 

aquatic and terrestrial organisms under laboratory conditions, the capacity of MPs or 

even nanoplastics to pose a real threat for ecosystems and human health is disputable. 

This is because the majority of studies showing some impacts of MPs on terrestrial or 

freshwater organisms have been performed with very high exposure concentrations, 

while risk at environmentally relevant concentrations has yet to be disclosed (Lenz et 

al. 2016).  

Despite physical effects, the release of additives such as phthalates, chlorinated 

paraffins and bisphenols present in some macroplastics and MPs (Stenmarck et al. 

2017) have been reported to induce endocrine-disrupting effects (Rochman et al. 

2014). Furthermore, hydrophobic pollutants (e.g., some pesticides, PCBs, PAHs) can 

be adsorbed to plastics and may be released into the body of the organisms after 

ingestion, leading to the so-called "Trojan Horse" effect (Teuten et al. 2009; Koelmans 

et al. 2016; Crawford & Quinn 2017; Bouhroum et al. 2019). In contrast, it has been 

suggested that ingested clean MPs may reduce the concentration of bioaccumulated 
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chemicals in the body of contaminated organisms (Lohmann 2017). Furthermore, MPs 

could not only act as carriers for chemicals but can also transport bacteria or pathogens 

(Keswani et al. 2016; Kirstein et al. 2016) across different environmental compartments 

and regions. In order to provide some responses to the concern produced by the 

perception of the potential risks for human health and the environment of MPs and of 

chemicals associated to them, Koelmans et al. (2017a) proposed adverse outcome 

pathways for assessing and comparing the risk of macroplastics, MPs and 

nanoplastics and highlighted the uncertainties that still exist in both, exposure and 

effect assessment.  

The continuous emission patterns and the breakdown of plastic litter into smaller 

pieces in the environment may contribute to future concentrations that are orders of 

magnitude higher than the ones currently monitored (Everaert et al. 2018), thus 

contributing to a yet uncertain risk scenario. Policies dedicated to control emissions 

and manage risks of macroplastics, MPs and nanoplastics in the environment require 

a proper understanding of the main emission routes, the current exposure levels and 

the fluxes among environmental compartments. The available literature describing the 

exposure and impacts of plastics in the environment, providing a comparative 

assessment of the global occurrence, transport and fate, has so far mainly focused on 

the marine environment (see for example; GESAMP 2015; Auta et al. 2017). Although 

the freshwater environment is considered in some recent reviews (see, for example: 

(Eerkes-Medrano et al. 2015; SAPEA 2019), most studies consider specific emission 

routes and local monitoring campaigns.  

Therefore, this study aimed to assess the state of the knowledge regarding the 

overall sources of plastic and its occurrence, fate, fluxes and loads into and within 

different environmental compartments of terrestrial and freshwater ecosystems. This 

study identifies data gaps that need to be addressed in order to understand the life 

cycle of the different plastic types in the environment, particularly in the soil-water 

interface, and provides relevant information to support research into the accumulation 

and ecotoxicological characterization of plastics to living organisms. Ultimately, this 

study provides guidance information to derive effective management measures aimed 

at reducing plastic discharges into the environment and attaining a more sustainable 

use and consumption of plastics in the nearby future.  
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2.2. Environmental sources of plastics 

Nowadays, Asia is producing 50% of the world’s plastic, followed by Europe and 

North America, producing 19% and 18%, respectively (PlasticsEurope 2018). The 

majority of plastics can be classified into the two main categories: thermoplastics 

(pellets that are re-melted to manufacture the final product), and thermoset plastics 

(thermally produced into the commercial shape). Thermoplastics constitute 80% of the 

total plastic and are the main source of primary MPs. Thermoplastics are mainly formed 

by polyethylene, polypropylene or polyvinylchloride, while thermoset plastics are 

formed, among others, by polyester, polyurethane, silicone and polyamide.  

Sources of plastics can be classified in terms of the life expectancy of the 

produced plastics before disposal. Here we classify plastic sources into those with a 

short-term (single-use or very limited number of times with a useful lifespan up to 

1 year), mid-term (up to 10 years), or long-term (more than 10 years) use expectancy.  

Plastics with short-term use expectancy 

Single-use items are mainly formed by packaging material, which is the biggest 

plastic sector worldwide (almost 36% in 2015; Figure 2.1) and accounts for almost 50% 

of the generated plastic waste (Geyer et al. 2017). The vast majority of packaging 

plastics are polyethylene, polypropylene and polyethylene terephthalate (PET) (Geyer 

et al. 2017). Except for refillable PET bottles used in some countries, packaging is 

single-use with a life span of less than six months. Most foods are wrapped in plastic 

and single-use plastic bags have been widely used all over the world due to their 

convenience, availability and low price. Plastic bags are known to cause severe 

environmental problems, especially in countries without proper waste management 

(Adane & Muleta 2011). Thus, many countries have put bans or levies in force to 

reduce their use or to encourage voluntary reductions (Xanthos & Walker 2017). Many 

African countries, for instance, have banned single-use plastic bags, while the EU 

Directive 2015/720 encourages member states to reduce the number of ‘’lightweight’’ 

carrier bags by 2025. Those bans and restrictions have already reduced the plastic 

bag use drastically in some countries (e.g., Ireland, England, Italy). Moreover, other 

single-use items like cutlery, plates, cups, and straws are planned to be banned in 

Europe by 2021 (EC 2019).  
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Figure 2.1. Production and pathways of plastics into the different environmental compartments. 

Thickness of the different arrows is related to the quantitative relevance of the different mass flows. The 

relevance of the different plastic sources mass flows is based on Geyer et al. (2017), while the relevance 

of the technical compartments environmental flows is based on the reviewed literature or assumptions. 

Dashed lines indicate yet completely unexplored pathways with unknown relevance. 

Another important sector using single-use plastic is agriculture. Plastic films are 

used for plastic mulching, for the construction of greenhouses and tunnels, or to wrap 

silage to store animal fodder. The global plastic consumption in agricultural production 

is estimated to be about 2.5 million tons per year (Hussain & Hamid 2003). A variety 

of different plastic types are used in agriculture, including polyethylene, polypropylene, 

Ethylene-Vinyl Acetate Copolymer, polyvinyl chloride and poly-methyl-methacrylate 

(Scarascia-Mugnozza et al. 2012).  

MPs added to consumer products (e.g., as a component of personal care, 

cosmetic and cleaning products) are specially manufactured to be used once and then 

washed down the drain. They are often referred to as microbeads, even though they 
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are mostly irregular in shape in order to obtain an abrasive effect (Fendall & Sewell 

2009; Napper et al. 2015; Kalčíková et al. 2017). The majority of microbeads in facial 

and body scrubs are made of polyethylene, with average concentrations of 

4.82 g/100 mL body scrub and 0.74g/100 mL facial scrub (Gouin et al. 2015; Kalčíková 

et al. 2017). Other plastic polymers used in cosmetic products include polylactic acid, 

PET, polyethylene isoterephthalate, nylon-12, nylon-6, poly-methyl-methacrylate, 

polytetrafluoroethylene, and polyurethane (Leslie 2014; Rochman et al. 2015). 

Additionally, microbeads are used in industry as abrasives/scrubbers and sand-

blasting media as well as in anti-slip, anti-blocking applications and for medical 

applications. It has been calculated that more than 4000 tons of polyethylene 

microbeads were used in cosmetic products all over the EU (including Norway and 

Switzerland) in 2012 (Gouin et al. 2015), and the US is emitting 263 tons of 

polyethylene microbeads per year (2.4 mg per person per day) (Gouin et al. 2011). A 

ban of MPs intentionally added to products (i.e., microbeads) has been proposed in 

the EU (EC 2019), while the US Microbead free waters act of 2015 (US Congress 

2015) prohibits the manufacturing, packaging, and distribution of rinse-off cosmetics 

containing plastic microbeads already. This only applies to rinse-off products, while 

MPs are still permitted as a component in ‘leave on’ products (e.g., lotions, sunscreens, 

make-up and deodorants).  

Plastics with mid-term use expectancy 

Plastics with a mid-term lifespan are mainly found in the sectors of electronics, 

household, tires and textiles. The production of electrical and electronic products 

counts to the fastest growing manufacturing and waste generation sectors (Geyer et 

al. 2017; Kumar et al. 2017) and as many textiles are made, entirely or to a certain 

extent, of synthetic plastic fibers (e.g. polyamide, polyester, acrylic) also production 

rates of synthetic plastic fibers have increased over the last decade. Nowadays, two-

thirds of the total fiber production is synthetic plastic fibers and worldwide 59 tons of 

plastic textiles were produced in 2015 (Geyer et al. 2017; Gasperi et al. 2018).  

Synthetic polymers with rubber-like characteristics are the principal component 

of vehicle tires. They are composed of a mixture of natural and synthetic rubbers 

(styrene-butadiene rubber). While driving, tire and road wear particles are formed 

which contain styrene-butadiene rubber in a mix with natural rubber, pavement parts 
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and many other additives (Unice et al. 2013; Sundt et al. 2014). While tires contain 

almost 50% of polymers, tire wear particles, which are a mix of pavement part and 

polymers contain only 16 - 23% of polymers (Kreider et al. 2010).  

Plastics with long-term use expectancy 

Plastics designed for long-term use belong to the following categories: parts of 

transportation (i.e., vehicle, plane and train parts), building and construction, industrial 

machinery, consumer and institutional products. While plastics for the building and 

construction sector account for the second highest plastic consumption, only a small 

portion enters the waste stream directly (Figure 2.1; Geyer et al. 2017). As these 

categories do not belong to the items that are usually littered, they are not expected to 

contribute significantly to the plastic load in the environment. However, their 

breakdown rate into MPs and nanoplastics (due to exposure to light and weathering), 

also during their useful lifetime, is not clear.  

2.3. Pathways of plastic to the environment  

Hereafter plastic waste will refer to all plastic material that is discarded, while 

litter will include only those items that are not properly discarded. Packaging material 

is accounting for almost 50% of the generated plastic waste, followed by textiles 

(almost 14%) (Geyer et al. 2017). Most plastic waste is generated in Asia, while 

America, Japan and the European Union are the world’s largest producers of plastic 

packaging waste per capita.  

2.3.1. Collected solid waste  

Collected plastic waste is either landfilled, incinerated or recycled. In Europe, 

27.3% are landfilled, 31.1% is recycled, and 41.6% is incinerated for energy recovery 

(PlasticsEurope 2018). The percentage of collected plastic waste varies strongly 

between different countries, depending on the applied waste management plans and 

policies. While worldwide, the plastic recycling rate is still low, it has increased by 

almost 79% within the last ten years in the EU, including Norway and Switzerland 

(PlasticsEurope 2018).  

Large scale industrial plastic production began in the 50s, but plastic recycling 

was not established until the 80s. It is estimated that only 9% of the total produced 
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plastic waste up to 2015 has been recycled (Geyer et al. 2017). From this again only 

a small portion is submitted to primary recycling in which the recycled plastic is used 

to replace all or a least a proportion of the virgin polymer resins (Hopewell et al. 2009). 

While high-income countries have sorting and processing facilities, in low-income 

countries, plastic recycling is not well established. Moreover, certain types of plastic 

are difficult to recycle. For example, thermoset plastics, including textiles, are usually 

not recycled.  

Plastic that is not recycled but still collected is landfilled or incinerated. In eight 

EU countries, Norway and Switzerland, a landfill ban for plastic is in force, leading to a 

very small percentage of plastic being used for landfill applications (PlasticsEurope 

2018). On average, 27.3% of the generated plastic waste is landfilled in Europe. In 

contrast, in low-income countries, waste is mainly stored in open, poorly managed 

dumps, from where plastic can be transported by wind force. In middle-income 

countries, some controlled landfills are in place, but open dumping is still common 

practice. The advantages of combustion of plastic waste are that it can be used for 

energy recovery, and the incinerated plastic cannot enter the environment anymore. 

At the same time, incineration results in the generation of air pollutants (Verma et al. 

2016). 

2.3.2. Wastewater  

Both MPs, as well as macroplastics, enter wastewater either directly if products 

containing plastic are flushed down the drain (e.g., fibers detached during laundry of 

textiles, microbeads in consumer products, cotton buds or sanitary products), or in 

combined sewer systems from street dust and litter. Macroplastics escape wastewater 

treatment only on rare occasions and mainly enter the environment with untreated 

wastewater due to combined sewer overflows for example after heavy rainfall events 

or snowmelts (Williams & Simmons 1999), or if untreated wastewater enters the 

environment because wastewater treatment plants (WWTPs) are not in place. 

Although high-income countries treat on average 70% of the wastewater, yet globally 

only 20% of the generated wastewater is treated (Sato et al. 2013). For MPs, the 

situation is different, due to their small size, they can escape the treatment and are 

also released with treated effluents (Ziajahromi et al. 2016). This pathway for MPs has 

been increasingly investigated. To date, 24 studies have measured MPs in wastewater 
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(Table S1), from which three have not exclusively assessed MPs but included other 

litter items in the micro range (microlitter; HELCOM 2014; Michielssen et al. 2016; 

Talvitie et al. 2017b). Such studies were mainly carried out in northern and western 

Europe (14 studies), followed by North America (5 studies).  

The number of MPs in raw wastewater varies greatly between WWTPs, from a 

few MPs L-1 to exceptional maximum values of more than 10,000 MPs L-1 (Figure 2.2). 

The data shown in Figure 2.2 are described in more detail in Table S1 where the 

removal rate, identification method, particle shape and polymer composition are 

reported. Especially high concentrations have been observed in raw wastewaters in 

Denmark (Vollertsen & Hansen 2017; Simon et al. 2018). The Danish studies assessed 

MPs in the smaller size range (i.e., between 10 or 20 and 500 µm), while other studies 

assessing MPs down to 20 µm found much lower MP concentrations (Talvitie et al. 

2015; Leslie et al. 2017). 

 WWTPs have, in general, a large retention potential for MPs, often higher than 

95% (Table S1). However, in treated wastewater the number of MPs varies greatly too, 

from less than 1 MP L-1 (Browne et al. 2011; Carr et al. 2016; Murphy et al. 2016; 

Ziajahromi et al. 2017b) to several hundred (Simon et al. 2018), and up to several 

thousand MPs L-1 (Vollertsen & Hansen 2017) (Figure 2.2). Larger MPs are usually 

better retained during the treatment, so the most frequently observed MPs in treated 

wastewater are smaller than 300 µm (Dris et al. 2015; Mintenig et al. 2017; Talvitie et 

al. 2017a; Gündoğdu et al. 2018; Lee & Kim 2018; Wolff et al. 2018; Liu et al. 2019b; 

Magni et al. 2019). For example, Magni et al. (2019) found that 94% of the MPs 

between 5–1 mm were retained by an Italian WWTP, while only 65% of the MPs 

between 0.1–0.01 mm were retained. Moreover, the number of MPs seems to be 

increasing with decreasing particle size. Wolff et al. (2018) reported the results of 

small-size MPs measured in treated wastewater and indicated that 44% of the 

measured MPs are between 10 and 30 µm, while 51% are between 30 and 100 µm. 

Furthermore, current research indicates that the amount of MPs retained by WWTPs 

is not only influenced by the size, but also by the particle shape. Usually, fibers are 

better retained in WWTPs as compared to microbeads or other irregular particles 

(Magnusson & Norén 2014; Talvitie et al. 2017b; Gündoğdu et al. 2018). Fibers and 

fragments are the most frequently occurring MP types in WWTP effluents (Table S1). 

Regarding polymer composition, polyethylene particles or polyester fibers are the most 
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common plastic types (Table S1). Although a huge amount of tire debris is suspected 

to enter WWTPs (Kole et al. 2017), they have not been frequently reported in treated 

effluents (Table S1). Only Lee and Kim (2018) have reported the presence of black 

particles possibly being tire fragments. 

 

Figure 2.2. Mean and/or minimum-maximum MP concentrations (MPs L-1) in influent and effluent of 

municipal WWTPs with different treatment types. NR= not reported. N America = North America. Notes: 
aAll anthropogenic litter in the micro range and not only MPs considered. bRange of mean concentrations 

between seven different WWTPs. cUpper size limit of 500 µm. dPilot scale anaerobic membrane 

bioreactor.  

References: [1] Gündoğdu et al. (2018) [2] Lee and Kim (2018) [3] Liu et al. (2019b) [4] Browne et al. 

(2011) [5] Ziajahromi et al. (2017b) [6] Dris et al. (2015) [7] HELCOM (2014) [8] Lares et al. (2018) [9] 

Leslie et al. (2017) [10] Magni et al. (2019) [11] Mintenig et al (2017) [12] Murphy et al. (2016) [13] Simon 

et al. (2018) [14] Talvitie et al. (2015) [15] Talvitie et al. (2017a) [16] Talvitie et al. (2017b) [17] Wolff et 

al. (2018) [18] Vollertsen and Hansen (2017) [19] Magnusson and Noren (2014) [20] Mason et al. (2016) 

[21] Dyachenko et al. (2017) [22] Carr et al. (2016) [23] Michielssen et al. (2016) [24] Gies et al. (2018). 

Concentrations of MPs in wastewaters show some seasonal and diurnal 

variations related to water consumption rates and human activity (Mintenig et al. 2017; 

Talvitie et al. 2017b; Lares et al. 2018). For instance, Talvitie et al. (2017b) reported 
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that night time concentrations were slightly lower (average concentrations 476.7 and 

0.8 microlitter L-1 in influent and effluent respectively) compared to day time 

concentrations (584 and 1.7 microlitter L-1 in influent and effluent, respectively). 

Therefore, MPs occurrence seems to be highly variable and depending on a variety of 

different environmental (weather, season) and behavioral variables but also 

methodological procedures (i.e., sampling method, including mesh sizes and sample 

volume), extraction method, and determination method. Despite the high retention of 

MPs by WWTPs, considering the large volumes treated daily, it is considered that more 

than one million particles can enter the aquatic environment via this pathway per 

WWTP (Ziajahromi et al. 2017b; Gündoğdu et al. 2018), which constitutes one of the 

main sources of MPs into the environment. 

2.3.3. Sludge and other agricultural amendments  

WWTPs retain the majority of MPs during pre- and primary treatment 

(mechanical treatment and sludge settling processes) and MPs are therefore 

concentrated in the grease or sludge phase (Murphy et al. 2016; Leslie et al. 2017; 

Talvitie et al. 2017b). While solids intercepted by grids and grease removal steps are 

disposed of in landfills, sludge is often reused as fertilizers in agriculture. The amount 

trapped in the sludge roughly constitutes 50 - 90% of the MPs present in raw 

wastewater (Table S2); (Magnusson & Norén 2014; Carr et al. 2016; Lee & Kim 2018). 

MP concentrations measured in sludge range between 650 MPs kg-1 dw to more than 

240,300 MPs kg-1 dw (Figure S1, Table S2). Murphy et al. (2016) found significantly 

bigger sized MPs in the sludge phase compared to MPs in treated wastewater, 

confirming the differential retention potential of WWTPs regarding MPs size. 

Furthermore, the sludge treatment process (thickening, digestion, drying, stabilization, 

dewatering) may affect the MP size (Mahon et al. 2017). Similar to wastewater, sludge 

samples usually show high numbers of fibers, followed by fragments (Table S2), and 

the main detected polymer is usually PES (particularly when there are many fibers 

present), followed by polyethylene and PP.  

Plastics can end up in compost used as agricultural amendment due to wrong 

recycling or separation of waste, e.g., if plastic food packaging is disposed of in the 

organic waste (Mercier et al. 2017; Weithmann et al. 2018). Weithmann et al. (2018) 
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reported that organic fertilizers may contain up to 895 MPs kg-1, and Fuller and Gautam 

(2016) found on average 23,000 mg MPs kg-1  in composted waste materials. 

2.4. Occurrence and fluxes of plastics in environmental compartments  

It is reasonable to hypothesize that in different countries, relevant differences in 

the emissions of plastic waste and the presence of macroplastics and MPs in 

environmental compartments exist. This may, in particular, originate from differences 

in waste management between high-income and low-income countries. In the following 

sections, some comparisons at the continental level are made. However, as the 

availability of information is not adequately balanced among countries and continents 

(for example, data from Africa and South America are very scarce), the comparison is 

only partial. 

2.4.1. Air  

Studies assessing the occurrence of airborne plastic particles have identified 

mainly fibers (Dris et al. 2015; Abbasi et al. 2019). Atmospheric fallout of fibers in the 

area of Paris (France) showed a high variability, with values ranging between 2 and 

355 fibers m-2 day-1; however, half of those were natural (50%; cotton or wool), and 

only 17% were purely synthetic (mainly PET) (Dris et al. 2016). Based on these 

samples, the same authors estimated that the fiber deposition rate in highly populated 

urban environments can roughly range between 1.2 and 4 kg km-2 year-1, and 

concluded that atmospheric fallout might constitute a relevant pathway of MPs. The 

limited data on atmospheric MPs deposition rates makes it is difficult to draw 

conclusions on the relevance of this pathway for the environmental distribution of MPs. 

In the study by Dris et al. (2016) suburban fallout was found to be only about 50% of 

that observed in urban areas (53 particles m-2 day-1 compared to 110 particles m-2 

day-
 

1), and thus it may be assumed that fiber fallout is even lower in natural and 

agricultural environments.  

In addition to fibers, MPs in street dust are also likely to become airborne 

(Dall’Osto et al. 2014; Gasperi et al. 2018). According to Kole et al. (2017), 12% of the 

generated tire dust (1040 tones year-1) in the Netherlands ends up in the air. The 

particles are generated by the interaction of tires with the road while driving and are 

generally found along roadside areas (Kreider et al. 2010). Wind and rainfall might 
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influence the atmospheric transport and fallout of MPs, while deposited fibers and 

street dust in urban environments may be transported via water runoff into sewer 

systems or directly to terrestrial or aquatic ecosystems. However, studies properly 

describing such processes are lacking.  

2.4.2. Soil  

It has been suggested that agricultural soils could constitute larger MP sinks 

than marine ecosystems (Hurley & Nizzetto 2018). However, research on the 

quantification of plastics in soils (for both macroplastics and MPs) is still very limited 

and mostly contracted to the last four years. We identified twelve studies reporting 

plastics in soil, from which three considered only a limited number of plastic types 

(Table S3). The available studies provide first indications of the scale of the pollution 

and suggest the ubiquitous presence of MPs in terrestrial ecosystems, also beyond 

agricultural areas. Most studies report plastic quantities in terms of particles, while 

some others provide concentrations based on mass measurements, which hampers to 

some extent direct comparisons among them. The highest MP concentration based on 

mass has been measured in soils from an industrial area in Australia, which was 

historically used to produce chlorinated plastic, containing 6700 mg MP Kg-1 dw (Fuller 

& Gautam 2016). The highest concentration based on the number of MP particles was 

provided by Vollertsen and Hansen (2017), who described Danish agricultural soils 

containing about 145,000 MPs kg-1, in the size range of 20 to 500 µm which was based 

on weight however only 12 mg kg-1. Also Chinese farmland soils were found to contain 

a high MP content, ranging between 70 and 18,760 MPs kg-1 dw (Figure S2; Liu et al. 

2018; Zhang & Liu 2018; Zhang et al. 2018). In contrast, farmlands in Germany showed 

a much lower MP occurrence (0.34 MPs kg-1 dw) (Piehl et al. 2018). This might be 

partly related to differences in the considered MP sizes during the study and due to 

differences in agricultural practices. While Piehl et al. (2018) assessed MPs of a size 

between 1 and 5 mm, the study by Vollertsen and Hansen (2017) considered MPs 

between 20 µm and 500 µm. However, the different ranges in concentrations may also 

be attributed to the presence of different input sources. 

The application of sewage sludge as agricultural fertilizer (biosolids) is 

considered to be a major source of MPs to soils. Nizzetto et al. (2016c) estimated that 

between 63,000-430,000 and 44,000-300,000 tons of MPs could be yearly added to 
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agricultural land in Europe and North America, respectively. Corradini et al. (2019) 

found that an increasing number of sludge applications were positively correlated to 

increasing MP concentrations in soils. Zubris and Richards (2005), report up to 

1210 fibers kg-1 in soils five years after sewage sludge application and detected fibers 

still 15 years after application, which is another indication for MP accumulation in soil 

due to sludge application. On the other hand, almost twice the concentration of MPs 

was found in Danish fields not treated with sludge compared to treated fields 

(Vollertsen & Hansen 2017). Additional studies investigating the presence of MPs in 

soil after application of wastewater sludge are fundamental to estimate the importance 

of this pathway better.  

Irrigation with reclaimed wastewater and the usage of plastic material in 

agriculture constitute additional sources of plastics in soil ecosystems. Based on 

studies from China, the latter one seems to be one of the most important plastic 

sources for elevated MPs concentrations in soil in addition to sewage sludge 

application (Zhang & Liu 2018; Zhang et al. 2018). In contrast to those concentration 

hot spots, agricultural areas in Germany without plastic mulching or use of sewage 

sludge as fertilizer the MP concentration seems much lower (i.e., on average 0.34 MPs 

kg-1 dw soil) (Piehl et al. 2018). As the frequency of the observed macroplastic polymer 

types was reflected by the types of MPs, MP particles in this study most likely come 

from the degradation of (littered) macroplastic (Piehl et al. 2018). The breakdown of 

macroplastic into MPs in terrestrial ecosystems may be dependent on their 

whereabouts in the soil and on soil cultivation. Williams and Simmons (1996) assessed 

low-density polyethylene degradation over a period of four months in different 

environments (river beach, in trees at the river bench and buried by soil). They found 

that macroplastics on the soil surface degrade faster as compared to buried plastics 

and assumed light to be the main influencing driver (although rainfall and other 

weathering processes may have affected degradation). 

Littering, drift from landfills or spills from industry can also become important 

sources of plastics into soils. As described above, deposition of MPs from the air can 

additionally add MPs to soils. This seems, however, more relevant close to urban areas 

and streets with heavy traffic. Finally, during flood events, plastics from the aquatic 

environment can be deposited on the shores of rivers (Scheurer & Bigalke 2018). 

Therefore, based on the data that is available up to now, the primary inputs of MPs 
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into soil seem to come from agricultural practices (sewage sludge, plastic mulching) 

and the fragmentation of plastic litter. 

The most common polymer types reported in soils are polyethylene and 

polypropylene (Table S3). Macroplastics reported in terrestrial systems are 

polyethylene films and bottles (Ramos et al. 2015; Huerta Lwanga et al. 2017b; Piehl 

et al. 2018). In a more remote place (desert in southern Arizona) plastic that is more 

mobile due to transportation by wind like plastic bags and balloons have been reported 

(Zylstra 2013). 

The fate of MPs within the soil is not completely clear yet. MPs in soils may be 

transported along with water runoff and soil erosion into adjacent streams and rivers. 

So far, there is no knowledge of the importance of this pathway as it has not been 

experimentally proven. Translocation into deeper soil layers can occur through soil 

cultivation (Hurley & Nizzetto 2018) or transport by soil organisms. Earthworms and 

collembolans have been shown to ingest and transport MPs from the soil surface into 

deeper soil layers (Huerta Lwanga et al. 2017a; Maaß et al. 2017; Rillig et al. 2017b). 

Also other animals, e.g., birds or domestic animals, which have been shown to take up 

MPs (Zhao et al. 2016; Huerta Lwanga et al. 2017b), can transport MPs over longer 

distances. To date, it is yet unclear whether low sized MPs can be transported through 

soil pores into groundwater, but low concentrations of MPs (0 to 7 MPs m-3) have been 

reported in raw drinking waters from groundwater wells (Mintenig et al. 2019). Uptake 

of plastics by plants is another potential source of mobilization of plastics from soil 

ecosystems, particularly for nanoplastics, however no studies have investigated this 

using whole plants (Ng et al. 2018). The only study available in this respect is the one 

provided by Bandmann et al. (2012), who demonstrated uptake of 20 and 40 nm 

polystyrene beads by tobacco BY-2 cells in cell culture via endocytosis, while 100 nm 

beads were excluded.  

2.4.3. Freshwaters  

Plastic pollution along rivers has been already observed and assessed in the 

1990s (Williams & Simmons 1996, 1999). Nevertheless, few studies have reported 

plastic pollution in freshwaters until the whole environmental movement was initiated 

a few years ago. Some studies assessing litter in rivers have not exclusively focused 

on plastic, but also included other litter items like glass, paper and wood. Those studies 
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show that about 80% of the litter items are plastics, but do not provide concentrations 

or mass estimates (Crosti et al. 2018; González-Fernández et al. 2018; Castro-

Jiménez et al. 2019). 

Studies focusing on providing concentrations of macroplastics in the 

environment are very limited (Tab S4). Macroplastics concentrations have been 

reported for example for the Los Angeles River, in California (819 macroplastics m-3) 

(Moore et al. 2011), the Yangtze River in China (8.74 x 103 macroplastics km-2) (Xiong 

et al. 2019), and in Lakes (1800 macroplastics km-2) and Rivers 

(0.012 macroplastics m-3) in Switzerland (Faure et al. 2015). It has been estimated that 

in the Seine River in France, 28,000 kg of floating plastic are trapped annually by 

floating debris retention booms (Gasperi et al. 2014) and floating macroplastics in the 

Saigon River in Vietnam were estimated to range between 7500 - 13,700 tons year-1 

(van Emmerik et al. 2018). As only buoyant plastics were considered in those studies, 

the total loads may be underestimated as plastic is also transported by sub-surface 

transport (Morritt et al. 2014). The most common macroplastics reported in freshwater 

environments are plastic bottles, food packaging items, plastic bags and sewage-

related plastic, like handles from buds of cotton wool and sanitary towels (Table S4). 

Regarding polymer composition, polypropylene and polyethylene are the plastic types 

that were omnipresent, and to a lesser extent, polystyrene and PET have been 

reported (Table S4).  

MPs in water have been assessed using different sampling methods and are 

reported in different units (i.e., particles per water volume or particles per area) (Figure 

2.3). To be able to compare the results of the different studies, we choose 38 studies 

which either reported the number of MPs per water volume or gave sufficient 

information to transform the reported unit. Like in other environmental compartments, 

the concentrations varied greatly among studies (Figure 2.4). As for Figure 2.2, the 

data shown in Figure 2.4 are described in more detail in Table S5 where, besides the 

identification method, the particle shape, the polymer composition, and the sampling 

methods are reported. Moreover, two additional studies are listed in Table S5, which 

are not included in the figure because they reported the MP concentration in weight 

per water volume instead of number per water volume, which hampers a direct 

comparison. Most studies in Europe found average concentrations of less than 1 to 

less than 100 MPs m-3, while the highest average concentration of 100,000 MPs m-3 
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(with a maximum concentration of 187,000 MPs m-3) was measured in the Amsterdam 

Canals (Leslie et al. 2017). Furthermore, Liu et al. (2019a) reported up to 

22,849 MPs m-3 (average: 1,409 MPs m-3) in stormwater ponds receiving urban runoff 

in Denmark. The highest peak concentration from all studies was found in the Snake 

River in North America and was as high as 5,405,000 MPs m-3 (average: 91 MPs m-2) 

(Kapp & Yeatman 2018). The second highest peak concentration was reported by 

Lahens et al. (2018), and corresponds to 519,223 MPs m-3 (minimum 17,210 MPs m- 3) 

monitored in the Saigon River (Vietnam). Overall, reported concentrations of MPs 

appear to be higher in Asia, as compared to Europe and North America (Figure 2.4). 

However, most of the studies carried out in Asia were performed in China and focused 

on assessing lower size classes than those studied in Europe. The only two studies 

conducted in Europe that considered a very small size (MPs below 20 µm) were the 

ones by Leslie et al. (2017) and Liu et al. (2019a), who observed by far the highest 

concentrations. Current research shows that smaller particles (< 0.5 mm) are usually 

the most frequent ones (e.g., Leslie et al. 2017; Yan et al. 2019). Therefore, the higher 

concentrations found in Asia may be not exclusively related to higher pollution but also 

to the sampling methods used. The results of this overview are comparable with those 

reported by Li et al. (2018) on the occurrence of MPs in freshwater.  

Studies assessing the concentration of MPs using different net sizes at the 

same sampling sites found substantial differences in the number of particles 

intercepted by plankton nets vs trawling nets (Dris et al. 2015; Xiong et al. 2019). Kapp 

and Yeatman (2018) used different sampling methods to assess the occurrence of 

particles larger than 100 µm and found that on average there were higher 

concentrations in grab samples (glass containers were filled with water from the 

surface) as compared to net samples (Table S5). Also, other differences in study 

design, such as sample volume, sample depth, or sample location in the river could 

influence the measured MP concentration. For example, Vermaire et al. (2017) found 

higher concentrations in grab samples close to the river shore, which were 

subsequently filtered through a 100 µm net compared to open water samples taken 

using a 100 µm manta trawl.  
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Figure 2.3. Overview of the most common sampling methods used for freshwater MPs sampling. N is 

the number of studies that applied the respective sampling method. This does not correspond to the 

number of studies listed in table S5 because some studies used more than one sampling method. In the 

last row of boxes, the minimum mesh size (µm) used in the different studies is reported (in brackets the 

number of studies). 

Although MPs have been found in remote locations and rural areas, there is 

evidence that MP concentration increases with proximity to cities (Wang et al. 2017b; 

Di & Wang 2018; Tibbetts et al. 2018). A modelling study identified the Yangtze River 

catchment as the catchment transporting the highest plastic loads into the ocean 

(Schmidt et al. 2017). The four case studies looking at MP concentrations in the 

Yangtze river found highly variable concentrations but were also amongst the highest 

observed (Zhang et al. 2015; Wang et al. 2017b; Di & Wang 2018; Xiong et al. 2019). 

However, concentrations in the same order of magnitude were also monitored in other 

rivers in China such as the Pearl River, which was also ranked under the top ten 

catchments transporting plastic into the ocean (Schmidt et al. 2017).  

Not only spatial hot spots but temporal hot spots based on weather condition 

may exist in freshwater ecosystems. Storms and rainfall can increase plastic 

concentration in waters from both lateral (land-based) and sewage effluent discharge 

points (Fischer et al. 2016), and MPs that had been deposited on river beds can re-

enter the water phase after flood events (Hurley et al. 2018a).  
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Figure 2.4. Mean and/or minimum-maximum MP concentrations (MPs m-3) in freshwater samples. 

downs = downstream. ups= upstream. Notes: * Concentration in MPs m-3 was estimated by dividing the 

reported concentration in particles per area by the height of the net used for sampling. aMinimum 

concentration no specified. bOnly fibers assessed. cOnly fragments assessed. dMean across all sample 

sites with minimum and maximum mean concentrations across sample sites. 

References: [1] Free et al. (2014) [2] Di and Wang (2018) [3] Hu et al. (2018) Lin et al. (2018) [5] Luo et 
al. (2018) [6] Su et al. (2016) [7] Tan et al. (2019) [8] Wang et al.(2017b) [9] Wang et al. (2018) [10] 
Xiong et al. (2019) [11] Yan et al. (2019) [12] Yuan et al. (2019) [13] Zhang et al. (2015) [14] Zhang et 
al. (2019) [15] Kataoka et al. (2019) [16] Lahens et al. (2018) [17] Dris et al. (2015) [18] Faure et al. 
(2015) [19] Faure et al. (2012) [20] Fischer et al. (2016) [21] Sighicelli et al. (2018) [22] Lechner et 
al.(2014) [23] Leslie et al. (2017) [24] Liu et al. (2019a) [25] Mani et al. (2016) [26] Rodrigues et al. 
(2018) [27] Barrows et al. (2018) [28] Baldwin et al. (2016) [29] Estahbanati and Fahrenfeld (2016) [30] 
Eriksen et al. (2013) [31] Kapp and Yeatman (2018) [32] McCormick et al. (2016) [33] McCormick et al. 
(2014) [34] Miller et al. (2017) [35] Moore et al. (2011) [36] Hendrickson et al. (2018) [37] Anderson et 
al. (2017) [38] Vermaire et al. (2017). 
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Fragments and fibers formed by polyethylene and polypropylene are the most 

frequently observed particles across all studies evaluating MP pollution in freshwater 

ecosystems; whereas pellets or beads are only rarely reported as the main occurring 

plastic types (Table S5). The latter are mainly found in studies along the rivers Rhine 

and Danube, in the proximity to plastic processing plants and are thus assumed to be 

pre-production pellets (Lechner et al. 2014; Lechner & Ramler 2015; Mani et al. 2016). 

The prevalence of secondary MPs (fragments and fibers) suggests wastewater and 

runoff as sources for plastic pollution in freshwater ecosystems (Table S5). Several 

studies confirmed that by demonstrating that MP concentrations are higher 

downstream of WWTP as compared to sampling sites in upstream areas (McCormick 

et al. 2014; Estahbanati & Fahrenfeld 2016; Vermaire et al. 2017; Kay et al. 2018). For 

example, in the Ottawa River (Canada), 0.71 particles m-3 were found upstream of a 

WWTPs compared to 1.99 MPs m-3 downstream. In the Raritan River and the North 

Shore Channel (USA) 24 MPs m-3 and 1.94 MPs m-3 were found upstream the WWTP, 

and 71.7 particles m-3 and 17.93 MPs m-3 were detected downstream, respectively 

(McCormick et al. 2014; Estahbanati & Fahrenfeld 2016; Vermaire et al. 2017). As 

mentioned above, the majority of MPs in wastewater is smaller than 300 µm. Thus, it 

may be presumed that larger MPs enter via different pathway like surface runoff or 

stem from the breakdown of macroplastics directly in the aquatic environment. 

However, with untreated wastewater, for instance, during sewage overflows, large MPs 

and macroplastics can enter river ecosystems. For example, Morritt et al. (2014) 

identified pollution hotspots in the vicinity of WWTPs that were mainly constituted of 

sanitary products. MPs hotspots were also detected in areas with low population 

density but high agricultural use, also pointing to agricultural runoff as an important 

source (Kapp & Yeatman 2018). Finally, poor waste management likely increases 

plastic input into aquatic ecosystems (Lahens et al. 2018), where they can break down 

into smaller particles. Xiong et al. (2019), for example, found that the abundance of MP 

is positively related to the presence of macroplastics.  

2.4.4. Sediments  

Similar to macroplastics in surface waters also macroplastics in sediments are 

only rarely assessed and the way macroplastic occurrence is reported is highly variable 

and difficult to compare (Table S6). Macroplastics along river banks have been 

observed while assessing buoyant litter in general (Williams & Simmons 1999; Rech 



Microplastics in Freshwater and Terrestrial Ecosystems 
  

 32 

et al. 2014), and river beach sediments in Switzerland contained on average 90 

macroplastics m-2 (Faure et al. 2015). Across different lakeshores, macroplastics 

concentrations have been shown to vary notably (Imhof et al. 2013; Fischer et al. 

2016). While high macroplastic concentrations have been observed at the south shore 

of Lake Garda (Italy; with an average concentration of 483 macroplastics m-2), the 

occurrence at the north shore was significantly lower (i.e., 0 - 8.3 macroplastics m-2) 

(Imhof et al. 2013). Food packaging is among the most frequently observed 

macroplastics but also bottles, bags and ropes are described by several studies. 

Regarding the polymer composition, polyethylene and polypropylene, as well as 

Styrofoam, are reported (Tab S6).  

As for macroplastics and the other compartments, the concentration of MPs in 

freshwater sediments has not been reported in consistent units across all studies. 

Therefore, we focused on studies that have reported the concentration in MPs kg-1 

sediment. However, studies reporting MPs per sediment area, which gave sufficient 

information to estimate the concentration in MPs kg-1, were also included. Therefore, 

from the 34 studies that were found during the literature search (Table S7), 30 were 

chosen for comparisons (Figure 2.5). The data shown in Figure 2.5 are described in 

more detail in Table S7 where the type of analysis, particle shapes and polymer 

composition are reported. The highest sediment concentration of 2071 MPs kg-1 dw 

has been found in the urban canals of Amsterdam, where also the highest water 

concentrations were observed (Leslie et al. 2017). This value is the average of six 

urban canals with high variability in MP concentration, particularly fibers, where the 

presence of a hotspot is evident. MP concentrations in riverbed sediments seem, in 

general, higher than in river beach and shore sediments (Figure 2.5; Table S7). Most 

studies on MPs in riverbed sediments report concentrations between 100 MPs kg-1 and 

a few thousand MPs kg-1. Studies from Asia were exclusively carried out in China and 

reported similar concentration ranges as those described in Europe. Interestingly, the 

study on the Yangtze River (China), which has been estimated to be the highest 

contributor of plastic to the sea (Schmidt et al. 2017) and is amongst the highest MP 

concentrations reported in water (Figure 2.4, Table S5), had a comparably low 

sediment concentration 7-66 MP kg-1. The only study carried out in Africa (in a semi-

arid South African basin) assessing the concentration of MPs in river sediment reports 

notable differences between concentrations in summer (1 - 14.6 MP kg-1 dw) and 

winter (13.3 - 563.8 MP kg-1 dw), which were related to a reduced flow condition in 
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winter in the studied region (Nel et al. 2018). Subsequently, the hydrological variation 

shown by many rivers seems to be one of the main factors contributing to MP 

deposition and re-mobilization from riverbeds. This was also demonstrated by Hurley 

et al. (2018a), who report that about 70% of the MPs in the sediments of the upper 

Mersey and Irwell catchments (UK) were exported after a flooding event. Several 

studies show that, after transportation with the river flows, MPs tend to (re-)deposit in 

low energy environments, such as meanders, deltas, dams, harbors and coastal 

lagoons (Claessens et al. 2011; Vianello et al. 2013; Shruti et al. 2019). The deposition 

of low-density polymers in sediment environments is also related to a density increase 

by biofouling (e.g., Ye & Andrady 1991; Andrady 2011; Zettler et al. 2013; McCormick 

et al. 2014).  

For lakes, mainly beach and shore sediment concentrations have been 

reported. In Europe, average concentrations for beach and shore sediments ranged 

between 0.94 and 44 MPs kg-1, while beach and shore sediments from Lake Ontario 

(Canada) contained much higher concentrations (20 - 27,830 MPs kg-1; Figure 2.5, 

Table S7). Several studies have noted that plastic concentrations differ strongly 

between different areas of the same lake (Zbyszewski & Corcoran 2011; Imhof et al. 

2013; Zbyszewski et al. 2014; Zhang et al. 2016), suggesting that accumulation is 

patchy and the formation of contamination hotspots is influenced by winds, waves 

and/or beach morphology (Imhof et al. 2016, 2018). Similar observations were made 

at Lake Huron (Canada), in which 94% of all monitored pellets were found to 

accumulate in one single beach (Zbyszewski & Corcoran 2011). In the Taihu Lake 

(China), MPs concentrations ranged from 11 to 235 MP kg-1 in different bed areas, and 

the average MPs abundance in sediments in the northwest area was approximately 

six times higher than the abundance of the southeast area (Su et al. 2016). Fibers 

followed by fragments were usually the most common particle types monitored (Table 

S7). Spheres, beads or pellets were, in rare occasions, reported to be dominant, and 

mostly in the vicinity to plastic industries (Zbyszewski & Corcoran 2011; Zbyszewski et 

al. 2014; Hurley et al. 2018a; Peng et al. 2018). Based on polymer type, 

polyethyleneand polypropylene were the most common, despite their buoyant 

properties, as well as polystyrene (Table S7).  
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Figure 2.5. MP concentrations in different types of sediment samples (MPs kg-1). Notes: The sediment 

type for river sediment was categorized as bed sediment if the type was not clearly stated. 

*Concentration in MPs kg-1 was estimated by using the sample depth and assuming a density of 

1.6 g cm-3 for the sediment. cRange of mean concentrations across different sampling sites. b maximum 

value is shown; cno lower value reported. Af=Africa. N America = North America. S = South America. 

References: [1] Nel et al. (2018) [2] Di and Wang (2018) [3] Hu et al. (2018) [4] Lin et al. (2018) [5] Peng 

et al. (2018) [6] Su et al. (2016) [7] Wang et al.(2017a) [8] Wen et al. (2018b) [9] Xiong et al. (2019) [10] 

Yuan et al. (2019) [11] Zhang et al.(2016) [12] Zhang et al. (2019) [13] Faure et al. (2015) [14] Horton 

et al. (2017a) [15] Hurley et al. (2018a) [16] Tibbetts et al. (2018) [17] Vaughan et al. (2017) [18] Klein 

et al. (2015) [19] Leslie et al. (2017) [20] Imhof et al. (2013) [21] Imhof et al. (2016) [22] Imhof et al. 

(2018) [23] Fischer et al. (2016) [24] Guerranti et al. (2017) [25] Rodrigues et al. (2018) [26] Ballent et 

al. (2016) [27] Castañeda et al. (2014) [28] Vermaire et al. (2017) [29] Shruti et al. (2019) [30] Blettler et 

al. (2017).  
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2.4.5. Marine  

Rivers are estimated to be the main pathways for plastics entering the oceans. 

Estimations on the amount of plastic waste entering the ocean through this pathway 

range between 0.41 and 4 x 106 tons year-1 (Lebreton et al. 2017; Schmidt et al. 2017). 

From the top ten river catchment that transport 88 - 95% of the global plastic load into 

the oceans, eight are located in Asia (Schmidt et al. 2017). Oceans have been 

assumed to be the final sink for macroplastics and MPs. As this review is focused on 

terrestrial and freshwater ecosystems, this compartment will not be discussed in detail. 

A number of articles and reviews have been published on the topic within the last few 

years which describe plastic occurrence in the oceans and its effects on marine life 

(see, e.g. Barboza & Gimenez 2015; Jambeck et al. 2015; Auta et al. 2017).  

2.5. Discussion  

We fully agree with the statement provided by the SAPEA (2019) report: "The 

number of papers is growing exponentially in this field, but knowledge is not growing 

at the same rate — there is some redundancy and marginality in the papers". 

Furthermore, many papers on plastic pollution do not assess and describe important 

plastic sources and flows. This review paper made an attempt to describe the available 

information regarding global environmental loads and the plastic life cycle, and to show 

which further research studies are needed to fully understand specific plastic sources 

and pathways. This section describes the areas that need further research 

commitment and development to improve exposure assessments and to evaluate the 

long-term risks of plastics to terrestrial and freshwater ecosystems. 

2.5.1. The need for advancing and standardizing sampling and analysis 
techniques 

As indicated in several parts of this review, the sampling methods reported in 

the literature are extremely variable and, in many cases, difficult to compare. In marine 

monitoring studies, the most commonly used method for sampling is the so-called 

manta trawl, a device similar to a large plankton net with a mesh size usually larger 

than 300 µm (GESAMP 2015). Using a manta trawl allows to sample a thin layer of 

surface water and, therefore, the results are generally reported as MPs (number or 

weight) per surface area (m2 or km2). The same device is frequently used also in 



Microplastics in Freshwater and Terrestrial Ecosystems 
  

 36 

freshwater, together with other sampling methods (Figure 2.3), that produce results 

expressed as MPs per volume unit (e.g., L or m3) and that may consider different size 

fractions, sometimes down to 20 µm. The results from studies considering the different 

sampling methods are hardly comparable. Data for surface units may be converted 

into data for unit volume, by calculating the mouth surface area of the manta trawl. 

However, this is a rough approximation because the trawl is not always fully immersed. 

Moreover, with the manta trawl, all particles below 300 µm are lost. This is shown by 

studies using both sampling methods (Kapp & Yeatman 2018; Lahens et al. 2018; 

Xiong et al. 2019). Small particles generally represent the largest share of the total 

amount of particles present in natural waters. Therefore, the manta trawl method 

largely underestimates the actual MP concentrations, at least in terms of particle 

numbers. 

A recent report (GESAMP 2019) describes and compares methods for sampling 

macroplastics and MPs, with particular focus on the marine environment. The report 

highlights advantages and disadvantages of the different sampling methods. However, 

particularly for MPs, precise indications or suggestions of the methods to be used for 

a better exposure and risk characterization are not provided. It should be noted that 

the impact of different size fractions may be extremely different on the various 

components of the aquatic ecosystem (e.g., small fishes, macro-invertebrates, micro-

invertebrates, bacteria). Therefore, methods capable to provide quantitative samples 

of different fractions, including relatively small MPs (e.g., down to 20 μm, achievable 

with fine-meshed phytoplankton nets), should be used whenever possible.  

The available data on soil and sediments is relatively scarce. This may be partly 

related to the complex and time-consuming procedure required to extract MPs from 

these matrices (Hurley et al. 2018b). Some studies report MP concentrations as the 

number of particles per kg, while others provide the weight of MPs per kg. In other 

cases, data is reported as MP number or weight per surface unit (e.g., mg m-2). 

Therefore, the comparison of literature data is not straightforward. 

Besides this, existing methods to identify and count MPs are variable. Until 

recently, it was common practice to solely rely on visual detection (using a 

microscope), which may lead to false positives or false negatives. In more recent 

studies, visual examination is usually combined with Fourier Transform Infrared (FTIR) 
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or Raman Spectroscopy, which allows polymer Identification. This is, however, time-

consuming and thus frequently only a sub-sample is subjected to spectroscopic 

methods. Other studies use different methods like SEM (Scanning Electron 

Microscopy), XRF (X-Ray Fluorescence), Pyr-GC/MS (Pyrolysis interfaced with gas 

chromatography/mass spectrometry) (Klein et al. 2018). It has been observed that MP 

abundance often varies with the methods used (Song et al. 2015; Mai et al. 2018; Picó 

& Barceló 2019), therefore analytical results may be difficult to compare across studies. 

The previously mentioned GESAMP report (GESAMP 2019) also compares methods 

for processing and analyzing MPs but does not provide clear suggestions for 

standardization. 

There is an urgent need for standardizing methodologies to be applied to the 

exposure assessment, which include those related to sample processing, MP 

extraction, identification and counting, as well as the units to be used for reporting data. 

The major gap refers to very small-sized MPs (below 20 μm) and nanoplastics. 

Particularly the latter can currently not be included in monitoring programs because 

suitable sampling methods are lacking and analytical methods, such as pyrolysis-

GC/MS (Fischer & Scholz-Böttcher 2017), are exploratory (GESAMP 2019).  

Most procedures commonly applied to date allow sampling, processing and 

measuring particles down to a minimum size of 20 μm. Only very few studies measured 

smaller particles, down to 10 μm (e.g.,Leslie et al. 2017; Simon et al. 2018). In theory, 

very small particles and, especially, nanoplastics should be more abundant in the 

environment, and their concentrations are expected to increase. The development of 

methods for the evaluation and quantification of small-sized MPs and nanoplastics is 

one of the major research needs to assess the potential risks for human and 

environmental health. In particular, detection technologies to identify nano-sized plastic 

particles are still lacking (Mai et al. 2018). A promising approach, at least to quantify 

the mass and the composition (if not the number of particles), could be the use of Pyr-

GC/MS (Hendrickson et al. 2018; Mintenig et al. 2018) coupled with methods of small-

sized particle separation based on ultrafiltration membrane technologies (Mulder 1996; 

Judd & Jefferson 2003).  
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2.5.2. Towards a microplastic mass balance and suitable evaluation of 
environmental fluxes   

The difficulties in getting reliable and comparable results for the concentrations 

of MPs in the different environmental compartments, and the limited information 

regarding some fluxes among compartments make the evaluation of a regional and 

global mass balance of plastics challenging. However, some first estimates can be 

made based on the available data, to at least give an approximate order of magnitude 

of the contribution of different sources to surface waters.  

From the data reported in Figure 2.2 and Table S1, it can be concluded that the 

range of particles in effluents from WWTPs that include secondary and tertiary 

treatments spans from 1 to 5800 MPs L-1, with a geometric mean around 29 MPs L-1. 

In non-treated wastewaters, the concentrations range from a few particles L-1 up to 

more than 100,000 particles L-1, with a geometric mean of about 242 MPs L-1. These 

data are in reasonable agreement with the percentage of retention by WWTPs reported 

by several authors, which ranges from 80% to 99% of the number of inflowing particles 

(see Section 4.3).  

The approximated per capita consumption of water in Europe is 140 L per day 

(EEA 2018). Although with some regional differences, it may be estimated that about 

85% of the EU population (525 million in the EU plus Norway and Switzerland) is 

connected to WWTPs with secondary or tertiary treatment, while the remaining 

population (15%) is connected to WWTPs with only primary treatment or not connected 

at all (Table 2.1).   

From these data, it can be estimated that the daily input of MPs (in the range of 20 to 

5000 µm) via wastewater into European surface waters is: 

• from treated wastewater: an average value of 1,800 x 109 particles per 

day (possible range from 9 x 109 to 130 x 1012 particles day-1) 

• from untreated wastewater: an average value of 2,700 x 109 particles per 

day (possible range from 27 x 109 to 1,400 x 1012 particles day-1). 

Transforming these data on a weight basis is challenging because, in general, 

only numbers of MPs are reported, while size/weight conversion factors are not readily 
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available. Combined data on numbers and weight are reported in a Danish report 

(Vollertsen & Hansen 2017) assessing MPs occurrence in ten different WWTPs and in 

the study by Simon et al. (Simon et al. 2018). However, both studies took only MPs 

between 10 or 20 and 500 μm into account. Therefore, estimating the load on a weight 

basis from the particle numbers is not possible.  

Table 2.1. Percentage of EU population connected to WWTPs in 2015 (EEA 2019). 

 No treatment 
or no 

connection 
with 

sewerage 

Primary 
treatment 

Secondary 
treatment 

Tertiary 
treatment 

Northern 15.1 5.6 2.3 77 

Central 3.4 0 16.5 80.1 

Southern 23 2.2 21.3 53.4 

Eastern 26 0.2 13.6 60.6 

South-Eastern 40 16.7 22.8 20.6 

Weighted 
average respect 
to population 

13 2 18 67 

Despite their wide range of variability, these estimates give a first approximation 

of the load of MPs in surface waters from urban wastewater and allow the following 

observations. First, the load that may be attributed to the relatively small percentage 

of European untreated wastewaters is much higher than the load deriving from treated 

wastewater, which points towards a definite need of implementing secondary and 

tertiary WWTPs in areas that are still not connected to reduce total MPs emission. 

Taking into account that untreated wastewater is concentrated in south-eastern 

Europe, it may be hypothesized that some watersheds (e.g., lower Danube) are 

subjected to higher contamination than those located in other European regions 

(Lechner et al. 2014). Unfortunately, data on MP concentrations in surface waters of 

south-eastern Europe are not available. Siegfried et al. (2017) implemented a 

modelling approach based on estimations of mass-based per capita consumption rates 

of personal care products, plastic fibers from textiles, plastic fibers in household dust 
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and tire debris, and concluded that the largest emitted mass from rivers to the sea 

occurs for tire debris, followed by textile fibers. Furthermore, they estimated that the 

majority of plastic particles emitted in Europe flow into the Mediterranean and the Black 

seas as a result of different socio-economic development and technological status of 

sewage treatment facilities. 

Due to the scarcity of data of water consumption and WWTP implementation, a 

comparable evaluation cannot be done for other continents. However, it may be 

hypothesized that the percentage of treated wastewater in Asia and Africa is much 

lower than in Europe or North America. 

The problem is also complicated by the fact that only a relatively small part of 

the population is connected to sewerage systems. Data from the WHO/UNICEF Joint 

Monitoring Programme (JMP), referred to 2015, indicate that in Eastern, South-eastern 

and Central Asia, with a population of more than four billion inhabitants, only 25% of 

the population is connected with sewerage systems; and in Sub-Saharan Africa the 

percentage is lower than 6% (WHO/UNICEF 2019). The high concentrations of MPs 

in surface waters of Asia (mostly assessed in China), as compared to those measured 

in Europe (Figure 2.4), supports the hypothesis regarding the large influence of WWTP 

on surface water emissions. The dominant shape in WWTP effluents are fibers, 

followed by fragments. Only in one case a minor amount (< 10%) of pellets that may 

be assimilated to primary microbeads was observed (Dyachenko et al. 2017).  

Wastewater represents only one of the possible pathways of MPs into surface 

waters, and as discussed in this study, surface runoff from agricultural and urban soils 

may also represent a major source. Unfortunately, a comparable estimate of MPs 

emissions from soils due to water runoff is not possible due to field data limitations. On 

the other hand, this review shows that MP concentrations in WWTP sludge (mainly 

from Europe) range between 10 x 103 and 10 x 105 particles kg-1 dw. Nizzetto et al. 

(2016c) estimated that the total yearly input of MPs from sewage sludge to farmland is 

about 63,000 - 430,000 tons in Europe, and 44,000 - 300,000 tons in North America. 

Data on MP concentrations in soil are scarce and scattered (Figure S2 and Table S3). 

The majority of data on agricultural soils refer to China and indicate a reduced range 

of variability (from about 60 to 200 particles kg-1 dw), except for a couple of higher 

values (more than 10,000 particles kg-1 dw) from soils sampled in a greenhouse. 
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Overall, this study shows that soil could be considered as a sink as well as a source of 

MPs to surface water. Therefore, further research is urgently required to assess fluxes 

of MPs from soils into surface water ecosystems and to assess the fate of MPs in the 

soil ecosystems, investigating its retention potential and the capacity of MPs to reach 

groundwater ecosystems. An additional source of MPs to soil and surface water may 

be atmospheric fall-out (Dris et al. 2016). However, the information available to date 

does not yet allow a quantitative estimate (Wetherbee et al. 2019). An attempt to 

perform a quantitative evaluation of emissions to all environmental compartments (air, 

soil, WWTP, surface waters) has been made for tire debris indicating that urban and 

road runoff, as well as atmospheric deposition, may represent relevant contributions 

(Kole et al. 2017).  

The formation or disappearance of MPs within the compartments also has to be 

considered in an overall mass balance. Macroplastic fragmentation in the different 

compartments is reasonably one of the major sources of MPs in the environment. 

However, the patterns of macroplastic fragmentation, their characterization and 

quantification in terms of amount produced and time to produce them are still largely 

unknown. The only fragmentation pattern that is sufficiently documented and quantified 

is the production of fibers during laundry of synthetic fabrics (Browne et al. 2011; 

Eerkes-Medrano et al. 2015). Although the amount of fibers may vary depending on 

the type of clothes (e.g. polymer composition, weave type, age), the type of washing 

machine, and the washing condition, it has been estimated that several thousand fibers 

are generated per washing cycle (Hartline et al. 2016; Napper & Thompson 2016; Pirc 

et al. 2016; Carney Almroth et al. 2018).  

For any other type of plastic breakdown process, reliable experimental 

quantitative information is not yet available, although a modelling approach to predict 

the contribution of macroplastic breakdown to the MPs bulk in the ocean has been 

proposed (Koelmans et al. 2017b). Plastic fragmentation in the environment may be 

extremely variable in function of factors like light intensity, temperature, erosion and 

other physical impacts. The number and weight of MPs and nanoplastics that may be 

produced by a macroplastic item (e.g., a bag or a bottle) in a given time under 

environmental conditions is still largely unknown. This is an important knowledge gap 

that must be investigated in depth, and may be somewhat inferred based on the 
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amount and type of polymers of macroplastic litter in the environment and their 

documented half-lives. 

Although plastic polymers are persistent compounds, some polymers can 

undergo biodegradation (Albertsson et al. 1987). Scientific evidence of biodegradation 

through bacterial activity and invertebrate digestion mechanisms has increased 

recently (Briassoulis et al. 2015; Yoshida et al. 2016; Yang et al. 2018). Compared to 

macroplastics, MPs and nanoplastics may be more prone to form complex structures 

with organic matter particles and be readily attacked by bacteria and invertebrates. 

Therefore, a real possibility of their complete disappearance exists. Nevertheless, to 

date, the extent of these degradation processes in environmental compartments, their 

time scale as well as the patterns and the end-products are relatively unknown (SAPEA 

2019). Although plastic polymers are practically inert molecules, with low biological and 

toxicological activity, many monomers, that can be formed during the degradation of 

plastic, are not. Monovinylchloride (the monomer of polyvinyl chloride), for instance, is 

a recognized carcinogenic compound (Brandt-Rauf et al. 2012).  

2.5.3. Microplastics in environmental compartments: what does it mean in terms 
of risks for living organisms?  

As discussed above, information on the presence of MPs in environmental 

compartments is often biased by the inconsistency of units (e.g., n L-1, n m-2, mg L-1, 

n kg-1, mg kg-1), by the variability in size classes sampled and measured, and by the 

complexity in shape and composition that are often not clearly reported. These 

inconsistencies make the assessment of their possible impact on living organisms 

rather complex, so the actual environmental risks of different plastics and their 

associated chemicals remain largely unknown (Koelmans et al. 2017a). It is important 

to highlight that quantifying the effects of MPs on living organisms by a simple 

concentration-response relationship of the whole mass of MPs of a certain type found 

in environmental samples is more complicated than for most chemical contaminants. 

Their impacts on aquatic organisms depend on a number of factors such as: 

• the shape: the physical effect determined by long and thin fibers may be completely 

different from those determined by microspheres or by irregular fragments (Au et 

al. 2015; Lambert et al. 2017); 
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• the size range: the definition of MPs in term of size is extremely wide (from 5 mm 

to 1 μm) and the living organisms that may be affected by MPs are also extremely 

variable in size. For example, in the aquatic environment, from fish to zooplankton; 

for any type and size of organism, different MP size classes may be ingested, 

including small sizes (below 20 μm) and nanoplastics, that are practically never 

measured;  

• the composition: for most MP polymers, being the effects mainly physical, it may 

be hypothesized that the response is not related to the polymer composition; 

however, for some particular MP particles, such as for tire debris, the composition 

is much more complex and the effects may also be determined by the leaching of 

non-polymeric chemicals. 

Some recent effect studies took these parameters into account, used exposure 

conditions in relation to the traits of the organisms (i.e., feeding type; substrate 

preference) or provided dose-response relationships (e.g., Au et al. 2015; Scherer et 

al. 2017; Ziajahromi et al. 2017a; Redondo Hasselerharm et al. 2018). This allows to 

conduct an ecological risk assessment with preliminary data for a range of species 

based on a comparison between an environmental exposure (e.g., a PEC: predicted 

environmental concentration) and an effect level (e.g., a PNEC: predicted no effect 

concentration). So far five studies carried out a provisional ecological risk assessment 

for MPs (Burns & Boxall 2018; Everaert et al. 2018; Adam et al. 2019; Besseling et al. 

2019; Zhang et al. 2019). Burns and Boxall (2018) did not identify any ecological risk 

for measured concentrations in water or sediment. Adam et al. (2019) conducted risk 

assessment for different continents and found that although no risk is expected for 

Europe and North America, "a risk cannot completely be excluded in Asia", where the 

highest MP pollution occurred. These findings are supported by a case study in the 

Yongjiang River in south China (Zhang et al. 2019). The authors calculated a risk 

quotient for each of their sample sites by dividing the measured MP concentrations by 

PNEC values derived from species sensitivity distribution based on literature toxicity 

data. They found that for most sites, a risk threshold was not exceeded, except for the 

two most contaminated sites, which were close to the urban center of Nanning City 

(Zhang et al. 2019). Besseling et al. (2019) concluded that hazardous MPs 

concentrations do not occur for freshwaters, while hotspot locations of near-shore 

marine surface waters, may exceed safe concentrations. Similarly, Everaert et al. 
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(2018) derived for the marine environment that at current average concentrations no 

risk is expected but that a risk cannot be excluded for heavily polluted sites. As MP 

concentrations in the environment are usually reported in particles number while effect 

data is based on mass, a transformation was necessary in these studies to be able to 

compare effect and exposure data. To perform a refined ecological risk assessment of 

MPs will require much more detailed information on MP exposure with a precise 

assessment of number (or weight) of particles per size classes, shape and 

composition. Considering that current methods for the analysis of MPs are complex, 

expensive and time-consuming, this level of detail is, to date, difficult to achieve. 

Further research should be devoted to both areas, to refine exposure assessments 

including areas that are expected to be heavily polluted but on which information is still 

completely missing such as the Ganges in India or the Amazon in South America 

(Adam et al. 2019). Moreover, effect assessments should be performed taking into 

account ecologically relevant combinations of organisms and MPs sizes, shapes and 

types. It is most likely that future risk assessments need to consider MP particle 

mixtures taking into account different polymer types, shapes and sizes, and that 

exposure and risk indicators are derived taking all these variables into account. 

For nanoplastics, risk assessment is currently not feasible as they cannot be 

detected in environmental samples thus far. Also, regarding the effect assessment, the 

major unknown issues are related to small and very small particles (Koelmans 2019). 

nanoplastics may cross cellular membranes and enter into cells if they are below a 

given size. Within the cells, nanoplastics can possibly interact with the cellular content, 

structure and function. This represents a substantial difference in comparison to 

macroplastics or MPs. Indeed, MPs cannot be accumulated in biological organs and 

tissues and may produce mainly physical stress on living organisms, although the 

consequences of that may result in physiological and metabolic alterations. The size 

threshold below which small plastic particles may enter into cells is still unknown. 

Recent studies on nanoplastics performed with reference materials labeled with 

fluorescent dye demonstrate their capacity to be taken up, enter tissues, and 

accumulate in small organisms (Cui et al. 2017; Lee et al. 2019). However, some 

authors discuss that this may be an artefact either created by the leaching of those dye 

paints, which can be taken up into cells or due to the autofluorescence of the evaluated 

biological tissues (Catarino et al. 2019; Schür et al. 2019).  
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2.5.4 How can MP inputs into the environment be controlled? 

From all the considerations mentioned above, it is evident that the precautionary 

principles strongly push towards the control of MPs and nanoplastics. From the 

available literature on MP presence in the environment, it appears that primary MPs 

represent a relatively small amount of the total bulk of MPs detected, being secondary 

MPs the largest majority. It is difficult to quantify the percentage of primary MPs in the 

environment precisely. However, in general, it seems to be never higher than 10%, 

and in most cases, the percentage is much lower, sometimes almost negligible. For 

example, in urban wastewater, the majority of MPs is represented by textile fibers (see 

for example Dris et al. 2015; Vollertsen & Hansen 2017; Wang et al. 2017b) while in 

runoff water the most abundant particles are fragments from macroplastic breakdown 

(see for example Liu et al. 2019a). Therefore, the recent proposal of ECHA (ECHA 

2019) for a ban or restriction of primary MPs may have a limited relevance and 

effectiveness for the reduction of the presence of MPs in the environment.  

Based on the information available to date, the most plausible solution to reduce 

the environmental emission and exposure to MPs seems to be the control of 

macroplastics. The restrictions on single-use plastic items that will be active in Europe 

starting from 2021 (EC 2019) seem to be an excellent starting point. Comparable 

restrictions should be applied in the short-term on food and other kinds of packaging, 

which represent the largest amount of plastic wastes. In addition to restrictions, a more 

efficient recycling strategy and improvement of the circular economy related to plastic 

products would be beneficial (Barra & Leonard 2018). However, in some cases, 

different types of measures should be developed. As shown above, fibers represent 

the most abundant type of MPs present in wastewater. Since it is almost impossible to 

ban synthetic fabrics, that today makes up the majority of our clothing, the solution 

should be sought in another direction (e.g., by means of retaining fibers in washing 

machines, water treatment procedures, etc.).  

Finally, the substitution of traditional plastic polymers, based on the 

petrochemical industry, with new generation polymers, based on biological resources 

(e.g., PLA: polylactic acid; PHA: polyhydroxyalkanoates) is often proposed as a 

suitable solution. However, present knowledge on the toxicological properties of these 

new compounds and of their degradation products must be improved (Lambert & 



Microplastics in Freshwater and Terrestrial Ecosystems 
  

 46 

Wagner 2017; Picó & Barceló 2019). Understanding possible biodegradation patterns 

of traditional and emerging plastic polymers is important for future management and 

remediation of plastics in the environment.  

2.6. Conclusions 

In this study we have described the state of the knowledge regarding the 

occurrence of macroplastics and MPs in different environmental compartments. It has 

been highlighted that some data gaps still exist in order to better understand their life 

cycle, to develop a precise mass balance and to quantitatively assess the contribution 

of the different main sources of macroplastics, MPs and nanoplastics in the 

environment. The emission of MPs from WWTPs into aquatic ecosystems is the 

environmental pathway that has been most researched. However, there are other 

pathways that may have similar or even larger contributions, and that require further 

investigation. Those pathways are, for example, the fluxes of plastics from landfills and 

agricultural soils towards surface and groundwater ecosystems by water runoff or 

deep-horizon infiltration, or the transport and deposition of plastic particles from the 

atmosphere. Moreover, quantitative evaluations of the occurrence of large-size plastics 

in natural environments need to be performed, and their breakdown rates into MPs and 

nanoplastics still need to be assessed under different environmental conditions (i.e., 

temperature and light intensities, water currents).  

There is enough experimental evidence demonstrating that the presence of 

macroplastics in aquatic ecosystems represent an environmental risk, particularly for 

large animals. Regarding MPs, a risk for human and environmental health has not 

been demonstrated. Available toxicological evidence indicates that some effects on 

aquatic and terrestrial organisms, vertebrates and invertebrates, have been observed 

only at concentrations that are orders of magnitude higher than the maximum levels 

measured in the environment. Other possible effects, such as a potential increase in 

the bioaccumulation of chemicals due to their transport into the organisms adsorbed 

on MPs (the "Trojan Horse" effect) seems to be context dependent, and negligible in 

comparison to direct accumulation from the surrounding environment (e.g., from water) 

or from food (Koelmans et al. 2013, 2014; Lohmann 2017; Mohamed Nor & Koelmans 

2019). However, research still needs to demonstrate this experimentally. An additional 

gap are the toxicological risks of nanoplastics that has to be investigated further, taking 
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their bioaccumulative and reactive potential in biological tissues, organs and cells into 

account. 

Current knowledge gaps regarding environmental fluxes and breakdown of MPs 

and nanoplastics are still too large in order to assess future risks for man and the 

environment. Furthermore, the bias on sampling and analysis makes a precise 

quantification challenging. This is particularly difficult for small MPs and nanoplastics, 

which are probably the more concerning particles from a toxicological point of view. 

Moreover, although present exposure seems to be far away from levels of concern, it 

is difficult to predict future emission patterns since they will be closely related to plastic 

use and management policies. This review shows that the construction of waste-water 

treatment facilities and the proper management of sludge applications in agriculture 

are efficient means to reduce MPs emissions. Moreover, the ban of single-use plastics, 

the substitution of some plastic polymers with biodegradable compounds, and the 

reduction of MPs emission at a source are key to control plastic pollution. From now 

onwards, we expect technological solutions to be developed and implemented in this 

direction. There is no doubt that plastics changed our life in the middle of the last 

century, and the control of plastics will again change our life in the near future. 
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Abstract  

Microplastics (MPs) are considered to be ubiquitous contaminants in freshwater 

ecosystems, yet their sources and pathways at the river catchment scale need to be 

better determined. This study assessed MP (55 - 5000 µm) pollution in a 

Mediterranean river catchment (central Spain) and aimed to identify the importance of 

wastewater as an environmental pathway. We sampled treated and untreated 

wastewaters, and raw and digested sludge from five WWTPs during two seasons. 

River water and sediments were sampled at three locations with different 

anthropogenic influences during three seasons. On average, 93% (47 - 99%) of MPs 

were retained by WWTPs. Concentrations in river water and sediment ranged between 

1 - 227 MPs m-3 and 0 - 2630 MPs kg-1 dw, respectively. Concentrations strongly 

depended upon land-use, with pollution levels increasing significantly downstream of 

urban and industrial areas. Seasonality influenced the observed MP concentrations 

strongly. During high flow periods, higher water but lower sediment concentrations 

were observed compared to low flow periods. We estimate that 1 x 1010 MPs are 

discharged into the catchment via treated and untreated wastewater annually, which 

constitutes up to 50% of the total MP catchment discharge. Thus, we conclude that the 

wastewater system represents a major environmental pathway for MPs into 

Mediterranean rivers with low dilution capacity. 
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3.1. Introduction  

Microplastics (MPs; defined as plastic particles < 5 mm) have been identified in 

numerous environmental compartments globally (Auta et al. 2017; Cera et al. 2020; 

Schell et al. 2020). Pollution by MPs raises environmental concerns as they can be 

ingested by and potentially affect a wide range of organisms, from primary producers 

to fish and mammals (de Sá et al. 2018). Yet, quantitative information about MP 

sources, pathways, and exposure is still limited, especially in freshwater systems. 

Wastewater has been suggested as one of the main pathways for MPs release to the 

aquatic environment and represents the convergence of a wide range of potential MP 

sources (e.g., fibers from clothing, various types of fragments, tire and road wear 

particles; Ziajahromi et al. 2016; Wagner et al. 2018). Although studies show that 

wastewater treatment plants (WWTPs) are efficient at capturing MPs (about 

60 - 99.9% are retained; Ngo et al. 2019; Barchiesi et al. 2021), they still constitute a 

potentially significant source due to the very large volumes of effluents discharged 

(Ziajahromi et al. 2017b; Edo et al. 2020). Thus, despite low concentrations typically 

reported for treated effluents, the number of particles released to recipient waters can 

still be very high over relevant temporal scales (Mason et al. 2016; Liu et al. 2021). 

Furthermore, in some cases, untreated wastewater may enter the environment directly 

i.e., due to the lack of wastewater treatment infrastructure or the role of combined 

sewer overflows, which may discharge untreated water during heavy rainfall events.  

During wastewater treatment the bulk of MPs in wastewater influents is believed 

to be sequestered and concentrated into the sewage sludge (Mintenig et al. 2017; Liu 

et al. 2019b). This solid by-product is frequently reused as fertilizer on agricultural land 

and these wastewater-derived MPs can enter the terrestrial environment along this 

pathway (Corradini et al. 2019; Van Den Berg et al. 2020). Thus, surface water runoff 

from agricultural soils, which receive sewage-sludge or plastic input through other 

agricultural processes (e.g., plastic mulching), has been suggested as another 

possible MP pathway to rivers (Horton & Dixon 2018; Qi et al. 2020).  

Industrial spillages, emissions from road traffic, atmospheric deposition, wind-

blown debris from littering or loss during waste disposal and the degradation of larger 

plastic debris directly in the aquatic environment may further contribute to MP 

contamination in freshwater ecosystems (Lechner & Ramler 2015; Cai et al. 2017; Dris 
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et al. 2018; Knight et al. 2020; Piñon-Colin et al. 2020). Quantitatively assessing the 

relative contributions of each of these pathways is challenging, and further research is 

needed to understand and characterize them in relation to different anthropogenic 

pressures and geographical settings. Catchment characteristics such as topography, 

hydrology, land use and soil characteristics are likely to influence MPs sources, 

transport and sinks further, but the underlying processes are poorly understood and 

quantified (Windsor et al. 2019a). 

In arid or semi-arid regions, MP inputs through surface water runoff from urban 

or agricultural lands is expected to be lower than in wetter regions. WWTP effluents, 

however, contribute, during most parts of the year, a large volume of the rivers’ total 

water flow and may therefore be of higher relevance compared to other MPs sources 

and pathways. Yet, the number of studies assessing MP contamination in freshwater 

ecosystems in semi-arid areas − and particularly in the Mediterranean region − is very 

low (Guerranti et al. 2020). Rivers in semi-arid areas are subject to high temporal flow 

fluctuations, which may affect MP transport and sedimentation. Further work to clarify 

the sources, environmental pathways, fate, and storage of MPs on the catchment scale 

in semi-arid systems is required to establish the relative importance of environmental 

variables and processes, and to design efficient measures to reduce MP pollution. 

Hence, the main objective of this study was to elucidate the role of wastewater 

as MP source to rivers in a semi-arid Mediterranean catchment by (1) assessing the 

concentration of MPs in influent, effluent and sludge of WWTPs with different treatment 

types, as well as their removal efficiency, (2) establishing the spatial (land use based) 

and temporal (seasonal) distribution of MPs in river water and sediment in the same 

catchment, and (3) determining the contribution of wastewater to the total MP 

catchment discharge.  

3.2. Material and methods  
3.2.1. Study area 

This study was conducted in the Henares River catchment (4,144 km2), which 

is located in the upper Tagus River Basin, central Spain (Figure 3.1). The Tagus River 

is the longest river in the Iberian Peninsula, emptying into the Atlantic Ocean near 

Lisbon, Portugal. The Henares River catchment has an average discharge of 

2.66 x 108 m3 year-1 (based on the latest available 20-year average; CEDEX 2021). 
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The area is characterized by a continental Mediterranean climate, with hot and dry 

summers and mild-to-cold winters. The flow regime of the Henares comprises high 

flow during the winter and spring, and low flow during the summer and autumn 

(Camargo 2006). While the upper part of this catchment is mostly characterized by 

forest areas or extensive agriculture, the lower part is influenced by industrial and 

urban areas and wastewater discharges (Figure 3.1). The main industry sectors relate 

to chemical and metal products, machinery and electrical equipment, transport 

equipment, as well as paper and printing materials. The two main cities in the 

catchment, Alcalá de Henares and Guadalajara have a population of around 197,500 

and 87,500 inhabitants, respectively.  

We sampled five out of the 19 WWTPs in the catchment. The sampled WWTPs 

contribute to approximately 75% of the wastewater discharge. About 1.5% of the 

wastewater is released untreated into the catchment, mainly corresponding to small 

villages. Additional untreated wastewater may also be discharged into the rivers during 

heavy storm events, when the influent volume exceeds WWTP capacities. The five 

monitored WWTPs differ in regard to treated water volume, treatment steps and 

influent water characteristics (urban wastewater or a combination of urban and 

industrial wastewater; Table A1).  

3.2.2. MP sampling  

At each WWTP, the untreated influent, treated effluent, and raw and processed 

sludge (after anaerobic or aerobic digestion and dehydration) were sampled. Samples 

were taken during the summer (25. - 27. July) and autumn (6. - 8. November) of 2017. 

Influent (20 L) and effluent (200 L) were sampled at each WWTP by filtering the water 

through a battery of nylon nets with different mesh sizes (55, 150, 300 µm). 

Recommended sampling volumes differ depending on the water type: the sample 

volume should be sufficient to be representative but small enough to prevent clogging 

of the nets (Koelmans et al. 2019). After filtering, the concentrated samples were 

stored in glass flasks, along with the milli-Q water used for rinsing the nets. Raw sludge 

was sampled prior to sludge treatment steps – like digestion and dehydration − while 

the processed sludge was sampled after these steps, directly from the sludge hopper. 

Both sludge types were dried (50°C for 48 - 72 hours) and stored in glass flasks until 

further analysis. 
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Three sampling sites were chosen to assess the MP concentration in water and 

sediments of the Henares River catchment (Figure 3.1). Site 1 (Sorbe River; UTM 30T 

484735 4526717) was located downstream of forested and vegetated areas; Site 2 

(Badiel River; UTM 30T 493150 4516208) was located close to the outlet of a sub-

catchment mainly influenced by agriculture, but was also subjected to the discharges 

from untreated wastewaters from very small villages; and Site 3 (Henares River; UTM 

30T 464261 4478887) was located at the outlet of the catchment. Water and sediment 

samples were taken during summer (27. July to 1. August), and autumn (6. - 9. 

November) of 2017, and spring (23. - 24. April) of 2018.  

 

Figure 3.1. Location of the Henares river catchment within the Tagus River Basin in the Iberian 

Peninsula (A). The major river networks of the region are also shown. Location of river sampling sites 

and the sampled WWTPs within the Henares catchment (B), with a description of land use retrieved 

from the Corine land cover database (Corine Land Cover 2006). 

River water was filtered through the same battery of nets as were used for 

wastewater. During each sampling event, 10,000 L of river water were pumped into 

the nets using a submersible pump (Jardín y Natura Outdoor & Garden Products S.L, 

WP30/3, with a flow of 5000 L h-1). This is except for two samples where only 5000 L 

were filtered: sampling site 2 in summer, where rapid clogging of the net with organic 
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material prevented the sampling of a larger volume, and at sampling site 3 in spring, 

in response to very high MP concentrations recorded in the earlier samples. At site 1 

and 2, the pump was placed directly onto the riverbed with no or very little overlying 

water. At site 3, the water level was higher, and the pump was submerged directly 

below the water surface. The filtrate of each size fraction was collected in glass flasks 

along with Milli-Q water that was used to rinse the nets. These flasks were stored at 

4°C until analysis. Sediment samples (approximately 0.5 kg wet weight) were taken 

from riverbed areas composed of sand and slick with a core sampler (sediment depth: 

10 cm). The samples were dried (50°C for 72 hours) and stored in glass flasks until 

analysis. 

3.2.3. MP extraction and analysis  

Water samples (wastewater and river water) were − depending on their organic 

matter content − either directly vacuum filtered onto filter papers (Whatman GF/A; Ø 

47 mm; 1.6 µm pore size) and retained for analysis or first treated to remove organic 

material. Some river water and influent samples were largely clear or only contained 

large pieces of organic material that could be removed and inspected for MPs. These 

samples were vacuum filtered directly onto filter papers and retained for analysis. 

Samples with high organic matter content were first left to stand until the overlying 

water was clear. This was then decanted off and vacuum filtered on a filter paper. The 

remaining slurry was transferred to clean, pre-rinsed Erlenmeyer flasks and treated 

using Fenton’s reagent, following the procedure outlined in Hurley et al. (2018b). After 

the digestion was complete, the flasks were filled with filtered RO water and permitted 

to settle out overnight. The overlying water was decanted and vacuum filtered onto a 

filter paper, representing a freshwater density extraction (ρ = 1.0 g cm-3). The residual 

material in the flasks was transferred to clean pre-rinsed polyethylene tubes and 

subjected to a further freshwater density extraction, followed by two high density 

extractions using saturated NaI (ρ => 1.75 g cm-3) to isolate MPs from the solid matrix. 

All filter papers were stored in petri dishes and retained for analysis. 

Solid samples (sludge and sediment samples) were subjected to both density 

separation and organic matter removal. For the sludge, subsamples of between 

approximately 2.5 and 10 g were weighed into clean, pre-rinsed Erlenmeyer flasks. 

Initial subsamples of 10 g were found to be too large for some samples, which 
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contained high MP counts. These samples were repeated with smaller sub-sample 

sizes, which explains the final range that was used. The samples were then treated 

with Fenton’s reagent to reduce the organic content, following Hurley et al. (2018b). 

Following digestion, the flasks were filled with filtered RO water to loosen any particles 

adhering to the sides of the flask and to wash any residual hydrogen peroxide in the 

sample. The samples were left to settle out overnight and the overlying water was 

decanted and vacuum filtered. The remaining material in the flasks was then 

transferred to clean, pre-rinsed polyethylene tubes for a second freshwater density 

extraction, followed by two high density extractions, as was performed for the high 

organic content water samples. For the sediment samples, 20 - 30 g replicates were 

weighed into clean, pre-rinsed polyethylene tubes. They were first subjected to density 

separation using two high saturated NaI extractions. The first extraction was typically 

characterized by a large amount of organic material, which was collected using a 

38 µm stainless steel sieve and transferred to an Erlenmeyer flask and treated with 

Fenton’s reagent. Both the digested material and the second extractions from density 

separation (which had significantly low organic content) were filtered onto filter papers 

(Whatman GF/A Ø 47 mm) and retained for analysis.  

All filter papers were visually analyzed for MP particles using a Nikon SMZ 745T 

stereomicroscope at 20 - 50 x magnification. Each suspected MP particle was 

photographed using an Infinity 1 camera and classified into beads (spherical particles), 

fragments, fibers, films, foams, granules, glitter, or pellets (pre-production pellets). On 

rare occasions fiber clumps (fiber bundles) occurred, that could not be separated. 

These were therefore counted as such. The long and short dimensions of each particle 

were measured using the Infinity Analyze (v.6.5.4) software package, following 

calibration using a measurement standard. Particle depth was estimated to the nearest 

of 25 µm for particles extracted from sludge and sediment and the river water samples 

taken in spring 2018. The ratio of the minor axis to the depth axis was calculated for 

those samples, which had a median ratio of 0.5. Following the approach by Simon et 

al. (2018), this ratio was then used to estimate the depth for MP fragments, granules, 

foams, and glitter in wastewater and river samples from previous samplings (summer 

and autumn 2017). For films a depth of 10 µm was assumed.  

The polymer composition of suspected MPs was characterized using Fourier 

transform infrared spectroscopy (FTIR). Large MPs (> 300 µm; excluding fibers) were 
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analyzed using an Agilent Cary 630 ATR-FTIR equipped with a diamond crystal 

accessory. Each measurement comprised four co-scans, taken at a spectral resolution 

of 4 cm-1. A new background measurement was taken before each individual particle 

was analyzed. Small MPs and all fibers (55 - 300 µm) were analyzed using a Perkin 

Elmer Spotlight 400 µFTIR in transmission mode. The particles were first compressed 

using a diamond compression cell (DC-3, Perkin Elmer) before being loaded onto the 

machine, to improve spectral quality. Four co-scans, taken at a spectral resolution of 

4 cm-1, were taken for each particle measurement. A new background scan was made 

each time the diamond compression cell was loaded onto the machine (approximately 

every 1 - 10 particles). Each spectrum was compared to a series of commercial 

(PerkinElmer Polymer library, Agilent Polymer library), open source (Primpke et al. 

2018), and in-house libraries and manually verified to confirm the polymer type. In 

addition to fibers that were suspected to be plastic after visual assessment using the 

criteria of Lusher et al. (2020), a small number of likely cellulosic fibers were analyzed 

using FTIR to confirm their composition. Fibers that were cellulose (e.g., cotton) or 

other natural materials (e.g., wool, silk) were not included in the dataset as they are 

not made of plastic polymers. Semi-synthetic fibers were included in the analysis due 

to the ongoing debate regarding their inclusion in the definition for MP. For MPs in 

wastewater (influent, effluent) the polymer composition of 86% of the MPs were 

determined. The remaining 14% were fibers that visually resembled plastic fibers 

(Lusher et al. 2020). The polymer composition of > 99% of particles in river water was 

analyzed and 100% for all other sample types.  

3.2.4. Quality assurance/quality control (QA/QC) 

All sample processing and analysis was performed in the NIVA Microplastic 

Laboratory, in a positive pressure room with HEPA-filtered (class H13) air input. 

Several contamination reduction procedures are implemented in the laboratory, 

including: the use of natural fiber clothing and lab coats, removal of loose fibers using 

a lint roller upon entry to the laboratory, and regular removal of dust from all areas of 

the laboratory. To further reduce the potential for contamination, all processing steps 

in which samples were exposed to the laboratory environment (e.g., during 

subsampling) were undertaken in a laminar flow cabinet present inside the Microplastic 

Laboratory. All laboratory water or solutions used in the sample processing were pre-

filtered (0.22 µm for RO water, 1.2 µm for NaI and H2O2) immediately prior to use. All 
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containers were rinsed with filtered RO water three times before use, to remove any 

potential contamination. 

A total of three blanks were included for each batch of sludge and sediment 

samples as well as for river water samples from April 2018. Blanks comprised 

combined procedural, container, and solution blanks, that were treated to an identical 

sample processing procedure within each sample batch. All suspected MPs found in 

the blanks were visually and chemically characterized in the same way as the 

environmental samples.   

3.2.5. MP mass estimation and concentrations 

The mass of each MP particle was estimated using the three analyzed size axes 

to provide an estimate of particle volume. According to the different morphologies the 

volume was calculated using the following approaches: fibers were treated as 

cylinders; fragments, films, glitter and granules were treated as cuboids; beads were 

treated as spherules; and fiber bundles were treated as cuboids and then divided to 

reflect the estimated percentage of the cuboid that was taken up by fiber versus empty 

space. Polymer density was established from a literature search, where the most 

commonly reported densities for each polymer were used (Table A2). To calculate the 

mass of the remaining MPs for which the polymer composition was not available, a 

density of 0.9 g cm-3 was assumed for fragments and of 1.3 g cm-3 for fibers, based on 

the median density of the current dataset. Finally, MPs were grouped into four size 

classes according to the longest measured axes (55 - 150 µm; 150 - 300 µm; 

300 - 1000 µm and 1000 - 5000 µm). A few particles > 5000 µm and lower than 55 µm 

were observed, which were excluded from the analysis. 

3.2.6. Calculation of MP discharge by wastewater 

To determine the contribution of wastewater to the total catchment MP 

discharge, the amount of wastewater annually produced in the Henares catchment 

was first obtained from the Tagus River Basin Authority (Confederación Hidrogáfica 

del Tajo 2019). Effluents were grouped according to wastewater type (i.e., urban or 

urban combined with industrial effluents; untreated urban effluents; treated industrial 

effluents). MP loads emitted with wastewater were estimated based on the observed 

concentrations in influent and effluent in this study. First, the flow based weighted 
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average was calculated for the influent and effluent across all sampling WWTPs. 

Furthermore, the flow based weighted average of WWTPs 1, 3 and 5 was used as an 

estimation for entirely industrial effluents, although MP composition in industrial 

wastewater is expected to vary greatly based on the industrial sector. The flow based 

weighted average for influents was used as an approximation to account for 

wastewater from small villages that are discharged into the rivers without treatment. 

Finally, the respective average MP concentration was calculated by multiplying the 

respective volume of wastewater discharge by the obtained weighted average for the 

wastewater type.  

3.2.7. Statistical analysis  

A Redundancy Analysis (RDA) was performed to assess the influence of 

different independent variables on the size, particle type and polymer type distribution 

of MPs in wastewater, sludge, river water and river sediments. For the wastewater, we 

tested the differences between the untreated and treated water, and subsequently the 

influence of the sampled WWTP, date, and type of water in the influent water dataset. 

The same variables, plus WWTP treatment type, were tested for the effluent water 

samples. Statistical differences were assessed between raw and processed sludge, 

and in each dataset, we evaluated the possible influence of WWTP, date, treatment 

type and type of water on the MP distribution. Finally, we tested the influence of the 

sampling site and the sampling date on the MP dataset obtained from the river water 

and sediment samples. RDAs were performed with 499 Monte Carlo permutations 

using the statistical software Canoco v5.1 (Ter Braak & Šmilauer 2018). Statistical 

influence of the tested parameters was determined when the calculated p-value was 

< 0.05. 

3.3. Results and discussion  
3.3.1 MPs in untreated and treated wastewaters  

Concentrations based on particle counts in untreated wastewaters ranged 

between 850 and 11,550 MPs m-3, while the estimated concentration based on mass 

ranged between 4.51 and 194 mg m-3 (Table 3.1). The lowest and highest estimated 

mass concentrations did not necessarily correspond with the lowest and highest 

particle count concentrations. For example, the highest particle count concentration 

was observed during the autumn sampling at WWTP 1, while the highest mass 
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concentration was measured at the same WWTP but during summer. Fibers 

(11 - 86%; average: 41%) and fragments (12 - 69%; average: 42%) were the main MP 

types observed in untreated wastewaters (Figure A1; Table B1). Granules, foams, 

beads, films, and glitter were also recorded, and together accounted on average for 

12% (2 - 38%) of the observed MPs. Most fibers had lengths between 1000 - 5000 µm 

(74% of all observed fibers), and no fibers smaller than 300 µm were identified (Figure 

A2). The majority of the other particle shapes – mainly fragments − were between 

300 - 1000 µm (59%) in size (based on the long axis). In total, 24 different polymer 

types and suspected tire particles were identified by the FTIR analysis (Table B2). The 

most frequent polymer types based on particle counts were polyester, polyethylene, 

and polypropylene (Figures 3.2 and A3, Table B2).  

The sampling month and type of influent (urban or urban combined with 

industrial) did not significantly influence the particle type, size, or polymer distribution 

of MPs in untreated wastewater (Table A3). 

MP concentrations in effluent (excluding paint particles originating from the 

WWTP tanks) ranged between 45 and 535 MPs m-3, or 0.28 to 48.5 mg m-3 (Table 

3.1). The highest particle-based concentration was measured during the autumn 

sampling at WWTP 2, while the highest mass-based concentration was measured in 

the same WWTP but during the summer sampling. On average, the majority of MPs 

emitted with the effluent were fragments (29 - 96%; average: 69%) followed by fibers 

(4 - 64%; average: 19%). Beads, films, foams, and granules were also observed 

(0 - 43%; average: 11%; Figure A1; Table B1). An exception to this trend was the 

autumn sampling at WWTP 5, where more fibers were emitted, and the summer 

sampling at WWTP 3, where almost equal parts of granules and fragments were 

emitted (Figure A1; Table B1). The majority of fibers in treated wastewater were 

between 1000 - 5000 µm (80% of all observed fibers) while the majority of the other 

particle types were 300 - 1000 µm based on the long axis (49%; Figure A2). Fourteen 

different polymer types were identified, as well as suspected paint fragments and tire 

particles (Figure 3.2). Paint fragments were the most frequent MP type observed in 

treated wastewater. They seem to originate from the settling tanks which are coated 

to protect the tanks against corrosion and bacterial action. Paint fragments were 

included in the MP analysis because paints are often polymer based or contain 

polymers as binders (Gaylarde et al. 2021). All paint particles identified from FTIR 
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analysis were matched to a polymeric component of paint. This shows that WWTPs 

can not only act as a pathway for MPs but also as a source. Apart from paint fragments, 

most of the MPs in the effluent were composed of polyethylene or polypropylene 

(Figures 3.2 and A3; Table B2). Only a single suspected tire particle was observed 

across all effluents. There was no statistically significant influence of the treatment 

type, sampling month, or type of influent on the size, particle type, and polymer 

composition, suggesting that MP outputs from WWTPs are rather homogeneous 

(Table A3). As expected, we identified statistically significant differences in terms of 

size, particle type, and polymer composition (p < 0.01 in all cases; Table A3) between 

the MPs in the influent and effluent water. Almost all polymer types were found in 

higher abundance in untreated wastewater compared to treated wastewater, except 

for paint particles which were more prevalent in the effluent.  

The MP concentrations in untreated and treated wastewater varied substantially 

not only across different WWTPs, but also within the same WWTP across the different 

sampling events (particularly for WWTP 1). A wide concentration range has also been 

reported in literature with concentrations ranging between 1.5 and 10,044 MPs L-1 in 

the influent and between 0 and 447 MPs L-1 in the effluent (Sun et al. 2019; Barchiesi 

et al. 2021). It has previously been shown that MP concentrations in wastewater are 

subject to strong temporal fluctuations and depend on factors such as weather 

conditions or even the time of the day (Wolff et al. 2018; Cao et al. 2020; Xia et al. 

2020). The observed variability between different WWTPs may be further related to 

other external factors such as the served area, type of sewage collection system, plant 

treatment capacity (Barchiesi et al. 2021). The MP removal efficiency of the WWTPs, 

calculated based on the particle concentrations in untreated and treated wastewater 

excluding paint fragments, ranged between 47% and 99%, with a flow-based weighted 

average of 93%. This is in line with literature reports where efficiencies between 60 

and 99.9% have been reported, with lower efficiencies (< 90%) being less frequently 

observed (e.g., Talvitie et al. 2017b; Gündoğdu et al. 2018; Conley et al. 2019; Akarsu 

et al. 2020; Bayo et al. 2020b). The highest removal efficiency was obtained by 

WWTP 1, which relies on primary and secondary treatments. Although WWTP 2 

showed a high removal rate during the summer sampling, the poorest MPs removal 

was observed at this WWTP during the autumn sampling. As the effluent measured 

corresponds to an influent that entered the WWTPs many hours before the sampling 
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time, it could be also assumed that a peak in MP inflow may have occurred during the 

early morning hours, leading to a higher concentration in the effluent sampled.  

We did not observe a significant increase in the removal efficiency by WWTPs 

applying additional tertiary treatment compared to those that relied solely on primary 

and secondary treatments (Table A3). Previous studies have shown that secondary 

treatments can achieve already up to 99% removal (Magnusson & Norén 2014; Simon 

et al. 2018). The evaluation of tertiary treatments such as rapid sand filters, disc filters 

and membrane bioreactors show a potential to increase removal efficiencies 

(Michielssen et al. 2016; Talvitie et al. 2017a, b; Bayo et al. 2020a).  

In the current study, the overall retention capacity was higher for fibers than for 

other MP types (Table A4). This has also previously been observed by Lares et al. 

(2018) and Gündoğdu et al. (2018) and may be related to the increased tendency to 

form fiber bundles or greater retention in wastewater treatment filtration steps due to 

their elongated and irregular shape. Yet, this trend is not always consistent. For 

example, Michielssen et al. (2016) and Conley et al. (2019) found that fragments were 

more effectively removed during wastewater treatment. The increase in fiber 

concentrations observed in our study during autumn may be due to increased laundry 

frequencies or loads during this time period (e.g., whereby use of synthetic fabrics 

compared to natural fibers increased in this season). The breakdown of textiles during 

laundry is an important source for fibers: depending on the fabric up to 700,000 fibers 

can be released from a 6 kg wash load (Napper & Thompson 2016). This may 

represent an important temporal aspect affecting the nature of MP release by WWTPs 

in the study area.  

The relatively high number of fragments compared to fibers in wastewater in 

some samples (e.g., during summer sampling of WWTPs 1, 2, and 3) may be partially 

related to the fact that the WWTPs collected wastewater from combined sewer 

systems, which aggregate rainwater runoff and wastewater in the same system (Sun 

et al. 2019). More fragments from street cleaning and urban runoff may therefore have 

entered the WWTPs. Stormwater runoff collected in combined sewer systems – which 

may reach WWTPs or be discharged directly into water bodies – has been suggested 

as one of the main pathways for tire and road wear particles into the environment (Kole 

et al. 2017). In this study, however, the percentage of particles that were suspected to 
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be tire particles (rubbery, elastic, black particles that presented a result indicative of 

high carbon black content in FTIR analysis) and particles found to be composed of 

major tire rubbers (e.g., styrene-butadiene copolymer) was relatively low (1.23% and 

0.14% in untreated and treated water, respectively). Occurrence of tire fragments in 

combined WWTP influents is possible during rain periods, hence a continuous supply 

of these particles is not expected. Another explanation for the limited reports of tire 

particles in wastewater relates to the inherent analytical challenges associated with the 

determination of these materials in environmental samples. Tire material is typically 

characterized by high carbon black content, which is used as a filler ingredient. This 

leads to a near-complete absorption of the IR beam during FTIR analysis and results 

in low quality spectra that cannot be accurately interpreted. In addition, tire particles 

derived from road environments may contain minerogenic material, that can 

significantly increase the particle density and may, therefore, not be isolated using 

saturated NaI solutions during sample processing. Finally, tire particle sizes below 

100 µm are more frequently expected in the environment (Kreider et al. 2010; Järlskog 

et al. 2020), and their size is therefore close to or below the lower size limit used in the 

current study. This may explain the low occurrence of tire particles observed.  

 
 

Figure 3.2. Mean count-based and mass-based polymer distribution across all sampling sites and 

sampling events in different sample types. Acrylic refers only to fibers and does not include acrylic paint. 

Paint includes paint acrylate and other types of paint fragments matched to a polymeric component of 

paint. EPDM = Ethylene propylene diene monomer; EPR = Ethylene propylene rubber; PVC = Polyvinyl 

chloride. Polyethylene terephthalate fragments (included in ‘other’) and polyester fibers were kept 

separated to help identify these different particles. Details on the concentration of different polymer types 

included in the category ‘other’ can be found in Table B2 and B3.  



 

 65 

Table 3.1. Characteristics of the different WWTPs, concentration of MPs in untreated and treated wastewaters and raw and processed sludge and calculated MP emissions. 

Numbers marked with an asterixis (*) indicate paint fragments observed in the effluent which seem to originate from the painting of the outlet tank and were thereby emitted by 

the WWTPs themselves and did not enter with the influent. The retention capacity of the WWTPs has been calculated without considering paint fragments. IT = influent type; 

TS = treatment steps; Se = season; R = retention; D = discharge; U = urban wastewater; I = industrial wastewater; S = secondary; T = tertiary; Su = Summer; Au = Autumn.  

WWTP IT TS Se Untreated 
Wastewater 

 

Treated wastewater 
   

Raw sludge 
mean (min-max) 

Processed sludge 
mean (min-max) 

 

R D Emitted 
on 
sampling 
day  

    MPs m-3 mg m-3 MPs m-3       mg m-3 MPs kg-1 dw 
 

mg kg-1 dw MPs kg-1 dw                   mg kg-1  dw % m3 day-1 MPs day-1 

1 U/I S Su 5050 
 

194 110+10* 8.00* 8213  

(7161-10,167) 

32.8 (25.1-44.5) 6276  

(3878-7876) 

92.1 (37.8-196) 97.8 24,675 202,070 

Au 11,550 146 70 1.41 11,954  
(9517-14,545) 

82.0 (54.8-129) 5640  
(5222-6256) 

20.6 (18.1-22.9) 99.4 19,989 148,470 

2 U S Su 2650 179 165 48.5 37,163  

(31,086-43,320) 

131 (118-153) 18,852  

(11,283-23,767) 

31.0 (8.20-48.1) 93.8 520 327,030 

Au 1000 23.5 535 6.47 45,043  

(37,716-50,167) 

349 (209-553) 22,061  

(19,949-24,828) 

37.6 (24.1-58.1) 46.5 370 1,075,885 

3 U/I T Su 850 69.2 255 35.2 10,569  

(9633-11,123) 

54.6 (37.3-73.5) 3304  

(2432-4749) 

49.2 (5.12-136) 70.0 1837 8,179,635 

Au 3550 95.1 135+10* 0.58* 60,277  

(54,941-66,260) 

305 (70.9-716) 9038  

(8388-9743) 

141 (23.1-364) 96.2 2121 5,071,545 

4 U S Su 1000 18.6 195+65* 
 

3.65+0.28* 30,486  
(25,000-40,945) 

19.2 (12.7-31.4) 16,600  
(12,500-21,348) 

46.0 (7.75-99.6) 80.5 1982 101,400 

Au 1400 
 

1.86 450+460* 
 

16.4+4.0* 13,737  

(12,550-15,949) 

65.7 (52.2-85.1) 3978  

(3352-4972) 

516 (5.05-1525) 67.9 2011 166,500 

5 U/I T Su 3350 16.5 45+240* 
 

0.28+0.11* 36,730  
(35,185-39,431) 

129 (60.0-215) 9487  
(7648-11,257) 

142 (38.0-312) 98.7 32,077 1,110,375 

Au 2000 4.51 280+600* 
 

5.3+4.4* 37,373  

(31,809-43,035) 

127 (93.6-159) 7340  

(4677-11,300) 

59.1 (8.91-129) 86.0 37,567 5,596,920 
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3.3.2 MPs in sludge  

Blanks from the sludge analysis contained mainly viscose fibers and expanded 

polystyrene fragments. While expanded polystyrene fragments were not present in any 

of the sludge samples, viscose fibers were present in low numbers. To eliminate the 

potential contribution from airborne contamination, all viscose fibers were excluded 

from the data (Table A5).  

MPs in the raw sludge ranged from about 8000 to 60,000 MPs kg-1 dw, and from 

about 33 to 350 mg kg-1 dw (Table 3.1). In the processed sludge, concentrations 

ranged between about 3300 and 22,000 MPs kg-1 dw, and, in terms of mass, between 

21 and 516 mg kg-1 dw (Table 3.1). As can be seen from the range of measurements 

in Table 3.1, MP contamination in sludge is highly heterogeneous. Recent literature 

shows similarly heterogenous contamination patterns, with concentrations reported 

based on dry weight ranging from approximately 1500 to 170,000 MPs kg-1 dw (Sun et 

al. 2019). High variation occurred not only between different studies but also between 

different WWTPs within the same study. For example, Mintening et al. (2017) observed 

between 10,000 and 240,000 MPs kg-1 dw sludge across different WWTPs in 

Germany. Mass-based concentrations are, however, not commonly reported 

(Koyuncuoğlu & Erden 2021). 

While we found that the MP concentrations based on mass are generally 

comparable between the raw and processed sludge, based on particle counts, the 

concentration is much higher in raw sludge (Table 3.1). Raw sludge contained a 

significantly higher number of particles of all sizes but particularly the larger size 

fractions (> 150 µm; p = 0.004; Table A3). Degradation and fragmentation of MPs 

during sludge digestion and stabilization processes within wastewater treatment 

(Mahon et al. 2017) may explain why the raw sludge contained a higher number of 

large particles. In both sludge types, the majority of fibers were between 1000 and 

5000 µm (55% for raw sludge and 60% for processed sludge), while the majority of all 

other MPs (based on longest axis) were between 300 and 1000 µm (43 and 40%), and 

between 150 and 300 µm (40 and 35%) (Figure A2). In both raw and processed sludge, 

most MPs were fragments (6 - 82% with an average of 52% and 17 - 79% with an 

average of 56%, respectively) and fibers (16 - 93% with an average of 47% and 

19 - 83% with an average of 44%, respectively; Figure A1; Table B1). In general, the 
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concentration of fibers and fragments was higher in raw sludge (p = 0.018). A small 

number of glitters, granules and beads were found in the processed sludge (1.6%), 

and glitter, granules and pellets in the raw sludge (> 1%). Polyester and polyethylene 

were the most frequently recorded polymer types in the raw sludge, while 

polypropylene, polyester and polyethylene occurred most frequently in the processed 

sludge (Figure A3; Table B2). In raw sludge, 30 different polymer types, suspected 

paint fragments and tire particles were identified, while in processed sludge only 20 

polymer types were identified. Furthermore, based on abundance, polyethylene and 

polystyrene tended to be more abundant in raw sludge, while ethylene propylene diene 

monomer and silicone were more abundant in the processed one (p = 0.06). Due to 

the large heterogeneity of MPs in the samples, no clear pattern was observed whether 

any polymer types were preferentially emitted with the effluent or retained in sludge. 

MPs in sludge can enter terrestrial ecosystems if used as agricultural fertilizer, 

which is the case for 98% of the sludge produced at the investigated WWTPs. With 

repeated sewage sludge applications MPs may accumulate over time in soils 

(Corradini et al. 2019; Van Den Berg et al. 2020). Edo et al. (2020) estimated that the 

use of sludge on agricultural soils in the Madrid area could add up to 10 x 1013 MP 

particles per year. However, they found much higher MPs concentrations in sludge 

and soil amendments (133,000 ± 59 MPs kg-1 ww and 101,000 ± 10 MPs kg-1 dw, 

respectively) compared to the current study, which may be related to the lower size 

limit of 25 µm that was used. Soil amendments corresponded, in this case, to dry 

sludge pellets, which undergo thermal drying at 300°C as an additional step after 

digestion. In the summer months, the treated wastewaters from WWTP 3 are used for 

the irrigation of a golf camp, which may represent an additional source of MPs for the 

terrestrial environment.  

3.3.3. MPs in river water  

Blanks from April 2018 samples showed no presence of MPs, with only cellulose 

fibers observed (Table A6). Therefore, a negligible background contamination was 

assumed for all other water samples.  

MPs were found in all river water samples. At site 1, the MP concentration in 

river water was relatively low: up to 3.1 MPs m-3 or 0.89 mg m-3. Concentrations were 

around an order of magnitude higher at site 2 (up to 19.7 MPs m-3 or 4.0 mg m-3), and 
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about two orders of magnitude higher at site 3 (up to 227.0 MPs m-3 or 26.9 mg m-3). 

The highest concentrations were recorded during the spring sampling (Table 3.2). The 

most frequently observed particle morphologies were fragments (62 - 91%, with an 

average of 81%), followed by fibers and beads (Figure A1). Granules, films, glitter and 

foams were also detected (Figure A1; Table B1). According to the existing literature, 

fragments and fibers are the most frequently observed MPs types in river water, except 

for a few studies reporting significant contamination from beads or pellets (e.g. Lechner 

et al. 2014; Mani et al. 2016; Sarijan et al. 2021). Most fibers were 300 - 1000 µm in 

length (58% of all observed fibers; Figure A2). Smaller fibers below 300 µm were only 

observed at sampling site 2. The fiber size distribution was slightly smaller than that 

emitted by WWTPs in the effluent. Other MP types were largely between 55 and 

150 µm (41% of all particles) or 150 and 300 µm (41%) in size. Particles > 300 µm 

were less frequent.  

In total, 30 different polymer types, suspected paint fragments and tire particles 

were identified. Polyethylene was the most common polymer type followed by 

polypropylene (Figure 3.2; Table B3). Statistically significant differences between sites 

in terms of MP size (p = 0.004), particle type (p = 0.004), and polymer composition 

(p = 0.012) were observed (Table A3). Particles of all types and size categories 

dominated at site 3 over sites 1 and 2. The observed polymer distribution is 

comparable to other studies assessing MP contaminated river water, which also 

reported mainly polyethylene and polypropylene (Cera et al. 2020; Sarijan et al. 2021). 

Suspected tire particles, as well as styrene-butadiene rubber, were found at sites 2 

and 3, at very low concentrations (0.3 and 3%, respectively).  

Our study shows that MP pollution varies strongly depending on land-use and 

increases significantly in areas with anthropogenic activity and wastewater discharges, 

as observed by other researchers (Estahbanati & Fahrenfeld 2016; Vermaire et al. 

2017; Wang et al. 2017b; Tibbetts et al. 2018; Wu et al. 2020b). The concentration at 

site 2 was relatively low, despite the influence of untreated wastewater discharge and 

agriculture as potential sources.  

In addition to spatial variability in MP concentration, we also observed temporal 

fluctuations. This has been recently described by other studies looking at the spatio-

temporal distribution of MPs in rivers (Fan et al. 2019; Mintenig et al. 2020; Stanton et 
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al. 2020). Temporal variations seem to be strongly related to rain and storm events. 

For example, the considerable increase in MP concentration at site 3 during the spring 

sampling period (Table 3.2), may be related to the heavy rain events that occurred 

prior to the sampling day. High flow velocities have been linked to higher MP 

concentrations (Watkins et al. 2019; Mintenig et al. 2020), possibly due to MP re-

suspension from the sediment phase (Hurley et al. 2018a). Heavy rain and flood events 

may also result in an increased MP input from non-point sources, along with 

stormwater (Kataoka et al. 2019; Mak et al. 2020). In contrast, Fan et al. (2019) and 

Han et al. (2020) observed lower MP concentrations during the wet season probably 

due to a dilution effect caused by the precipitation. Therefore, MP river concentration 

may show low temporal variations under similar weather conditions but strong 

fluctuations after rainfall events (Cheung et al. 2019; Mintenig et al. 2020; Xia et al. 

2020). 

Table 3.2. Concentration of MPs in river water and sediment at different sampling sites and sampling 

events.  
 

 Water Sediment 

  MPs m-3 mg m-3 MPs kg-1 dw 

mean (min - max) 

mg kg-1 dw 

mean (min - max) 

Site 1  Summer 1.30 0.54 49.7 (0 - 99.4) 0.32 (0 - 0.91) 

Autumn  1.70 0.89 0 0 

Spring 3.10 0.84 11.1 (0 - 33.3) 0.01 (0 - 0.04) 

Site 2 Summer 7.03 4.00 32.9 (0 - 98.7) 0.073 (0 - 2.19) 

Autumn  2.10 1.73 49.6 (0 - 99.9) 0.04 (0 - 0.07) 

Spring 19.7 1.13 132 (0 - 246) 1.91 (0 - 5.53) 

Site 3 Summer 147 14.6 2630 (2466 - 2910) 33.6 (22.7 - 44.3) 

Autumn  75.8 9.63 1143 (896 - 1594) 11.4 (4.57 - 22.4) 

Spring 227 26.9 313 (195 - 347) 4.36  (0.60 - 9.16) 

 

3.3.4. MPs in river sediment  

MPs observed in the blanks were entirely composed of viscose fibers (Table 

A7), which were not observed in any of the sediment samples. 

The pattern of MP contamination in river sediments corresponded well to that 

described for the water samples. The lowest MP concentration was found at site 1 (up 

to 49.7 MPs kg-1 dw or 0.32 mg kg-1 dw), followed by site 2 (up to 132 MPs kg-1 dw or 

1.91 mg kg-1 dw), with the highest concentration observed at site 3 (up to 2630 MPs 
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kg-1 dw or 33.6 mg kg-1 dw sediment; Table 3.2). MPs in sediment consisted only of 

fragments (33 - 100% with an average of 87%) and fibers (0 - 67%; average: 13%) 

except for a small number of glitter particles recorded at sampling site 1 in summer 

(Figure A1; Table B1). In spring, only fragments were present at all sampling sites, 

suggesting that fibers may be preferentially exported during the high flow events 

characteristic of this season. Many studies report fragments or fibers as the dominant 

MPs in freshwater sediments and only in rare occasions other MP types (i.e., pellets, 

films) have been reported as dominant (Yang et al. 2021). In total, 19 different polymer 

types and paint fragments were identified. The polymer distribution in the sediment 

compartment was less diverse than in the water phase. Similar to river water, 

polyethylene was found to dominate in the sediments, followed by polypropylene. 

These polymer types were observed across all sediment samples (Figure 3.2, Figure 

A3), despite their low density compared to water. Alterations to particle density due to 

aging, biofilm formation, and heteroaggregation (Lagarde et al. 2016; Nguyen et al. 

2020; Wu et al. 2020a) may have contributed to their sedimentation. The majority of 

fibers were between 1000 and 5000 µm (63%), and most fragments, including glitter 

particles, were between 300 and 1000 µm (50%). The fraction of larger MPs was higher 

compared to the MPs in the water column, where most MP particles were smaller than 

300 µm (Figure A2).  

In addition to inter-site variability, seasonality also influenced sediment MP 

concentrations. Yet, in contrast to the water concentrations which were highest in 

spring, the sediment concentrations at site 3 were instead at their lowest in spring. This 

supports the assumption that MPs are resuspended from channel bed sediments 

during high flow and that sediments represent dynamic compartments, serving as 

temporary sinks or sources of MPs to the water column (Nizzetto et al. 2016a; Hurley 

et al. 2018a; Ockelford et al. 2020). It should be taken into account that sediment 

samples were taken from sandy and clayey areas from the sides of the riverbed, where 

lower flow conditions occurred compared to the center of the riverbed, which was 

typically made up of gravel and rocks. This may influence MP settling and 

accumulation, as both flow rate and grain size have been demonstrated to influence 

MPs concentration in riverbeds (Enders et al. 2019; Ockelford et al. 2020). Further 

research should investigate the spatial and temporal aspects of this trend and elucidate 

the role of river sediments throughout the annual regime of a river.  
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3.3.5. Wastewater contribution to river contamination  

We estimate that about 1.0 x 1010 MPs (or 389 kg), from which 1.5 x 109 MPs 

(or 6 kg) are fibers, enter the Henares River and its tributaries via wastewater annually 

(Table 3.3). This estimation is based upon the amount of treated and untreated 

wastewater being discharged to surface waters in the catchment, and the measured 

MP concentrations in the influent and effluent of the monitored WWTPs. Furthermore, 

based on the measurements taken at the mouth of the catchment (site 3), we estimate 

an annual MP export of approximately 4.1 x 1010 MPs (2.1 x 1010 - 6.2 x 1010 MPs) or 

about 4000 kg (2646 - 5331 kg), which is discharged into the Tagus River system. 

Fibers represent 3.3 x 108 - 1.4 x 109 MPs (0.23 - 175 kg), while the remaining 

1.9 x 1010 - 6.2 x 1010 (2472 - 7379 kg) are other MP types, mainly fragments. This was 

calculated based on the discharge for the Henares catchment for the period from May 

2017 to April 2018 (2.75 x 108 m3; Table A8) (CEDEX 2021). These calculations 

indicate that wastewater releases contribute approximately 15 to 50% of the total river 

MP contamination based on particle counts, but only about 7 to 15% based on particle 

mass. The sediment concentrations were not included in this calculation, which would 

reduce the estimated contribution from wastewater as a source of MP to the Henares 

River. Yet, potential sewage overflow due to heavy rain events was also not captured 

in this estimate, which may represent significant pulses of MP to the river.  

The total amount of wastewater entering the catchment was estimated to be 

5.2 x 107 m3 per year, of which 7.6 x 105 m3 was untreated. Wastewater, therefore, 

contributed approximately 1/5 of the total streamflow. The river discharge in our 

sampling period (May 2017 - April 2018) was comparable to the annual average of the 

past 20 years (2.66 x 108 m3). However, the annual discharge in 2017 was only half of 

this (1.36 x 108 m3) due to a dry Spring (Table A8). Wastewater may have therefore 

contributed a greater proportion in 2017 than in other years. Whilst this does not affect 

the total MP export, decreased streamflow may result in a lower dilution of MPs and 

therefore higher risk of exposure for aquatic organisms. Discharging untreated 

wastewater during low flow conditions may also influence the partitioning of MPs 

between the sediment and water phase, potentially creating hotspots of MP 

contamination (Woodward et al. 2021). Modeling of fluvial response and impacts 

related to climate change suggest a significant reduction in inputs (i.e., from 

precipitation and runoff) and greater interannual variability characterized by increased 
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drought risk for arid and semi-arid regions in Spain (Estrela et al. 2012). This could 

lead to the conditions of 2017 becoming the norm for the Henares River catchment, 

which would translate to an increased potential risk from MP exposure for aquatic 

organisms, which will already be under pressure from the other factors related to this 

environmental shift. This highlights the importance of local climate conditions on the 

potential significance of MP releases.  

Table 3.3. Estimated amount of MPs (in particle counts and mass) entering the Henares River 

catchment by wastewater.  

 
Amount of 

wastewater 

produced in 

the 

catchment in 

2017 in m3 

Concentration of MPs in 

wastewater   

Emitted into the river per 

year 

MPs m-3 

 

mg m-3 Number kg  

Treated urban and 

industrial wastewater  

49,225,286 161a 6.47a 7.9 x 109 318.7 

Untreated urban 

wastewater  

765,752 2439b 76b 1.9 x 109 58.2 

Treated industrial 

wastewater  

2,276,415 123c 5.5c 2.8 x 108 12.5 

Total amount  52,267,453   1.0 x 1010 389.2 
a based on a flow based weighted average in the sampled effluent 
b based on a flow based weighted average in the sampled influent 
c flow based weighted average of sampling WWTPs 1, 3 and 5 were used as an estimation as they were receiving 

in addition to urban also industrial wastewater, although the MP composition in industrial wastewater is expected 

to vary greatly based on the industrial sector. 

Wastewater largely represents a pathway for MPs from other sources, which 

converge and are concentrated within wastewater systems and as a result of 

wastewater treatment processes. Thus, the majority of MPs do not originate from the 

wastewater system itself. Improving treatment steps to retain more MP and assessing 

the processing and reuse of sludge represent potential mechanisms to reduce the 

environmental release of MP, but the original sources of MP to wastewater should also 

be addressed to make meaningful and long-term reductions in environmental 

contamination. The MP contamination recorded here was composed of a diverse suite 

of different particle morphologies and polymer compositions. Yet, insights from the 

contribution of potential sources emerged from the dataset. For example, a proportion 

of the polypropylene particles observed in this study shared a visual resemblance. 
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These particles were all green, approximately the same thickness, and are present as 

rectangular pieces that appear to fragment along their length. Figure 3.3 presents 

examples of these particles. One possible source could be artificial turf, which is often 

composed of green polypropylene shards (e.g., Morehouse 1992; Ekstrand et al. 2006; 

Watterson 2017). These particles were observed in all sample types investigated in 

this study, demonstrating that this source is an input to wastewater treatment systems. 

Some are transferred to the sludge, but a proportion is not captured by wastewater 

treatment processes and are discharged with WWTP effluents. The occurrence of 

these particles in river water and sediment may relate to wastewater releases, or other 

release pathways connecting the original source to the river channel, such as surface 

water runoff. Further work should refine such source apportionment exercise and 

unfold different transport pathways of MPs to river systems to help inform policy and 

mitigation strategies. 

 
Figure 3.3. Examples of green polypropylene fragments that share a visual resemblance, observed in 

all different sample types. The relevant particles are indicated with an arrow. The black scale bar 

represents 1000 µm in each image. 

The results of this study indicate that although wastewater is an important 

pathway of MPs to surface water contamination (explaining up to 50% of the total 

riverine load of MPs), other sources to river water and sediment are also relevant. 

Rivers are highly dynamic environments with a multitude of potential inputs, thus these 

sources are difficult to detect and quantify. For example, although we found a 

significantly higher MP concentration downstream of the WWTPs, this sampling point 
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was also influenced by urban and industrial areas. These environments are also known 

to represent sources of MP contamination to rivers (Kataoka et al. 2019). This explains 

the discrepancies in the assemblage of MP observed in the river samples versus the 

wastewater samples (Figures A1 - A3). Urban and agricultural runoff may constitute 

additional sources, although rain events, strong enough to produce water runoff, occur 

only rarely in the study area. Atmospheric fallout may be of lower importance as it has 

been shown to be made up mainly of fibers (Cai et al. 2017; Stanton et al. 2020), and 

therefore it is less likely to be the source of MP fragments. During the sampling events, 

macroplastics were observed at the river shores and directly in the water close to 

sampling site 3 (Figure A4). Those plastics have possibly served as a source for MP 

fragments, which were the main MP type observed in river water and sediment. The 

contribution of each of these different sources to the total MP loads in the Henares 

River catchment will be evaluated in a follow-up study using the INCA model described 

by Nizzetto et al. (2016b). 

3.3.6. Analytical challenges and sample harmonization 

The results reported for wastewater and sludge are characterized by a 

discrepancy between count and mass-based concentrations. This was largely 

governed by the high proportion of fibers, which typically contribute less to the total 

mass based on their low particle volume compared to other particle types. MP counts 

and mass concentrations in river water and sediment − which mostly contained 

fragments − were in better agreement. Discrepancies between count and mass-based 

concentrations have been observed previously (Kataoka et al. 2019; Constant et al. 

2020). This disparity has the potential to result in different trends being described for 

MP contamination in the environment. Mass represents a more robust metric for the 

comparison of total plastic loads amongst studies, due to the fact that MPs may 

fragment during MP sample processing and analysis (Simon et al. 2018). On the other 

hand, the possibility to report particle counts and describe individual particle 

characteristics such as size, shape, and polymer composition, is more important for 

environmental risk assessment. These factors determine the ability of organisms to 

ingest MPs and are likely to influence the associated risk (e.g., Carbery et al. 2018). 

Currently available methods for assessing these variables are typically costly and time 

intensive. Additional work is required to produce mass-based estimates for these 

particles. This is in contrast to methods that provide outputs as mass-based 
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quantification, such as pyrolysis gas- chromatography mass-spectrometry, which may 

be more time and cost efficient but does not assess factors such as particle size or 

shape (Hendrickson et al. 2018; Mintenig et al. 2018). In addition, pyrolysis-based 

mass-spectrometry methods require that problems of sample homogenization and 

representativeness are first solved, as a single particle may already saturate the 

detector. Thus, the analytical method used here represents a valuable synthesis to 

produce datasets useful for different scopes. Aligning datasets that report count or 

mass-based concentrations across differing size ranges is important. Kooi and 

Koelmans (2019) suggested using continuous probability distributions to allow a 

comparison between studies using mass and count-based data and to fill in the gaps 

on small-sized MPs assessment, which are below the sampled threshold. Further work 

to harmonize this process and test its application should be undertaken. 

3.4. Conclusions  

This study represents one of the first investigations assessing the role of 

wastewater as a release pathway for MP contamination at the river catchment scale 

under semi-arid conditions. Moreover, it describes the spatio-temporal variability of MP 

exposure over a gradient of anthropogenic pressures. We show that WWTPs, despite 

retaining a large number of MPs, provide (together with minor untreated wastewater 

discharges) about 15 - 50% of the MPs river catchment discharge. We did not observe 

any influence of the different wastewater treatment types on the MP removal efficiency. 

MP river concentrations varied strongly based on land-use, increasing significantly 

downstream of urban and industrial areas. Seasonality influenced the observed MP 

concentrations, with increasing water concentrations during spring. To identify and 

quantify different sources and better understand resulting contamination patterns in 

environmental settings, high resolution temporal and spatial sampling may be 

necessary. This may also help to detect and quantify as yet less well-constrained MP 

sources to river catchments, including sources that are both spatially and temporally 

variable. Potential additional sources that warrant further attention include the 

occurrence of macroplastic contamination in the catchment and their potential to form 

MPs, and the fate of MPs after applied with sewage sludge to agricultural fields, which 

may reach aquatic systems via surface water runoff.   
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Abstract  

Sewage sludge used as agricultural fertilizer has been identified as an important 

source of microplastics (MPs) to the environment. However, the fate of MPs added to 

agricultural soils is largely unknown. This study investigated the fate of MPs in 

agricultural soils amended with sewage sludge and the role of surface water runoff as 

a mechanism driving their transfer to aquatic ecosystems. This was assessed using 

three experimental plots located in a semi-arid area of Central Spain, which were 

planted with barley. The experimental plots received the following treatments: (1) 

control or no sludge application; (2) historical sludge application, five years prior to the 

experiment; and (3) sludge application at the beginning of the experiment. MPs were 

analyzed in surface water runoff and in different soil layers to investigate transport and 

infiltration for one year. The sewage sludge used in our experiment contained 

5972 - 7771 MPs kg-1 dw. Based on this, we estimated that about 16,000 MPs were 

added to the agricultural plot amended with sludge. As expected, the sludge 

application significantly increased the MP concentration in soils. The control plot 

contained low MP concentrations (31 - 120 MPs kg-1 dw), potentially originating from 

atmospheric deposition. The plot treated five years prior to the experiment contained 

226 - 412 and 177 - 235 MPs kg-1 dw at the start and end of the experiment, 

respectively; while the recently treated plot contained 182 - 231 and 

138 - 288 MPs kg- 1 dw. Our study shows that MP concentrations remain relatively 

constant in agricultural soils and that the MP infiltration capacity is very low. Surface 

water runoff had a negligible influence on the export of MPs from agricultural soils, 

mobilizing only 0.2 - 0.4% of the MPs added with sludge. We conclude that, in semi-

arid regions, agricultural soils can be considered as long-term accumulators of MPs.
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4.1. Introduction  

Wastewater treatment plants (WWTPs) are important pathways for 

microplastics (MPs) into the environment (Nizzetto et al. 2016c; Ziajahromi et al. 2016). 

MPs are efficiently retained during wastewater treatment, mainly during mechanical 

treatment and sludge settling processes (Murphy et al. 2016; Leslie et al. 2017). It has 

been estimated that about 60 to 99% of MPs in WWTP inflow waters are ultimately 

transferred into sewage sludge, in which MP concentrations from around 1000 to 

186,700 MPs kg-1 dw have been reported (Gao et al. 2020). As sludge is rich in organic 

matter and nutrients, it is commonly used as an agricultural soil conditioner or fertilizer 

and has been shown to enhance soil properties by increasing the microbial activity and 

improving carbon and nitrogen mineralization processes, as well as some enzymatic 

functions (Roig et al. 2012). Around 35% of the sludge produced in Europe is applied 

on land (Table S1). In some countries, such as Spain, about 80% of the sludge 

produced by WWTPs is applied to agricultural soils, thus constituting a major 

environmental pathway for MPs (Rolsky et al. 2020). The relevance of sludge as a MP 

input source into soil ecosystems has been investigated recently (Corradini et al. 2019; 

Crossman et al. 2020; Van Den Berg et al. 2020; Zhang et al. 2020). These studies 

show that sludge applications increase the MP content in soils and that successive 

sludge applications can lead to considerable MP accumulation. Other sources of 

plastic pollution into agricultural soils include compost, plastic mulching, wastewater 

irrigation, road runoff, atmospheric deposition, and littering (Bläsing & Amelung 2018; 

Piehl et al. 2018; Corradini et al. 2019; Huang et al. 2020; Zhang et al. 2020). Hence, 

also soils never treated with sludge can become contaminated by MPs.  

To date, there is a paucity of information on the fate of MPs in agricultural soils. 

MP fate may depend on the polymer type, size, and morphology of the MPs. Smaller 

MPs, for instance, may be more readily transported into deeper soil layers (Liu et al. 

2018; O’Connor et al. 2019). The fate of MPs in agricultural soils may also depend on 

the environmental conditions, soil characteristics and agricultural management (Zhang 

et al. 2020; Kim et al. 2021b). Due to soil tillage and bioturbation, MPs may be 

translocated into deeper soil layers (Huerta Lwanga et al. 2017a; Maaß et al. 2017; 

Rillig et al. 2017a; Zhang et al. 2020; Kim et al. 2021b), which can hinder photoinduced 

degradation and disintegration processes (De Souza Machado et al. 2018), thus 

increasing their persistence. For example, synthetic fibers have been shown to remain 
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for more than 15 years in sludge-amended soils (Zubris & Richards 2005). While there 

are several studies indicating that MPs are relatively persistent in soils, other studies 

point at environmental processes that contribute to their transport and dissipation, such 

as water runoff (Crossman et al. 2020; Kim et al. 2021b). However, the efficiency of 

vertical and lateral water flows in mobilizing MPs from soil to freshwater ecosystems 

has not been studied empirically thus far (Schell et al. 2020). Obtaining this information 

is especially relevant to assess the environmental risks of MPs and to support 

appropriate sludge management.  

Therefore, this study aimed to assess the fate of MPs applied with sewage 

sludge to agricultural soils and their transport to surface water ecosystems using 

experimental plots. We assessed to what degree MPs are retained by agricultural soils, 

their infiltration capacity into deeper soil horizons, and their capacity to be mobilized 

from agricultural soils due to transport via surface water runoff. Furthermore, this study 

provides first estimates of MP loads emitted from agricultural soils into freshwater 

ecosystems and discusses potential implications for sustainable sludge applications in 

European agriculture.  

4.2. Material and Methods  

4.2.1. Experimental set-up  

This study was carried out at the Madrid Institute for Rural, Agricultural and Food 

Research and Development (IMIDRA), which is located near Madrid (Central Spain). 

The area is characterized by a semi-arid climate, with an average yearly rainfall of 

430 mm (data 1957 - 2000), mainly concentrated during spring and autumn. The 

experiment was set up on an agricultural field without historical sewage sludge 

application, which was assured by records of the experimental farm. Three agricultural 

plots (2m2; Figure S1) with comparable soil characteristics, composition (Table S2), 

and a slope of 5% (facing south-east) were prepared. Each plot received a different 

treatment. Plot 1 served as a control (no sludge application). Plot 2 was prepared with 

soil from an adjacent field (located approximately 150 m north-west of the test plots) 

to which sludge (5 kg m-2 ww) was applied only in 2013 (i.e., five years prior to the start 

of the experiment). To prepare this plot, the upper 15 to 20 cm of sludge treated soil 

were removed using an excavator. During this process, the original soil structure was 

impaired; however, the transportation of soil to the experimental plot was required to 



Microplastics in Agricultural Soils and Surface Water Runoff 
 

 82 

allow planting the same crop and to ensure the same environmental conditions. Plot 3 

was treated with sewage sludge immediately prior to the start of the experiment. The 

sludge was applied following standard agricultural practices in the region, using a dose 

of 5 kg m-2 ww (1.1 kg m-2 dw). After spreading it over the agricultural plot surface on 

October 30th, 2017, it was left to dry for two days. The sludge was then manually 

incorporated into the soil using a hoe to a depth of approximately 10 cm. All plots were 

sown with barley (Hordeum vulgare, 350 seeds m-2) on November 24, 2017. The barley 

was harvested on July 4, 2018. Subsequently, the soil was manually plowed, 

mimicking regular agricultural procedures for soil aeration and preparation for the next 

crop. The experiment was terminated on October 14, 2018. Details on the source and 

handling of the sludge used in Plot 3 are outlined in the Supporting Information (SI). 

4.2.2. Soil sampling 

The migration of MPs into deeper soil horizons was assessed by taking samples 

in all plots at the start and the end of the experimental period, producing soil samples 

for three different soil horizons: 0 - 5, 5 - 10, and 10 - 15 cm. The soil below 15 cm was 

very compacted, which hampered the sampling of deeper soil layers. At the start of the 

experiment, 5 samples of each soil horizon were taken with a stainless-steel core 

sampler (Ø 4 cm) with minimal disturbance of the experimental plots. Each sample 

contained about 50 - 100 g of soil. Since the soil samples taken at the start of the 

experiment showed a very heterogeneous MP distribution, the sample volume was 

increased for the sampling at the end of the experiment. Five samples of each soil 

horizon were taken with a metal shovel, which contained approximately 500 g each. 

Soil samples were transferred into glass jars and stored at room temperature until 

further analysis.  

4.2.3. Runoff sampling 

Surface water runoff was collected from the experimental plots during the 

12 months of the experiment using runoff collectors modified after Pinson et al. (2004). 

The collectors were made entirely of metal. The runoff was collected through a metal 

pipe into a metal bucket (Figure S1), which was emptied following each rainfall event 

that generated runoff. The buckets used for runoff water collection were kept covered 

to avoid air contamination. Runoff volume from the plots was measured, 

preconcentrated by filtering it through a 20 µm plankton net and transferred into glass 
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bottles. The buckets and nets were carefully rinsed with filtered (0.22 µm) Milli-Q water, 

which was also transferred into the bottles.  

Runoff samples collected from the three plots after the first rain event were 

unfortunately lost during shipment to the NIVA MP laboratory (Norway). This 

unfortunate event was considered to be of critical importance for the results of the 

study since, in Plot 3, sludge was added recently, and MPs were most likely present 

on the soil surface where erosion would be maximal. For this reason, this part of the 

runoff experiment was repeated (for further details, see SI). During two rain events in 

March 2018 and one in October 2018, runoff unexpectedly exceeded the capacity of 

some of the collecting buckets. The overflow volume was monitored, and data were 

corrected accordingly.  

4.2.4. MP analysis 

4.2.4.1. MP extraction  

Surface water runoff samples contained both water and some soil material. The 

overlying water was carefully decanted, vacuum filtered onto Whatman GF/A 

(Ø 47 mm) filter papers and retained for analysis. The soil material was subjected to 

two freshwater density extractions (filtered (0.22 µm) RO water; ρ = 1.0 g cm-3) 

followed by two saturated NaI solution (ρ => 1.75 g cm-3) extractions to isolate higher 

density plastic particles. The overlying liquid of each extraction step was filtered onto 

a new filter paper and retained for visual analysis and chemical characterization (see 

below).  

Soil and sludge samples were dried at 50°C for 48 hours and homogenized 

using a stainless-steel sample splitter (Haver RT; Haver & Boecker, Germany). Three 

75 g subsamples were taken from each soil sample, with the exception of the control 

sample at 10 - 15 cm and the historical application at 10 - 15 cm for which a lower sub-

sample amount was used, as the collected sample volume was not sufficient (Table 

S3). MPs were isolated from the soil using two density separation extractions using 

saturated NaI solution (ρ => 1.75 g cm-3). Soil samples had a high organic content and 

required treatment with 30% (v/v) H2O2. After organic matter removal, the samples 

were filtered onto Whatman GF/A (Ø 47 mm) filters and retained for analysis.  
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For the sewage sludge, three 10 g subsamples were processed. The organic 

matter content was reduced by treating the samples with Fenton’s reagent, followed 

by two freshwater density extractions (ρ = 1.0 g cm-3). Following this, two high density 

extractions were performed using a saturated NaI solution (ρ => 1.75 g cm-3). Each 

density extract was filtered onto a separate Whatman GF/A filter paper. Full details of 

the MP extraction procedure for all sample types are outlined in the SI. 

4.2.4.2. Quality assurance/quality control (QA/QC) 

All sample processing was performed in the NIVA MP Laboratory, which is a 

positive pressure room with HEPA-filtered (class H13) air input. Several contamination 

reduction procedures are in place, including the use of natural fiber clothing and lab 

coats, removal of loose fibers using a lint roller upon entry to the laboratory, and regular 

removal of dust from all areas of the laboratory. All steps during which samples were 

exposed to the laboratory environment (e.g., during weighing or sample 

homogenization) were undertaken in a laminar flow cabinet inside the MP Laboratory, 

to further reduce the potential for contamination. Samples were kept covered at all 

other stages of processing. All laboratory water or solutions used in the sample 

processing were pre-filtered (0.22 µm for RO water, 1.2 µm for NaI and H2O2) prior to 

use. All containers were rinsed with filtered RO water three times before use, to remove 

any potential contamination. 

A total of three blanks were included for each batch of samples that were 

processed. These were combined procedural, container, and solution blanks, that were 

treated to an identical sample processing procedure within each sample batch. All 

suspected MPs found in the blanks were treated to the same visual and chemical 

characterization as in the environmental samples. The method used in this study has 

previously been validated using spiked samples for a range of MP particle types in 

Hurley et al. (2018b) and Crossman et al. (2020). 

4.2.4.3. Visual analysis 

All filter papers were first visually analyzed for MP particles following Lusher et 

al. (2020). Based on the inclusion of this visual analysis step, a lower size limit of 

detection of 50 µm was set for all the samples. Each filter was traversed at 

20 - 50 x magnification using a Nikon SMZ 745T stereomicroscope. All suspected MPs 
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were photographed using an Infinity 1 camera and their long and short dimension were 

measured using the Infinity Analyze (v.6.5.4) software package, following calibration 

using a measurement standard. In addition, the depth axis of each particle was 

estimated to the nearest 25 µm. The particles were classified by size and shape (bead, 

fiber, film, fragment, glitter, granule). Beads were defined as spherical particles; fibers 

as textile fibers/threads with an elongated shape and cylindrical form indicating 

extrusion; films as particles with a thickness of 10 µm or below; fragments as irregularly 

shaped particles that derive from the breakdown of larger plastic items; glitter as 

particles that have a reflective layer embedded within plastic with a shape that is 

hexagonal or formerly hexagonal (in the case of broken glitter pieces); and granules 

as semi-rounded particles with similar depth and width dimensions. Additionally, a 

small number of fiber bundles that could not be untangled were recorded as such.  

4.2.4.4. Chemical characterization 

All suspected MP particles were further chemically characterized to confirm their 

plastic composition. Large MPs (> 300 µm; excluding fibers) were analyzed using an 

Agilent Cary 630 ATR-FTIR equipped with a diamond crystal. Small MPs and all fibers 

(50 - 300 µm) were analyzed using a Perkin Elmer Spotlight 400 µFTIR in transmission 

mode. Each spectrum was compared to a series of commercial (PerkinElmer Polymer 

library, Agilent Polymer library), open source (Primpke et al. 2018), and in-house 

libraries and were manually verified to confirm the polymer type. In the soil samples, 

6% of the particles were lost after visual inspection prior to chemical characterization, 

while transferring them to the diamond compression cell. Across the remaining 

particles, 85% of all suspected MP particles were confirmed by FTIR to be plastic and 

15% as non-plastic particles. Therefore, 15% of the lost particles were randomly 

excluded as non-plastic particles. The datasets presented here represent the MP 

component only. Full details of the chemical characterization are outlined in the SI. 

4.2.5. Particle mass estimation 

Following physical and chemical characterization of MP particles, the mass of 

each particle was estimated. This utilized the three analyzed axes related to the size 

of the particle to provide an estimate of particle volume. The calculation used to assess 

volume differed for different morphologies: fibers were treated as cylinders; fragments, 

films, glitter and granules were treated as cuboids; beads were treated as spheres; 
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and fiber bundles were treated as cuboids and then divided to reflect the estimated 

percentage of the cuboid that was taken up by fiber versus empty space. Particle 

volume was converted to mass using the density of the polymer of each particle, as 

identified by FTIR analysis. Polymer density was established from a literature search, 

where the most commonly reported densities for each polymer were used (Table S4). 

For particles lost prior to FTIR analysis a density of 1 g cm-3 was assumed.  

4.2.6. Statistical analyses 

To test significant differences between soil MP concentrations at the start and 

end of the experiment, t-tests were applied. All soil data were checked for normality 

using Shapiro-Wilk's tests. To assess statistical differences between soil treatments, 

analysis of variance (ANOVA) was performed, followed by Tukey tests. Data not 

meeting requirements for parametric testing were tested using Kruskal-Wallis tests. All 

analyses were done using R version 4.0.3 (R Core Team, 2020). Statistically significant 

differences were assumed when the calculated p-value was < 0.05. 

4.3. Results and Discussion  

4.3.1. MPs in sludge  

Blanks from the sludge analysis (n = 3) contained only non-plastic particles 

(Table S5). The MP analysis of the sludge samples shows that the count-based 

concentration of MPs > 50 µm in sludge was around 7000 MPs kg-1 dw (Table 4.1). 

Only a small numerical fraction (< 3%) of plastics was > 5000 µm in their longest 

dimension, which comprised almost 25% of the mass (Table S6). MPs in the sludge 

consisted of fragments (48 - 56%), of which most were < 500 µm, and fibers 

(44 - 52%), of which most were > 1000 µm (Figure S2; Table S7). No other shapes 

were observed. 

Table 4.1. MPs in sludge applied to the runoff plot treated with sludge at the beginning of the experiment 

(n = 3). Plastic particles > 5000 µm that were observed were between 5000 and 6000 µm with one 

exception that was 11,750 µm.  
 Mean particle count in        

kg-1 dw (min - max) 
Mean estimated particle 
mass in mg kg-1 dw  
(min - max) 

Including plastics > 5000 µm 7266 (6351 - 7956) 74.4 (53.6 - 115.4) 

MPs 50 - 5000 µm 7078 (5972 - 7771) 56.1 (52.1 - 60.6) 



Chapter 4  

 87 

Fifteen different polymer types were identified in addition to a type of paint for 

which the specific polymer type could not be further determined. Fragments consisted 

mainly of polyethylene, followed by polypropylene, whilst fibers were mostly composed 

of polyester, followed by polypropylene and acrylic (Figure S3; Table S8).  

4.3.2. MPs in soil  

Blanks from the soil analysis (n = 18) contained mainly non-plastic particles and 

three MP particles (Table S9), hence the background contamination was judged to be 

negligible, and no data corrections were made. The control soil (Plot 1) contained on 

average 57 (31 - 84) MPs kg-1 at the start and 99 (79 - 120) MPs kg-1 at the end of the 

experiment. The historically treated plot (Plot 2) contained 330 (226 - 412) and 204 

(177 - 235) MPs kg-1 and the recently treated plot (Plot 3) contained 215 (182 - 231) 

and 211 (138 - 288) MPs kg-1, at the start and the end of the experiment, respectively 

(Figure 4.1A). These concentrations refer to MPs < 5000 µm. Concentrations including 

plastic particles up to 12800 µm (maximum length measured) are shown in Table S10. 

At the start of the experiment, the concentrations were significantly higher in the plot 

that received the historical application (p = 0.003) and the plot that received the recent 

application (p = 0.04), compared to the control. No statistically significant differences 

were observed between the historical and recent application (p = 0.12). At the start of 

the experiment, the total MP concentrations were not significantly different from the 

concentrations at the end of the experiment in any of the investigated plots, indicating 

losses resulting from runoff or other processes were likely small and that MP 

concentrations in soil are relatively stable over time. This is further supported by the 

similar concentrations measured in the historical and recently treated plot. In the 

control plot, the concentration slightly increased at the end of the experiment, but this 

could be an effect of the larger soil volume taken in the last sampling.  

In general, fibers were by far the most commonly observed MP type (44 - 91%) 

in soil, followed by fragments (4 - 44%; Figure S4; Table S11 and S12). Most fibers 

were > 1000 µm in size, with exception of fibers in the upper layers (0 - 5 and 

5 - 10 cm) of the historically treated plot at the start of the experiment, where a higher 

proportion of fibers < 1000 µm was observed. Most other MP types were < 500 µm, 

with almost no particles > 1000 µm (Figure S2). A small fraction of particles > 5000 µm 

were observed (Table S13 and S14). The presence of fibers in soil has previously been 
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related to sewage sludge application (Habib et al. 1998; Zubris & Richards 2005; 

Corradini et al. 2019). However, the current study shows that soil without historical 

sludge application can also contain MP fibers, which may originate from atmospheric 

deposition (Cai et al. 2017; Allen et al. 2019). The most common polymer types in the 

soil samples were polyester (22 - 53%) and acrylic (22 - 37%; Figure 4.1B; Table S15 

and S16). A higher polymer diversity was observed in the soils amended with sludge 

compared to the control. At the start of the experiment 12 different polymer types were 

observed in total, and at the end of the experiment 20 were detected. Higher sample 

volumes taken at the end of the experiment may be more representative of the polymer 

diversity and less affected by the heterogeneous distribution of MPs observed in the 

soil.  

 
Figure 4.1. MPs detected in soils, subjected to different sludge treatments, at the start and the end of 

the experiment reported by A) mean, min and max (error bars) concentration (MP kg-1) per experimental 

plot; B) polymer type observed at the start of the experiment (Start) and the end of the experiment (End); 

and C) mean, min and max (error bars) concentration (MP kg-1) according to different soil sample depth 
(0 - 5 cm; 5 - 10 cm and 10 - 15 cm). Statistically significant differences compared to the control are 

indicated by asterisks (*), while significant differences between the start and the end of the experiment 

are indicated by asterisks in between dashes (-*-).  
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Regarding the vertical distribution in soil, MPs were found to be more abundant 

in the uppermost layer in all plots, both at the start and end of the experiment (Figure 

4.1; Table S10). In the plot receiving the recent application, a trend of MP infiltration 

towards lower soil layers was observed, with a slight increase in the number of MP 

particles at the end of the experiment in the intermediate and bottom layers (Figure 

4.1C). No clear influence of MP properties (i.e., size, shape, and polymer composition) 

on their vertical distribution in soil was observed. Soil properties likely impact the 

integration of MPs into soils and their lateral and vertical transport through them. The 

analyzed soils were fine textured with a high silt content, and low organic matter 

content (Table S2). Coarse textured soil with larger pore spaces may allow for a higher 

infiltration compared to the soils analyzed here. Crossman et al. (2020) − who 

monitored MP concentrations in soils with and without biosolid application in Ontario, 

Canada − observed that in a field with lower soil density, MP abundance increased 

over time at deeper layers (10 - 15 cm) and MPs were better retained in this soil during 

heavy rainfall events, compared to MPs in soils with higher densities. Additionally, the 

MP size may affect the vertical movement. It has been shown using soil column 

experiments that smaller MPs have a greater movement potential, and that the 

migration depth significantly increases with an increasing number of wet-dry cycles 

(O’Connor et al. 2019). However, the smallest particle size (21 µm) investigated by 

these authors was below the size threshold considered in the current study.  

Results for mass estimates show different patterns compared to those derived 

from the analysis of MP counts (Figure S5). Different replicates showed a higher 

variation based on mass, caused by a few large and therefore heavy fragments with 

an estimated mass of > 0.1 mg. Following the estimation frame, the mass of a particle 

is fundamentally linked to the particle size (e.g., measured by the length along three 

main direction) through a cubic power law. This explains why a few rare, large particles 

can have a large influence on total mass estimates. This behavior obviously also 

amplifies the uncertainty associated to the relatively low resolution of the sampling to 

consistently detect such rarer particles. For example, a very high mass-based 

concentration was observed at the end of the experiment in the recently treated plot, 

which was caused by one large polyethylene particle of 1 mg in the 10 - 15 cm soil 

layer.  
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Comparing MP contamination between studies reporting MP in estimated mass 

data and particle count is a useful exercise. Obtaining robust mass estimates is 

possible if sampling effort is properly sized, enabling consistent observations of rare 

large particles. Increased resolution can be achieved by increasing the size of 

individual soil samples or increasing the frequency and total number of observations. 

While the first case seems a more cost-efficient approach, processing large samples 

through multiple extraction, clean-up, particle detection and counting steps imposes 

serious analytical hindrances. A consolidated theoretical frame for optimizing sampling 

effort that simultaneously considers expectation of MP contamination characteristics 

and analytical limitations is not yet available. The results presented here provide some 

useful insights into the challenges and current limitations for MP assessment in soils, 

especially concerning the large heterogeneity of their spatial distribution (even when 

operating at relatively small scales) and their physical characteristics. Taking this into 

consideration, assessing the particle shape, size, and counts should be considered as 

a priority in soil MP assessment as impacts on both the soil properties and organisms 

are likely to depend more on these particle characteristics (De Souza Machado et al. 

2018, 2019; Boots et al. 2019).  

4.3.3. MPs in surface water runoff  

Blanks from the runoff analysis did not contain MPs (Table S17). The observed 

annual precipitation during the study period (490 mm) was comparable with the long-

term average annual precipitation for the study area (430 mm), and individual rainfall 

events within the study period were considered as representative for the study area 

too (Table S18).  

From a visual inspection of the soils, it appeared that there was a slight 

difference in texture, which may have determined the observed difference in runoff 

generation between soil plots (Figure S6A; Table S18). Furthermore, the recent 

addition of sludge as a soil amendment expectedly affects water infiltration rates and 

hydraulic properties of soil, contributing to a reduction in the volume of macropores 

that favor runoff (Mamedov et al. 2016). The repeat of the first runoff events of the 

study confirmed that these events did not yield a significantly higher MP mobilization 

compared to subsequent events and was therefore excluded from the data analysis 

(see SI section S3 for further details). During the runoff events, in which some runoff-
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collector buckets were overflowing due to unexpectedly high runoff formation (Table 

S18), the water loss appeared to be minimal for the control and the historically treated 

plot. Although the collector buckets were embedded in the soil and weighted down 

(Figure S1), the bucket from the recently treated plot had tipped to the side slightly 

during these three runoff events, causing additional water loss. During the last of these 

runoff events, runoff from the recently treated plot was completely lost. This is not 

expected to have substantially affected the results, as measured MP levels in runoff 

samples from events where overflowing occurred were comparable to those observed 

during runoff events capturing the total runoff volume (Table S18). For the two runoff 

events from the recently treated plot during which the total runoff was lost (first and last 

runoff event), data was corrected for the mass balance estimations.  

MPs were mobilized by runoff from all plots, yet in very small numbers, as shown 

in Figure 4.2. The highest average MP concentration in runoff water was obtained from 

the recently treated plot and was 1.6 MPs L-1 (total MP number observed in runoff 

during the study period divided by total runoff volume collected). In this plot, the MP 

concentration in individual runoff events ranged between 0 and 14 MPs L-1. Runoff 

water from the historically treated plot contained 0.5 MPs L-1 (0 - 0.7 MPs L-1), and 

from the control plot 0.12 MPs L-1 (0 - 2.5 MPs L-1; Table S18). The same pattern was 

observed based on mass concentration (Table S19).  

In terms of MP mobilization from surface area, about 4 MPs m-2 were mobilized 

from the control plot over the period of one year, while 6.5 MPs m-2 were mobilized 

from the plot subject to historic sludge application. From the recently treated plot, 

17.5 MPs m-2 were mobilized. Considering corrections applied to account for lost 

runoff, this value may be up to 31.5 MPs m-2 (Table S20). Despite similar soil MP 

concentrations in the recently and historically treated plots, the concentration and total 

number of MPs in runoff water was much lower in the historically treated plot than in 

the recently treated plot. Possible reasons for this may be that: i) MPs in recently 

treated soils are more mobile as they are less well incorporated into the soil matrix, 

and/or ii) particles with physical/chemical characteristics more prone to be mobilized 

by runoff (e.g., low density polymers, more regular morphologies) were lost from the 

soil in the historically treated plot well before the beginning of the experiment.  



Microplastics in Agricultural Soils and Surface Water Runoff 
 

 92 

No direct relationship was found between the total MP count in the runoff and 

the rainfall volume (Figure S6B). However, there was a trend towards a positive 

correlation between the mass of soil exported via runoff and the number of MPs 

detected in the total runoff material (Figures 4.3 and S7). This suggests that there may 

be some similarities in the thresholds for the mobilization of both soil and MP particles 

in surface water runoff.  

 
Figure 4.2. MP concentration (MPs L-1) in the runoff water from the different sludge application 
treatments (C= control; H = historic application; R = recent application) aggregated for the whole 

experimental period (one year). The pie charts show the distribution of particle shapes.  

Fragments were the dominant particle type (62 - 88%) in runoff from all three 

plots. Fibers represented only 0 - 31% and were absent in the runoff from the control 

plot (Figure 4.2; Table S21). This indicates that fragments are more easily mobilized, 

while fibers are preferentially retained in the soil compartment. The increased fiber 

retention could be explained by their morphology, which may promote a more efficient 

entangling in soil aggregates compared to fragments. MPs in runoff were ≤ 3420 µm 

in size (Figure S3; Table S22). In total, 12 different polymer types were observed. 

Polyethylene (48%), polypropylene (18%) and polyester (16%) were the most common 

polymers in the runoff (Figure 4.2; Table S23). The prevalence of polyethylene and 
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polypropylene, which are both less dense than water, may suggest that low density 

polymers are also preferentially mobilized. 

 
Figure 4.3. Total mass of soil material transported by runoff into the collector bucket (grams) and 

number of MPs detected in the runoff from the recently treated plot. NA in indicates that runoff occurred 

but the measurement was lost.  

4.3.4. Mass balance and upscaling  

Based on the MP concentration in sludge and the mass of sludge added to the 

plot, about 16,000 particles or 164 mg were added to the recently treated experimental 

plot (Table 4.2). This includes plastic particles up to 12,800 µm (maximum particle 

length observed). According to the soil analysis results, approximately 80,000 MPs or 

364 mg of MP were calculated to be present in the recently treated soil plot (2 m2 with 

a depth of 15 cm) at the start of the experiment. Thus, the calculated MP count in the 

soil plot was twice as expected, considering the background contamination based on 

the MP presence in the control soil (22,200 MPs) and the MPs added by sludge (16,000 

MPs). The calculated mass-based estimate, however, was found to be congruent with 

the MP mass added at the start of the experiment and the background contamination 

(Table 4.2).  

In the current experiment, the MP concentration in soil did not significantly 

change over the period of one year. The persistence of MP in soil is reinforced by the 

very low losses measured through runoff. Based on count-based data, we estimate 
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that about 0.2 - 0.4% (measured value - value corrected for lost runoff events) of the 

MPs added by sewage sludge, and about 0.04 - 0.08% the MPs measured in the soil, 

were exported via surface water runoff in one year. Regarding mass-based data, we 

estimate that 0.3 - 0.6% (2.3 - 4.1%; considering the mass of one silicone particle that 

influence the data greatly) of the MPs added by sludge to the soil, and 0.1 - 0.2% 

(1.0 - 1.8%) of the MPs present in the soil, were exported by runoff. The mass-based 

export is higher as mainly fragments were transported by runoff, which tended to have 

a higher mass compared to fibers.  

Based on the MP concentration observed in sewage sludge in the current study 

and the estimated sludge volume applied to agricultural soils in Spain (941.6 thousand 

tons; Eurostat, 2020), it can be estimated that 5.9 x 1012 - 7.5 x 1012 MPs or 

5.0 x 104 - 1.1 x 105 kg MPs are added to soils annually in this country. This is a rough 

estimate, as observed MP concentrations in sludge vary greatly, not only between 

different WWTPs but also between different sampling events at the same WWTP 

(Schell et al. 2021).  

Our results show that most of the MPs applied by sewage sludge are retained 

in the soil (> 99% based on count-based data or > 95% based on mass-based data). 

Thus, it can be assumed that soils act as important long-term stores of MPs, with 

repeated sludge applications leading to MP accumulation over time. The estimated 

annual runoff emissions from agricultural settings in Spain are in the range of 

1.2 x 1010 - 3.0 x 1010 MPs (assuming the observed 0.2 - 0.4% export for count-based 

data) or 150 - 4455 kg MPs (considering the observed 0.3% - 4.1% export for mass-

based data). It is important to note that not all MPs removed from soil by runoff will 

directly reach surface water bodies, as some may be transported to forested areas or 

to other agricultural fields instead. However, these estimations provide a first 

assessment of MP sources from agricultural soils treated with sewage sludge. Such 

estimations may vary notably depending on soil type, crop type, agricultural practices 

or geographic location, but are useful for future comparisons and MP source 

apportionment exercises at regional scales.  
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Table 4.2. Calculated and measured input (by sludge) and output (runoff) of MPs (including small plastic particles up to 12,800 µm, which was the maximum particle 

length observed) for count based (#) and mass based (mg) data per soil plot and per kg soil or L runoff from different soil treatments. Calculations are based on 

the concentration measured in soil and the approximated amount of soil in the runoff plot based on soil density and plot dimensions. The MP mass transported by 

runoff from the recently treated plot is shown with and without the mass of one silicone particle which determined most of the observed mass (3.18 mg) and thus 

strongly influenced the data. 

 

 MPs per soil plot 
or average 
concentration 
per kg soil or L 
runoff 

MPs added by sludge to soil 
plot 

MPs at the start of the 
experiment  

MPs at the end of the 
experiment  

MPs transported by 
runoff water in one year 

  # mg  # mg  # mg  # mg  

Control  plot - - 22,200 215 37,100 44 8 0.071 

 kg or L - - 62 0.57 103 0.12 0.12 0.001 

Historical 
application 

plot unknown unknown 121,600 

 

277 73,350 174 13 0.074 

 kg or L unknown unknown 338 0.76 208 0.46 0.54 0.003 

Recent 
application 

plot 16,000 164 80,000 365 79,100 935 35a-63b 0.52/3.7a - 

0.94/6.67b 

 kg or L 44 0.44 226 0.97 219 2.48 1.6 0.17/0.02 

a measured value  
b corrected value considering lost runoff events (see Table S20 for further details)  



Microplastics in Agricultural Soils and Surface Water Runoff 
 

 96 

4.3.5. Critical remarks  

We observed highly heterogeneous MP distributions in the experimental soils 

and a discrepancy between the measured count-based and estimated mass-based 

concentrations. Follow-up studies should increase the number of replicates and/or the 

sample volume to improve the representativeness of the results. Furthermore, the 

analysis of smaller MPs in environmental matrices is still challenging and time-

consuming, while it is possible that in a relatively long-term study (e.g., one year or 

more), MPs undergo further fragmentation due to various biotic and abiotic agents 

(e.g., UV exposure, erosion, soil invertebrate ingestion; Ng et al., 2018). Therefore, 

small-sized MPs and nanoplastics may represent a currently non-quantifiable but 

important fraction, potentially hampering the mass balance. This highlights the need 

for more efficient analytical methods for small-sized MP determination in soil and other 

environmental matrices (Vighi et al. 2021). 

Different MP types have been shown to negatively affect soil properties. They 

can lead to changes in soil hydrology (i.e., increase the water holding capacity) and 

microbial activity, which in turn can affect the crop performance (De Souza Machado 

et al. 2018, 2019; Boots et al. 2019). Furthermore, although research on the effects of 

MPs on soil organisms is still very limited, studies have indicated that inhibition in 

growth and reproduction, mortality, and internal injuries after ingestion may occur at 

high concentrations (Huerta Lwanga et al. 2016; Cao et al. 2017; Song et al. 2019; 

Selonen et al. 2020). Test concentrations in those studies were several orders of 

magnitude higher than maximum concentrations (500 MP kg-1 dw or 16 mg kg-1 dw) 

observed in the current study. However, as MPs accumulate in the soil over time 

(Corradini et al. 2019; Van Den Berg et al. 2020), repeated sludge applications as well 

as other input sources such as atmospheric deposition (Allen et al. 2019), wind erosion 

(Rezaei et al. 2019) and plastic mulching (Huang et al. 2020), may cause soil MP 

contamination to reach these levels in the future. 

The sustainability of sludge application in agriculture has been debated due to 

its potential human and environmental health consequences. To date, sewage sludge 

must fulfill the quality requirements regulated under the European Sewage Sludge 

Directive (86/278/EEC) to be used as agricultural fertilizer. Thus far, MPs have not 

been included in this directive, but there is a currently undergoing initiative to evaluate 
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whether certain contaminants of emerging concern, including MPs, should be 

regulated. To understand at what contamination level the presence of MPs outweighs 

the benefits of sludge application, further research is needed to assess the long-term 

persistence and infiltration of MPs in soils under different conditions, their potential 

mobilization into other environmental compartments (i.e., surface and groundwaters), 

and their ecological effects.  

4.4. Conclusions  

To our knowledge, this paper represents one of the first attempts to assess MP 

fluxes in agricultural soils empirically. The study shows that sludge application 

significantly increases MP content in soils and that those concentrations remain 

relatively stable over time. Mobilization of MPs, both into deeper soil layers and along 

surface water runoff, was very low during the period of one year under the 

environmental conditions tested in this study. Thus, we conclude that in semi-arid 

regions, surface water runoff has a negligible influence on the export of MPs from 

agricultural soils and that agricultural soils can be considered long-term MP 

accumulators.  
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Abstract  

Microplastic (MP) ingestion has been shown for various organisms; however, 

knowledge of their potential adverse effects on freshwater invertebrates remains 

limited. Here we assessed the ingestion capacity and the associated effects of 

polyester fibers (26 - 5761 µm) and car tire particles (25 - 75 µm) on freshwater 

invertebrates under acute and chronic exposure conditions. A range of MP 

concentrations were tested on Daphnia magna, Hyalella azteca, Asellus aquaticus and 

Lumbriculus variegatus using water only (up to 0.15 g L-1) or spiked sediment (up to 2 

g kg-1 dw), depending on the habitat of the species. While D. magna did not ingest any 

fibers, low levels of fibers were ingested by all tested benthic invertebrate species. Car 

tire particle ingestion rose with increasing exposure concentration for all tested 

invertebrates and was highest in D. magna and L. variegatus. No statistically significant 

effects on mobility, survival or reproductive output were observed after acute and 

chronic exposure at the tested concentrations in most cases. However, fibers affected 

the reproduction and survival of D. magna (NOEC: 0.15 mg L-1) due to entanglement 

and limited mobility under chronic conditions. Car tire particles affected the 

reproduction (NOEC: 1.5 mg L-1) and survival (NOEC: 0.15 mg L-1) of D. magna after 

chronic exposure at concentrations that are in the same order of magnitude as 

modeled river water concentrations, suggesting that refined exposure and effect 

studies should be performed with these MPs. This study confirms that MP ingestion by 

freshwater invertebrates depends on particle shape and size and that ingestion 

quantity depends on the exposure pathway and the feeding strategy of the test 

organism.  
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5.1. Introduction 

Microplastics (MPs) are ubiquitous contaminants in freshwater ecosystems (Li 

et al. 2020; Schell et al. 2020; Yang et al. 2021) and can be ingested by a wide range 

of organisms (Scherer et al. 2018). Ingestion of MPs has been shown to cause adverse 

effects such as intestinal damage, reduced growth, decreased reproduction, and 

decreased survival of aquatic organisms (Foley et al. 2018; Kögel et al. 2020). Most 

studies assessing the effects and ingestion of MPs under laboratory conditions have 

been performed with polyethylene and polystyrene fragments or beads, which are not 

necessarily the most abundant MP types in the environment (De Ruijter et al. 2020; 

Kögel et al. 2020; Kutralam-Muniasamy et al. 2020; Miloloža et al. 2021). Furthermore, 

data for freshwater benthic organisms remain very limited (Bellasi et al. 2020; Kögel et 

al. 2020), with most toxicity tests performed without sediment, thus limiting the 

applicability of these data for conducting sediment risk assessments. 

Fibers are often reported as the dominant MPs in freshwater ecosystems (Li et 

al. 2020; Rebelein et al. 2021; Sarijan et al. 2021; Yang et al. 2021). The fragmentation 

of textiles during laundry and subsequent environmental discharge of treated and 

untreated wastewaters constitute one of the most important pathways for these MPs 

into the aquatic environment (Ziajahromi et al. 2016; De Falco et al. 2019; Schell et al. 

2020). Another important pathway for fibers is atmospheric transport and deposition, 

which is also responsible for the contamination of remote areas (González-Pleiter et 

al. 2020; Stanton et al. 2020). Most field monitoring studies report the dominance of 

specific MP shapes and polymer types by showing their total percentage instead of 

providing their actual concentrations (e.g., Rebelein et al., 2021; Yang et al., 2021). 

Therefore, only a limited number of field studies reported specific MP fiber 

concentrations in freshwater ecosystems. Measured fiber concentrations in freshwater 

have been found to range from less than 0.1 fibers L-1 to 519 fibers L-1 (Lahens et al. 

2018; Martínez Silva & Nanny 2020). Several studies show that MP fibers are retained 

in freshwater sediments (Tibbetts et al. 2018; Deng et al. 2020; Martínez Silva & Nanny 

2020). Concentrations as high as 1,323 MPs kg-1 dw sediment were measured in a 

textile industrial area in Shaoxing city, China, with up to 79% being fibers (Deng et al. 

2020). Mass fractions of fibers are less frequently reported, but the mass concentration 

in the water of the Saigon River (Vietnam) has been estimated to vary between 0.05 

mg L-1 and 0.22 mg L-1 (Lahens et al. 2018). In river sediments of central Spain, 
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concentrations up to 1.58 mg fibers kg-1 dw were measured (Schell et al. 2021); while 

MP concentrations (including all shapes) reached 1 g kg-1 dw (equivalent to 4000 MPs 

kg-1 dw) in the river shore sediments of the Rhine-Main area in Germany (Klein et al. 

2015).  

Recently, tire related particles have been included under the MP contaminant 

group (Hartmann et al., 2019; Kole et al. 2017; Wagner et al. 2018). The terminology 

used for those particles differs between studies; thus, hereafter the term tire particles 

is used for MPs consisting only of tire material. Tire wear particles, if not specified 

otherwise, will refer to particles that are formed by the friction of tires on the road 

surface and are therefore emitted into the environment as particles consisting of 

polymer tread with pavement encrustations (Kreider et al. 2010; Unice et al. 2013). 

Global annual tire wear emissions have been estimated to be up to 3.4 million tons 

(Baensch-Baltruschat et al. 2020). These particles are prone to reach aquatic 

environments via stormwater runoff and wastewater effluents of combined sewer 

systems (Kole et al. 2017; Wagner et al. 2018; Unice et al. 2019). To date, assessing 

aquatic exposure concentrations for tire wear particles is challenging, mainly because 

of their high black carbon content, which produces a low-quality spectrum that cannot 

accurately be interpreted by the spectroscopic techniques often used for MP 

identification (Wagner et al. 2018). Nonetheless, 15% - 38% of the MPs (80 - 260 MPs 

kg-1 dw) measured in the sediment of a stormwater treatment wetland were most likely 

derived from tires (Ziajahromi et al. 2019) and up to 1833 suspected tire wear 

particles kg-1 ww sediment (corresponding to 0.0023 g kg-1 ww) were observed in the 

Ashley River (South Carolina, USA; Leads and Weinstein, 2019). Some studies have 

relied on chemical markers to assess tire particle exposure (Wik & Dave 2009; 

Baensch-Baltruschat et al. 2020). For example, using markers for rubber polymers, 

Unice et al. (2013) reported a maximum concentration of 5.8 g kg-1 dw of tire particle 

material in sediments (which amounts to 11.6 g kg-1 dw of tire wear particles, assuming 

a 50:50 ratio of polymer tread and mineral road encrustations) of the Seine River 

catchment (France), and in a follow up modeling study, these authors reported that 

water concentrations may be up to 0.12 mg L-1 (Unice et al. 2019). 

The ingestion capacity of fibers and tire particles by freshwater organisms may 

significantly differ from that described for other MPs, as not only the polymer type but 

also the size and morphology are expected to play an important role (Ogonowski et al. 
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2016; Ziajahromi et al. 2017a). For example, longer fibrous materials may have 

different ingestion rates and gut retention times than spherical particles (Wright et al. 

2013; Qiao et al. 2019a). Previous studies also show that plastic fibers can exert 

greater adverse effects on benthic and planktonic invertebrates than other MP types, 

for example due their longer gut residence time or entanglement capacity (Au et al. 

2015; Ziajahromi et al. 2017a). 

While fibers are expected to mainly cause effects of a physical/mechanical 

nature, tire particles contain a complex mixture of elastomers and chemical additives 

(Kreider et al. 2010), which may be taken up by living organisms. Therefore, they may 

pose a combination of both physical and chemical hazards. Thus far, research on the 

environmental effects of tire particles has been mainly related to the toxicity of their 

chemical leachates obtained with different chemical and physical methods that force 

their desorption (e.g., Hartwell et al. 1998; Wik & Dave 2005, 2006; Wik 2007; Turner 

& Rice 2010; Marwood et al. 2011). The effects of the leachates may, however, not be 

the only cause for the tire-related toxicity as the tire particles themselves may influence 

the bioavailability of these chemicals and pose additional effects (Khan et al. 2019). 

There is likely to be a complex interplay between physical particle characteristics and 

the potential chemical hazards which govern the risk posed by this MP type (Selonen 

et al. 2021). Therefore, to reliably assess the impacts of tire particles on living 

organisms, long-term toxicity studies with entire particles and environmentally relevant 

exposure and desorption conditions are needed.  

The aim of this study was to determine the ingestion of MP fibers and car tire 

particles by a selection of freshwater invertebrates with different habitat preferences 

and feeding strategies and to assess their short- and long-term effects. Laboratory 

experiments were performed with Daphnia magna (pelagic; filter feeder), Hyalella 

azteca (epibenthic; shredder), Asellus aquaticus (epibenthic; deposit feeder) and 

Lumbriculus variegatus (endobenthic; deposit feeder) using concentrations that range 

from present-day environmentally relevant conditions to projected future MP pollution 

scenarios, using water only and water-sediment exposure. The ultimate goal of this 

paper was to generate toxicity data that can be used to assess the risks of these MPs 

for freshwater ecosystems, and to discuss the mechanisms that explain the differences 

in uptake and toxicity among freshwater organisms. 
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5.2. Materials and Methods  
5.2.1. Test materials 

The MPs used in this study were obtained from the Norwegian Institute for Water 

Research (NIVA), Oslo Norway. Fibers were generated by washing polyethylene 

terephthalate (PET) fleece blankets (‘Skogsklocka’, IKEA, Norway) in a clean washing 

machine (Candy Smart, model no. CS 1692D3-S) on a 15 min cycle at 40°C and 

1200 rpm. During the washing process no detergents or softener were added. To 

obtain the fibers from the effluent, the effluent was collected in a stainless-steel 

pressure vessel (Pope Scientific, Wisconsisn, USA) and vacuum-filtered through a 

10 µm nylon membrane. The fibers were of a cylindrical shape (Figure S1), had a 

density of 1.38 g cm-3, a mean length of 600 µm (min - max: 26 - 5761 µm; SD: 554 

µm, n = 618), and a width of 20 µm. The fiber sizes used in this study are in the range 

of those monitored in freshwater ecosystems (Schell et al. 2021; Yang et al. 2021). 

Fiber stability in water and sediment was not assessed as they were expected to be 

stable given the relatively short duration of the experiments.  

Tire particles were obtained from the Danish tire granulate manufacturer Genan. 

The particles were a by-product of granulate production. The granulate was milled from 

end-of-life passenger tires, which represents the primary source of tire debris found in 

the environment. Prior to granulate production, the material was separated from 

metallic tire scaffolding and textile components. Finally, the material was purified at 

NIVA (i.e., separating residual metal particles, plastic, fiber contamination) and sieved 

into a size range of 25 - 75 µm. This size range was chosen because most tire particles 

in the environment are expected to be smaller than 100 µm (Kreider et al. 2010; 

Järlskog et al. 2020).  The lower size limit of 25 µm was selected to facilitate the visual 

assessment step included in the analysis of particle ingestion by organisms. However, 

during the sieving process some particles stuck together and particles below 25 µm 

were included in the experiments. Furthermore, particles agglomerated following the 

sieving process, and as a consequence, few particles larger than 75 µm were 

measured. The measured mean size of the long axis of the tire particles (n = 896) was 

38.7 (min - max: 3 - 200 µm; SD: 27.7 µm). Tire particles had a density of 1.16 g cm-3 

and were irregularly shaped (Figure S1). The chemical composition of the tire material, 

including the content of trace metals and polycyclic aromatic hydrocarbons, is 

described in Selonen et al. (2021).  
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Stock solutions were prepared to allow a more precise dosage based on MP 

mass of low concentrations of the test materials in the experiments. The stock solutions 

of fibers were prepared in ethanol, as it was not possible to achieve a homogeneous 

solution in water. Despite this, few fiber clumps were observed in the stock solutions 

and the two highest exposure concentrations based on visual inspection. However, 

fiber clumps have also been observed in environmental samples (e.g., Schell et al., 

2021) and should therefore be included as part of environmentally relevant exposure 

scenarios for freshwater organisms. The stock solutions of tire particles were prepared 

in Milli-Q water. The latter were placed in an ultrasonic bath for 15 mins to break up 

agglomerates prior to the addition to the test beakers. All stock solutions were prepared 

just before adding to the test units (i.e., prior to the first spike). The stock solutions 

used in the chronic Daphnia magna tests were prepared directly before the test start 

and used for the test medium renewal throughout the entire experiment. In order to 

estimate the nominal dose of particles added per test system, subsamples of the stock 

solutions (20 - 1000 µL depending on the concentration of the stock solution; n = 6) 

were taken, and the MPs were counted using a stereo microscope (Olympus SZX7 

coupled to an Olympus DP21 camera system). The count-based concentration was 

estimated based on the particle count and the dilution factor in the test medium. 

Additionally, count-based concentrations were calculated based on the nominal mass 

following Leusch and Ziajahromi (2021), using the particle density and the average 

measured fiber length or tire particle diameter. Tire particles were assumed to be 

spherical for the calculation.  

5.2.2. Test species 

All test organisms came from the in-house cultures of the IMDEA Water 

Institute, which were held at 20 ± 1 °C with a 16:8 h (light:dark) photoperiod. D. magna 

were kept in beakers containing synthetic hard water (ASTM E729 – 96; ASTM, 2007) 

or mineral water (AquaBona; FuenMajor Spring), which was renewed two times a 

week, and were fed with the green algae Chlorella vulgaris. H. azteca and A. aquaticus 

were cultured in aquaria with water from an artificial pond (filtered through a 20 µm 

plankton net and autoclaved prior to use) and fed with previously inoculated Populus 

sp. leaves (to obtain microbial and fungal communities to increase their palatability) 

and a solution of fish food (Tetramin, Tetra GmbH, Germany). L. variegatus were kept 
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in aquaria with quartz-sand sediment. The overlying water and the fish food used for 

their maintenance were the same as described above.  

5.2.3. Experimental design 

The characteristics of the different tests performed, such as the exposure route, 

exposure duration, and endpoints, are summarized in Table 5.1. For the pelagic 

organisms (D. magna), water-only tests were performed, while for the epibenthic 

organisms (H. azteca and A. aquaticus) water-only and water-sediment tests were 

performed. For the endobenthic organisms (L. variegatus), water-sediment 

experiments were performed. The test organisms were exposed to five fiber or tire 

particle concentrations. In the water-only experiments, the exposure concentrations 

ranged between 0 and 0.15 g L-1, while in the water-sediment tests, the exposure 

concentrations ranged between 0 and 2 g kg-1 of sediment dry weight (Table 5.1). The 

number of replicates per concentration varied depending on the test (Table 5.1). In the 

tests performed with fibers, a solvent control was included in addition to the control, to 

which the same amount of ethanol was added as to the test beakers.  

Acute and chronic effects were assessed in the different test organisms. The 

endpoints evaluated at the end of the experiments were ingestion, immobility, 

reproduction, or survival, depending on the exposure duration and the test organism 

(Table 5.1). In the chronic tests with macroinvertebrates, ingestion was also assessed 

on day 14 after the start of the experiment as an intermediate endpoint evaluation. All 

tests were performed under controlled climate conditions with a photoperiod of 16:8h 

(light:dark) and a temperature of 20 ± 1°C. Water temperature, pH, conductivity, and 

dissolved oxygen were measured at the start and the end of the tests with a 

multiparameter meter (Hanna HI91894), as well as after the renewal of the exposure 

medium to assure that they were within the acceptable range of the guidelines.  
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Table 5.1. Summary of the different toxicity tests, including test species, exposure pathway, test duration, exposure concentrations for fibers and 

tire particles, evaluated endpoints, number of replicates, and the test protocol used as reference. 

Species  Exposure 
pathway  

Test duration  Exposure 
concentrations  

Endpoints  Replicates  Test protocol  

D. magna  Water  48 hours 0; 0.00015; 0.0015; 

0.015; 0.15 g L-1 

Ingestion; 

Immobility  

4 OECD 202 

D. magna  Water  21 days  0; 0.00015; 0.0015; 

0.015; 0.15 g L-1 

Ingestion; 

Survival; 

Reproduction  

10 OECD 211 

H. azteca  Water  4; 14; 28 days 0; 0.00015; 0.0015; 

0.015; 0.15 g L-1 

Ingestion; 

Survival; 

4 ASTM E1706-05 

H. azteca  Water-Sediment  4; 14; 28 days 0; 0.002; 0.02; 0.2; 

2 g kg-1 dw 

Ingestion; 

Survival; 

4 ASTM E1706-05  

A. aquaticus  Water  4; 14; 28 days 0; 0.00015; 0.0015; 

0.015; 0.15 g L-1 

Ingestion; 

Survival; 

4 ASTM E1706-05 

A. aquaticus Water-Sediment  4; 14; 28 days 0; 0.002; 0.02; 0.2; 

2a g kg-1 dw 

Ingestion; 

Survival; 

3 ASTM E1706-05  

L. variegatus  Water-Sediment  4; 14; 28 days 0; 0.002; 0.02; 0.2; 

2 g kg-1 dw 

Ingestion; 

Survival; 

Reproduction 

4 OECD 225  

aTire particles only: the highest concentration tested for fibers was 0.2 g kg-1 dw 
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5.2.3.1. Tests with D. magna  

Standard acute tests were carried out for each MP type following the OECD 

guideline 202 (OECD 2004). The fiber stock solution was added to the empty beakers 

at the respective concentrations, and the ethanol was allowed to evaporate until 

completely dry in a fume hood. This step was unnecessary for tire particles as the stock 

solutions were prepared in water. Then, 50 mL of test medium (AquaBona; FuenMajor 

Spring) and five organisms were added per beaker (n = 4). Mobility was checked after 

24 and 48 hours of exposure. Organisms were considered to be immobile if no 

movement was recognized after gently moving the beaker for 10 seconds. 

Chronic toxicity tests were carried out under semi-static conditions according to the 

OECD guideline 211 (OECD 2012). Test units were prepared in the same way as for 

the acute tests, but the medium was replaced three times per week, and organisms 

were kept individually in 50 mL of test medium (n = 10). Offspring were counted and 

removed three times per week, prior to medium renewal, to assess reproduction. D. 

magna reproduction was calculated as the total number of living offspring per parent 

animal that did not accidentally or inadvertently die during the test. Adult survival was 

recorded at the same time as offspring was counted. After each medium renewal, D. 

magna were fed with C. vulgaris corresponding to 0.15 mg organic Carbon/individual 

when they were adults, and one third and half this amount when they were neonates 

and juveniles, respectively.  

While the chronic fiber experiment was performed once, the chronic tire particle 

experiment was carried out twice: one with synthetic hard water (ASTM 2007) and D. 

magna strain A and one with mineral water (AquaBona; FuenMajor Spring) and a new 

strain of D. magna (strain B). Strain B was also used in the acute tests and the fiber 

experiment. The two different strains were used because a new culture was 

established at the laboratory.  

5.2.3.2. Tests with H. azteca and A. aquaticus  

The tests with H. azteca and A. aquaticus were performed based on ASTM 

E1706-05 (ASTM 2005) with filtered and autoclaved natural water, as described above 

for the culturing of organisms. Only adults between 0.5 - 1 mm were used for the 

experiments. In the water-only tests, 200 mL were added per test beaker. In the water-
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sediment tests, sediment was prepared following the OECD guideline 225 (OECD 

2007) except for the addition of clay. The final sediment mixture contained 94.5% sand 

(< 2mm grain size), 5% peat (heated at 100°C and ground with a ball mill; Retsch 

MM400), and 0.5 % Urtica powder. Two days before the start of the experiment, the 

peat was mixed with milli-Q water (50% of the sediment dry weight), and the pH was 

corrected (5.5 ± 0.5 pH) using CaCO3. The mixture was kept under constant stirring 

for 48 hours to allow the pH to adjust to 5.5 - 6.5 and was then mixed with the remaining 

ingredients. Finally, an amount corresponding to 20 g of dry sediment was added to 

each test beaker.  

For fibers, the stock solutions were added to 250 mL beakers containing 5 g dry 

sand (previously subtracted and not added to sediment mixture). The ethanol added 

with the stock solutions was evaporated in a fume hood. This process took 

approximately 2 hours. Then, the sand-fiber mixture was added to the sediment 

mixture and mixed properly. For tire particles, the respective amount of the stock 

solution was directly added into the final sediment mixture. The overlying water used 

was the same water as for the water-only test and the culturing of organisms. In each 

test system, 150 mL water and 10 organisms were added. Each test beaker was 

continuously aerated and covered to avoid contamination from the air and evaporation 

of the test medium.  

Test organisms were fed with pre-conditioned Populus sp. leaf disks (diameter: 

2 cm). Each test unit consisted of 10 organisms with three leaf disks. In the water-only 

tests with H. azteca, 300 μL Tetramin solution (6.66 g ground Tetramin per L Milli-Q 

water, Tetra GmbH, Germany) was also added weekly as an additional food source to 

achieve optimal maintenance of the test organisms (e.g., Besser et al., 2005; Soucek 

et al., 2016). Each test beaker was continuously aerated and covered to avoid 

contamination and evaporation of the test medium. Aeration in the water-only test 

ensured the distribution of MPs throughout the water phase. Mortality was assessed 

as the difference between the initial number of organisms added and the number of 

living organisms after each test period.  

5.2.3.3. Tests with L. variegatus  

Each test unit consisted of a 250 mL beaker with 10 individuals. The test 

organisms used in the experiment were of a similar size (18.4 ± 3.3 cm; mean ± SD). 
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According to OECD 225 (OECD 2007), they were cut in half 14 days before the start 

of the test to synchronize reproduction. Mortality was assessed after 4 and 14 days. 

Reproduction was assessed in the chronic test (28 days) as the difference between 

the initial number of organisms and the number of living organisms after the test period. 

The preparation of the test units followed the same steps as described above for the 

H. azteca and A. aquaticus water-sediment tests. The Urtica powder in the sediment 

served as a food source.  

5.2.4. MP extraction and visual assessment 

At the end of each test, all living organisms were transferred into Milli-Q water 

and were subjected to five rinsing steps with Milli-Q water to remove MPs potentially 

attached to their body surface. D. magna exposed to fibers were first visually analyzed 

under a stereo microscope (Olympus SZX7) to assess the external entanglement with 

fibers. To isolate the ingested particles, the tissue was digested using a potassium 

hydroxide solution (KOH; 10%) for L. variegatus, and a hydrogen peroxide solution 

(H2O2; 15%) for the remaining test organisms for 48 hours at 50°C. Recovery tests with 

the here tested MPs from biota have been carried out in previously published studies 

showing satisfactory results (Bråte et al. 2020; Kallenbach et al. 2021, 2022). However, 

in the current study H2O2 was used without the addition of chitinase, as pre-tests 

showed sufficient digestion of the test organisms’ exoskeleton. These solutions were 

then vacuum filtered onto filter papers (glass microfiber filters; 0.7 µm; Scharlau) and 

the number of ingested particles and their size was assessed using a stereo 

microscope (Olympus SZX7) with a camera attachment (Olympus DP21). Fibers long 

and tire particles long and short dimensions were measured with the Olympus DP2-

Twain software. In total, 618 fibers and 896 tire particles from the stock solutions were 

measured. The size of all ingested fibers was analyzed. For tire particles, the size of 

all particles ingested by benthic invertebrates after chronic exposure (28 days) was 

analyzed except for those experiments in which organisms ingested a high number of 

particles (i.e., 70% of particles ingested by H. azteca in the water only test and 8.5% 

of particles ingested by A. aquaticus in the water only test). For D. magna all ingested 

tire particles were measured in the acute experiment, and 3.7% of particles ingested 

in the chronic experiment using strain A. For each batch of samples processed, 3 

blanks were included, which were used to assess for potential procedural, container, 

solution, and air contamination. Blanks were treated with an identical sample 
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processing and microscope analysis procedure as the experiment samples. Blanks 

contained no fibers and a total of three tire particles. Background contamination was 

therefore considered negligible. 

5.2.5. Data analyses 

The No Observed Effect Concentration (NOEC) and, if possible, the Lowest 

Observed Effect Concentration (LOEC) were determined for all evaluated endpoints in 

the toxicity tests. For this, the normal distribution and homogeneity of variances of the 

response data were tested using Shapiro test and Levene’s test, respectively. As 

parametric assumptions were not met for all data, non-parametric Kruskal-Wallis tests 

followed by Bonferroni-adjusted Wilcoxon rank-sum tests were carried out. This was 

done for all assessed endpoints except for D. magna survival in chronic toxicity tests, 

which was analyzed using Fisher’s Exact tests to identify the NOEC and LOEC values. 

Wilcoxon rank-sum tests were used to check for differences between the controls and 

solvent controls. Statistically significant differences between the observed effects in 

the different treatments and the controls were assumed when the p-value was < 0.05. 

All statistical analyses were carried out using the software R Version 4.1.1 (R Core 

Team, 2021) in RStudio (RStudio Team 2021) and the required extension packages 

(Wickham 2016; Kassambara 2017; Fox & Weisberg 2019).  

5.3. Results and Discussion  
5.3.1. MP ingestion and effects on D. magna 

The results of the experiments show that D. magna did not ingest fibers, while 

tire particle ingestion increased with increasing exposure concentrations (Figure 5.1). 

After 21 days of exposure (assessed only during the first test with strain A), a higher 

number of tire particles (about 20 to 60 times higher) was observed inside the gut 

compared to after 48 hours. The higher ingestion was probably caused by the longer 

exposure time and the increase in body size, allowing adults to ingest particles of larger 

sizes as well as agglomerates. This confirms the importance of life stage and body 

size for MP ingestion, as indicated previously (Scherer et al. 2017). Furthermore, after 

21 days of exposure, adults’ ingestion was on average higher at the second-highest 

concentration (0.015 g L-1) compared to the highest concentration (0.15 g L-1). The 

lower ingestion rate at the highest exposure concentration may have been caused by 

the increased agglomeration of tire particles in the test beakers, which has also been 
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observed elsewhere (Miloloža et al. 2021). D. magna commonly feeds on small, 

suspended particles in the water (planktonic algae) and their particle selectivity mainly 

depends on the particle size (Gophen & Geller 1984; Ebert 2005). They usually ingest 

particles between 1 and 50 μm, but larger particles with a diameter of up to 70 μm may 

also be taken up (Ebert 2005). Thus, the tire particles were within this ingestible size 

range (Figure S2), while the length of most fibers used in the current study (mean ± SD: 

600 ± 554 µm) exceeded this size range, which could have prevented their uptake.   

 
Figure 5.1. Mean number and corresponding standard deviation of ingested tire particles per D. magna 

at (A) 48 hours (juveniles) and (B) 21 days (adults) after the start of the exposure period. 

No effects on D. magna mobility were observed after acute exposure (48 hours) 

to fibers or tire particles at the tested concentrations. However, chronic exposure to 

fibers and tire particles negatively affected survival and reproduction. For fibers, the 

observed NOEC for reproduction and survival was 0.00015 g L-1 (Figure 5.2). There 

was no significant difference between the solvent control and the control. At 

concentrations above ≥ 0.0015 g L-1, fibers were observed to form agglomerates with 

the green algae provided as food. Adult D. magna got entangled in those 
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agglomerates, which impeded their movement (Figure 5.3), and probably caused the 

observed reduction in reproduction (up to 85%) and survival (up to 90%) compared to 

the control (Figure 5.2). Furthermore, algae-fiber agglomerates may have reduced 

food availability and food quality. Similarly, Ziajahromi et al. (2017a) showed that 

Ceriodaphnia dubia did not ingest PET fibers of a length between 100 and 400 µm but 

was negatively affected due to external physical damage (i.e., carapace and antenna 

deformities) caused by the entanglement with fibers.  

 
Figure 5.2. Reproduction displayed as mean number of offspring (± 95% CI, n = 10) per adult D. magna 

after 21 days of exposure to increasing fiber concentrations. Statistically significant differences in 

reproduction between the control and the different fiber concentrations are displayed by asterisks. The 

percentage of surviving adults is shown above the respective treatment.  

In contrast to the results of the current study, fiber ingestion by juvenile D. 

magna has been observed in previous studies (Jemec et al. 2016; Kim et al. 2021a). 

For example, Kim et al. (2021a) reported that the ingested fiber sizes ranged between 

10 and 70 µm and that longer fibers were not ingested. Jemec et al. (2016), however, 

reported the size of ingested fibers was mainly around 300 µm, but also longer ones 

(up to 1400 µm) were found inside Daphnias’ guts. The authors explained that this was 

probably possible because fibers were twisted prior to ingestion. Furthermore, the 

procedure used to generate the fibers may not only influence the length but also the 

shape of fibers, which in turn may affect ingestion and entanglement capacity. Similar 

to this study, Jemec et al. (2016) used PET fleece textile to obtain fibers, but the 

procedure to generate them differed. These researchers used a ball mill to grind the 

textile, while in the current study, fibers were obtained by washing the PET fleece 

blankets. Based on the reported fiber dimension by Jemec et al. (2016), the fibers used 
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in their experiment were more flattened out compared to the fibers used in the current 

study, which were more cylindrical. Furthermore, the mortality rate observed in D. 

magna that were not pre-fed prior to the exposure did not increase following a dose-

response pattern (i.e., it was between 20 - 40% at concentrations from 12.5 to 100 mg 

L-1); while the D. magna that were fed with algae before the experiment showed no 

increased mortality at the same test concentrations (Jemec et al. 2016). This is in 

contrast to our results and the ones by Ziajahromi et al. (2017a), where concentration-

dependent effects were clearly observed. Ziajahromi et al. (2017a) observed a 

significant reduction in the reproductive output with increasing concentration and 40% 

mortality at the highest test concentration (0.001 g L-1) during chronic exposure of C. 

dubia. Moreover, the authors reported an LC50 of 0.0015 g L-1 (1.3 x 104 fibers L-1) for 

acute exposure (Ziajahromi et al. 2017a), while we did not find any influence on D. 

magna mobility at this concentration. 

 
Figure 5.3. D. magna after exposure for 21 days to (A) the control and (B) 0.015 g fibers L-1, which 

resulted in the entanglement of the D. magna in algae-fiber agglomerates. The black scale represents 

1000 μm. 

For tire particles, the 21-day NOECs for reproduction in the two experiments 

conducted were 0.015 and 0.0015 g L-1 (Figure 5.4). While adult survival was not 

affected during the first experiment (using synthetic hard water and strain A), the NOEC 

for survival was 0.00015 g L-1 in the second experiment (using mineral water and strain 

B). This might be due to different sensitives of the two D. magna strains used (e.g., 

see Toumi et al. 2015). The reduced reproductive output and survival may be caused 

by a physical effect of the particles themselves and/or due to incorporated compounds 

(e.g., metals; organic compounds) that leached out into the test medium or into the 

organisms’ body after ingestion of the particles. Tire particle leachates have previously 
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been shown to be toxic to aquatic organisms; however, leachates from different tire 

material can vary considerably in toxicity (Wik & Dave 2005, 2006; Wik et al. 2009; Lu 

et al. 2021a). Differing compositions depending on the tire type and manufacturer, 

different wear of tires, and the method used to generate the test material may affect 

toxicity (Baensch-Baltruschat et al. 2020). Halle et al. (2021) compared the toxicity of 

tire particles ground from pristine and road-worn tires and observed a greater toxicity 

of pristine particles for H. azteca, which was attributed to a higher abundance of 

chemical compounds in these particles.  

 
Figure 5.4. Reproduction displayed as mean number of offspring (± 95% CI, n = 10) per adult D. magna 

after 21 days of exposure to increasing tire particle concentrations in (A) the first experiment using 

synthetic hard water and strain A, and (B) the second experiment using mineral water and strain B. 
Statistically significant differences in reproduction between the control and the different tire particle 

concentrations are displayed by asterisks. The percentage of surviving adults is shown above the 

respective treatment.  

The toxicity of tire leachates to D. magna has been previously related to metals, 

primarily Zn, and different organic compounds, including benzothiazoles and 
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phthalates (Wik & Dave 2006; Wik et al. 2009; Marwood et al. 2011; Capolupo et al. 

2020; Lu et al. 2021a). The tire material used in this study contained a mixture of 

different metals (with Zn concentrations being by far the highest with 21.9 g kg-1) and 

polycyclic aromatic hydrocarbons (see Selonen et al., 2021 for further details). 

Roadway particles (collected during outdoor driving) and tire wear particles (collected 

on a simulated laboratory driving course) have been shown to have lower Zn 

concentrations than tire particles cryogenically ground from unused tires but contained 

other metals at higher concentrations, probably originating from asphalt (Kreider et al. 

2010). Moreover, particles ground from tires, such as those used in this study, usually 

have a higher polymer content but lower mineral content (Kreider et al. 2010). 

Therefore, future studies should be performed with tire wear MPs recovered from 

environmental samples to increase the realism of the ecological risk assessment. Also, 

it remains unclear if the effects observed here are caused by chemical leaching, the 

physical effects of the tire particles, or a combination of both, which remains to be 

investigated in follow-up studies.  

5.3.2. MP ingestion and effects on H. azteca, A. aquaticus and L. variegatus 

After 4, 14 and 28 days of exposure all tested macroinvertebrate species 

showed very low fiber ingestion, suggesting that no accumulation occurred within the 

organisms’ bodies (Figures 5.5 and S3). This is supported by previous MP 

accumulation experiments, which showed that Gammarus fossarum egests polyamide 

fibers within similar time frames as food items (Blarer & Burkhardt-Holm 2016). In our 

study, fiber ingestion was higher at the highest test concentration for all organisms and 

varied slightly depending on the exposure type (i.e., water vs sediment). For example, 

ingestion by H. azteca was higher when exposed to fibers in the water phase compared 

to fibers mixed into the sediment (Figures 5.5 and S3). A. aquaticus ingested, on 

average, more fibers than H. azteca when exposed to fibers in the water phase at the 

highest concentration; however, the difference was not statistically significant. In the 

test systems with sediment exposure, L. variegatus ingested more fibers compared to 

H. azteca at the highest test concentration (p = 0.01, after 28 days of exposure). The 

highest fiber concentration tested for A. aquaticus was 0.2 g kg-1, where hardly any 

ingestion was observed for all species. While the average size of fibers in the stock 

solution was 600 µm, ingested fibers were on average slightly smaller, especially for 

A. aquaticus and H. azteca (Figures 5.6 and S4). Furthermore, the average size of 
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ingested fibers differed slightly depending on the species. L. variegatus ingested on 

average the longest and A. aquaticus the shortest fibers (Figure 5.6).  

 
Figure 5.5. Mean number and corresponding standard deviation of ingested MPs per organisms after 

28 days of exposure to increasing concentrations of (A) fibers in water, (B) fibers in sediment, (C) tire 

particles in water, and (D) tire particles in sediment. NA indicated that this concentration was not tested 
for A. aquaticus. Statistically significant differences in ingestion between species are indicated by an 

asterisk.  

Tire particles were ingested by all three macroinvertebrate species. However, 

no apparent differences in the number of ingested particles were found from day 4 to 

28, indicating that tire particles did not accumulate within the organisms (Figures 5.5 

and S3). As has been previously observed, some MPs can pass through the digestive 

tract without accumulation, causing little or no observed adverse effects (Gouin 2020). 

For instance, Khan et al. (2019) reported a gut clearance time of 24-48h for H. azteca 

exposed to tire particles. The whole size range of particles present in the tire stock 

solutions was ingested by the tested macroinvertebrates (Figure S2).  



Chapter 5 

 119 

 
Figure 5.6. Fiber size distribution in the stock solutions and ingested by (A) H. azteca and (B) 

A. aquaticus after exposure to fibers dispersed in water, and (C) L. variegatus after exposure to fibers 

mixed into the sediment. The dashed lines display the respective median of the fiber size distribution. 

The exposure distribution of the stock solutions was: 26 - 5761 μm; mean: 600 μm; median: 482 μm; 
SD: 559 μm (n = 618). For the stock solutions the size distribution is only shown up to 2000 µm because 

only 12 out of the 618 measured fibers were outside of this range. 
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Tire particle uptake was much higher than fiber uptake by all species (Figure 

5.5), probably due to the difference in particle size and shape. Lower fiber ingestion 

compared to other particle types has been documented previously (e.g. fragments; 

Gray and Weinstein 2017). Furthermore, the exposure pathway influenced MP uptake, 

i.e., ingestion by A. aquaticus and H. azteca was higher when exposed to particles in 

the water phase compared to particles mixed into the sediment (Figure 5.5). As for 

fibers, L. variegatus showed the highest ingestion for tire particles from all three benthic 

species during sediment exposure. A. aquaticus and H. azteca - both epibenthic 

species - were probably not in direct contact with the MPs and thus ingested fewer 

particles than L. variegatus, which is an endobenthic species and feeds directly on 

sediment particles. MPs partly bury and accumulate in the sediment (Yao et al. 2019; 

Scherer et al. 2020), thus endobenthic species may encounter MPs in their natural 

environment more frequently than epibenthic or pelagic species. Moreover, a higher 

tire particle ingestion by species following a non-selective feeding strategy (i.e., L. 

variegatus and D. magna) was observed. These findings are in agreement with 

previous studies showing that MP ingestion depends not only on the MPs’ size and 

shape but also on species characteristics like feeding strategy, habitat, or the 

developmental stage (Scherer et al. 2017; Redondo-Hasselerharm et al. 2018a; 

Fueser et al. 2020).  

No significant effects on survival were observed for H. azteca, A. aquaticus and 

L. variegatus after acute or chronic exposure to fibers or tire particles (Figures S5 - 

S7). The solvent controls of the fiber tests showed that the ethanol used in the stock 

solutions did not influence the survival of H. azteca and A. aquaticus, nor the 

reproduction of L. variegatus. A slight but not significant decrease in reproduction of L. 

variegatus was observed at the highest tire particle concentration after 28 days (Figure 

S8). In line with these results, several studies have reported no effects of MPs 

(including fibers and tire particles) on freshwater organisms (Redondo-Hasselerharm 

et al. 2018; Setyorini et al. 2021). For instance, Setyorini et al. (2021) assessed the 

effects of 50,000 PET fibers kg-1 with a length of 50 µm on Chironomus riparius, 

showing ingestion but no significant effects. Similarly, Au et al. (2015) observed fiber 

ingestion by H. azteca (polypropylene marine rope; length: 20-75 µm; diameter: 20 µm) 

but also observed a 10-day LC50 of 71,000 MP L-1. The current study shows no effects 

at such concentration, which may be related to the larger fiber size used in our study 

and the lower ingestion. In a chronic experiment, polyamide fibers with a length of 
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500 µm were ingested and decreased food assimilation efficiency of G. fossarum at a 

concentration of 2680 fibers cm−2, which was possibly caused by physical damage 

inside the digestive tract (Blarer & Burkhardt-Holm 2016). 

The NOEC values for tire particles to benthic invertebrates were > 0.15 g L-1 for 

water exposure and > 2 g kg-1 dw for sediment exposure. This is in line with previous 

studies showing no effects on benthic freshwater invertebrates exposed to sediments 

spiked with tire wear particles up to 10 g kg-1 (Panko et al. 2013) or with tire particles 

ground from used tires up to a concentration of 100 g kg-1 (Redondo-Hasselerharm et 

al. 2018b). However, tire particles ground from worn and pristine tires have been 

shown to negatively affect H. azteca survival, when dispersed in water only, at 

concentrations slightly higher than the ones tested in the current study (i.e., 0.2 - 1 g 

L-1 for acute exposure, and 0.6 g L-1 for chronic exposure; Halle et al., 2021; Khan et 

al., 2019). 

5.3.3. Risk assessment 

To compare our test concentrations with measured environmental 

concentrations, the mass-based concentrations and the estimated count-based 

concentrations are shown in Table S1. For water exposure to fibers, the lowest NOEC 

value observed (0.00015 g L-1) corresponds to approximately 700 fibers L-1. Highest 

measured fiber concentrations in freshwater ecosystems were in the same order of 

magnitude (Table 5.2). For tire exposure in the water column, the lowest NOEC 

observed (0.00015 g L-1) corresponds to about 30,000 particles L-1. Based on mass, 

the observed NOEC is in the same order of magnitude as modeled maximum tire 

particle concentrations water column concentrations for the Seine River catchment 

(France; Table 5.2). 

For sediment exposure to fibers, no effects were observed at the highest test 

concentration (2 g kg-1 dw), therefore, it can be concluded that the NOEC for all tested 

species is above this concentration. This corresponds to approximately 3.20 x 107 

fibers kg-1, which is much higher than the highest reported environmental concentration 

(about 1000 fibers kg-1; Deng et al., 2020). Based on mass, the highest concentration 

of MPs in general (not only fibers) was used as a proxy, which is 1 g kg-1 dw sediment 

(Klein et al. 2015), and thus half of the NOEC concentration observed in our study. 
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Table 5.2. Maximum measured environmental concentrations (MEC) in different environmental compartments and acute EC50-values and chronic NOECs derived 

from the current study. NA: Endpoint not assessed or concentration not available. Sediment concentrations are reported per kg dw sediment if not indicated 

otherwise. 

aLahens et al. (2018) 
bSchell et al. (2021) 
c Deng et al. (2020); measured 1323 MPs of which 79% were fibers  
d orignial study by Ni et al. 2008; tire wear concentraition estimated by Baensch-Baltruschat et al. (Baensch-Baltruschat et al. 2020) 
e Unice et al. (2019); concentration modled  
f Leads and Weinstein (2019); concentration shown in particles kg-1 ww 

g Unice et al. (2013); concentration measured based on polymer maker 

  Maximum MEC 48-h EC50 NOEC reproduction NOEC mortality 

Fibers/Tire 

particles   

D. magna D. magna L. variegatus D. magna H. azteca A. aquaticus 

Fibers in water g L-1  0.00022a  > 0.15 0.00015  NA 0.00015  > 0.15   > 0.15   

# L-1 519a NA 6,920  NA 6,920  194,550  194,550  

Fibers in 
sediment  

g kg-1 0.00158b NA NA > 2  NA > 2  > 0.2   

# kg-1  1045c  NA NA > 3.20 x 107  NA > 3.20 x 107  > 4.62 x 106  

Tire particles 
in water  

g L-1 0.0008d 

0.00012e  

> 0.15 0.0015  NA 0.00015  

 

> 0.15  

 

> 0.15  

 

# L-1 NA NA 120,000  NA 29,300 > 1.25 x 107  > 1.25 x 107 

Tires particles 
in 
sediment 

g kg-1 0.0023f  

5.8g  

NA NA > 2  NA > 2  > 2  

# kg-1 1833f  NA NA > 7.33 x 1010 NA > 7.33 x 1010  > 7.33 x 1010  
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Also, for tire particles, the NOEC values for sediments are above 2 g kg-1 or 

7.33 x 1010 particles kg-1 dw sediment, which is significantly larger than the highest 

monitored concentration of tire particles in freshwater sediments (1,833 particles kg-1 

ww; Leads and Weinstein, 2019). On the other hand, the maximum sediment 

concentration estimated by Unice et al. (2013) based on polymer markers (5.8 g kg-1) 

is almost three times as high as the highest tested concentration in this study. 

However, a previous study observed no adverse effects on benthic freshwater 

invertebrates exposed to up to 100 g kg-1 (Redondo-Hasselerharm et al. 2018b), 

suggesting that no risks are expected for this environmental compartment.  

5.4. Conclusions  

This study shows that MP type, size, and exposure pathway determine the 

ingestion capacity of freshwater invertebrates, as well as the observed effect 

mechanism. Although adverse effects were only observed for the pelagic species 

tested (D. magna), sediment often contains much higher concentrations than the 

overlying water. Therefore, epibenthic and endobenthic species are more likely to 

encounter and ingest MPs. Based on the comparison between measured 

environmental concentrations and the NOEC values determined here, it can be 

concluded that the current risks for benthic and epibenthic macroinvertebrates are 

generally low or insignificant, while for pelagic organisms such as D. magna, refined 

exposure and effect studies with fibers and tire particles are recommended. 
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Abstract  

Microplastics (MPs) have been shown to act as sorbent phases and thus carriers of 

organic chemicals in the aquatic environment. Therefore, concerns exist that MP 

ingestion increases the uptake and accumulation of organic chemicals by aquatic 

organisms. However, it is unclear if this pathway is relevant compared to other 

exposure pathways. Here we compared the bioconcentration capacity of two 

hydrophobic organic chemicals (i.e., chlorpyrifos and hexachlorobenzene) in a 

freshwater fish (Danio rerio) when exposed to chemicals through water only and in 

combination with contaminated polyethylene MPs. Additionally, a suite of biomarker 

analyses (acetylcholine esterase, glutathione S-transferase, alkaline phosphatase, 

catalase) was carried out to test whether MPs can enhance the toxic stress caused by 

chemicals. Two 14-day semi-static experiments (one for each chemical) were carried 

out with adult fish. Each experiment consisted of (1) a control treatment (no chemicals, 

no MPs); (2) a treatment in which fish were exposed to chlorpyrifos or 

hexachlorobenzene only through water; (3) a treatment in which fish were exposed to 

the chemicals through water and contaminated polyethylene MPs (100 mg MPs L-1). 

Two additional treatments were included for the biomarker analysis. These contained 

MPs at two different concentrations (5 and 100 mg MPs L-1) but no chemicals. The 

presence of contaminated MPs in contaminated water did not enhance but rather 

decreased the bioconcentration of both chemicals in fish compared to the treatment 

that contained contaminated water in absence of MPs. This was more pronounced for 

hexachlorobenzene, which is more hydrophobic than chlorpyrifos. Enzyme activity 

levels in fish were only significantly altered in the presence of MPs for alkaline 

phosphatase. This study indicates that MP presence in freshwater ecosystems is not 

expected to increase the risks associated with chemical bioconcentration in aquatic 

organisms and that other exposure pathways (i.e., uptake via respiration, skin 

permeability) may be of higher importance.  
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6.1. Introduction 

Microplastic (MP) ingestion has been reported for different freshwater 

organisms (Galafassi et al. 2021; Kumar et al. 2021), which may have detrimental 

physical consequences (Gray & Weinstein 2017; Lei et al. 2018; Qiao et al. 2019b, a). 

For instance, histopathological damage in intestines following MP ingestion has been 

reported in zebrafish (Lei et al. 2018; Qiao et al. 2019b) and European sea bass (Pedà 

et al. 2016). Furthermore, MPs may pose a risk to aquatic organisms due to the 

additional effects caused by associated chemicals. Plastics can contain several types 

of additives (e.g., plasticizers, flame retardants, and stabilizers), which are 

incorporated during plastic production to receive specific product properties 

(Hahladakis et al. 2018). The leaching of these additives may exert harmful effects in 

aquatic organisms (Ke et al. 2019; Oliviero et al. 2019). Moreover, due to MPs’ big 

surface-to-volume ratio and their sorption affinity for hydrophobic organic 

contaminants, MPs can sorb other environmental contaminants (Teuten et al. 2007; 

Velzeboer et al. 2014). The sorption of chemicals to MPs has been confirmed in 

laboratory studies and for MPs recovered from environmental samples, which 

contained hydrophobic organic pollutants as well as different drugs and metals (Yu et 

al. 2019; Syberg et al. 2020; Amelia et al. 2021). Several studies have provided 

evidence for the transfer of organic contaminants from MPs into animals (Rochman et 

al. 2013; Batel et al. 2016, 2018). Consequently, MPs have been proposed as possible 

contaminant vectors, influencing the uptake of hydrophobic organic chemicals, a 

phenomenon also termed "Trojan Horse" effect. It has been suggested that the 

bioaccumulation of these contaminants in environmental media can be enhanced in 

the presence of MPs as high quantities of sorbed chemicals may be released into the 

organisms’ gut following ingestion, thus favoring chemical uptake (Bakir et al. 2014; 

Coffin et al. 2019). Outcomes of a meta- analysis of existing data demonstrated that 

the presence of MPs significantly enhanced the bioaccumulation of other contaminants 

by 31% in aquatic organisms under laboratory conditions (Sun et al. 2022). However, 

in most laboratory studies, contaminated MPs are fed to organisms in a clean 

environment, while in the natural environment, other media also contribute to the 

organisms’ contamination (such as water, sediment, and food) (Koelmans et al. 2016; 

Gerdes et al. 2019). Furthermore, modeling studies suggest that the role of MPs as 

contaminant vectors may have limited relevance compared to other uptake routes 

(Gouin et al. 2011; Lohmann 2017; Mohamed Nor & Koelmans 2019). Thus, current 
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literature is rather inconclusive on the relevance of contaminated MP ingestion as a 

novel pathway that enhances the ecological risk of chemicals, and experimental proof 

using environmentally relevant exposure conditions is rare, especially for freshwater 

ecosystems (Hartmann et al. 2017; Sun et al. 2022). 

This study aimed to assess the capacity of MPs to act as contaminant vectors 

for freshwater fish and to compare the bioconcentration capacity of two organic 

chemicals: chlorpyrifos (CPF) and hexachlorobenzene (HCB). CPF and HCB are both 

listed as priority substances under the European Water Framework Directive 

(European Commission 2013), and were chosen in this study due to their 

environmental relevance and their different hydrophobicity (log KOW 4.7 and 5.8, 

respectively). In our study, zebrafish (Danio rerio) were exposed to CPF and HCB 

through water only and in combination with contaminated MPs for 14 days. Our 

experiment was designed to understand to what extent MP contamination may 

enhance bioconcentration and exacerbate the impact of other contaminants on 

freshwater organisms. Additionally, the capacity of MPs to enhance or decrease the 

toxic stress caused by chemicals (i.e., neurotoxicity, general stress, and antioxidant 

defense) in zebrafish was assessed using a multi-biomarker approach.  

6.2. Material and methods 

6.2.1.  Fish maintenance  

Adult zebrafish with an average length of 5 cm and 663 ± 26 mg weight 

(mean ± SD; n = 6) were purchased from Pisciculture Superior S.L. and were 

maintained at 26 °C, with a photoperiod of 12/12 hours (light/dark) during three weeks 

before the start of the experiment. They were fed daily with fish food (Tetramin, Tetra 

GmbH, Germany) and checked visually to assess their active behavior and ensure 

proper health conditions. 

6.2.2. Test materials  

Polyethylene MPs (irregularly shaped with a mean particle size of 150 µm, 

Sigma-Aldrich) were chosen due to their widespread occurrence in the environment 

(Schell et al. 2020) and their higher sorption capacity for organic chemicals compared 

to other plastic types observed in the laboratory as well as in field studies (Alimi et al. 

2018; Syberg et al. 2020).  
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To obtain MPs with sorbed chemicals, 2 g L-1 polyethylene particles were added 

to milli-Q water containing CPF or HCB (Analytical standards, Merck) at concentrations 

of 200 µg L-1 and 36 µg L-1, respectively. Prior to spiking, each chemical was dissolved 

in methanol. MPs were previously coated with 0.5 ml of the non-ionic detergent 

Tween® 20 (Scharlau) per g of MP to allow an even dispersion in water. This was 

performed in glass bottles and the suspension was kept under constant stirring. The 

same concentration of chemicals and Tween® 20 was added to a water control 

containing only Milli-Q water and no MPs. The procedure was done twice for each 

chemical. Sorption of chemicals to MPs and equilibrium state were confirmed by 

chemical analysis of water at different time points (up to 168 h) before the addition of 

the contaminated MPs to the experiment. Further details on the chemical-MP 

partitioning process are provided in the Supplemental Information (SI; Section S1, 

Tables S1 - S4). 

6.2.3. Experimental design  

This study consisted of two parts, a bioconcentration analysis and a biomarker 

analysis. For the bioconcentration analysis two 14-day semi-static experiments (one 

for each chemical) were carried out with adult zebrafish. Each experiment consisted 

of: (1) a control without addition of chemicals nor MPs (combined for both experiments; 

n = 6); (2) a treatment in which fish were exposed to CPF or HCB only through water 

(n = 6); (3) a treatment in which fish were exposed to the respective chemical through 

water and contaminated MPs (in this case, 100 mg MPs L-1 were added (n = 6)). For 

the biomarker analysis, the same chemical treatments were used, and in addition, two 

MP controls containing clean MPs at two different concentrations (5 and 

100 mg MPs L-1, n = 3, Table 6.1). The high MP concentration tested (100 mg L-1 or 

57000 MPs L-1) is around two orders of magnitude higher than maximum measured 

concentrations in freshwaters based on particle counts (Lu et al. 2021b). However, the 

study was designed as proof-of-principle to test whether MPs could enhance 

bioconcentration compared to the uptake through water. 

Two different scenarios were tested in our study: (1) the presence of 

contaminated MPs in contaminated water (with CPF as an example) and (2) the 

addition of highly contaminated MPs to water with a very low chemical background 

concentration (with HCB as an example). The nominal concentrations are shown in 
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Table 6.1. Each test unit consisted of a 3 L beaker with dechlorinated tap water 

containing six fish. MPs were kept distributed throughout the water phase by aerating 

the beakers. The test medium was renewed on days 3, 7, and 10 after the start of the 

experiment. Fish were fed before the start of the experiment and before each medium 

renewal. Fish, water, and MP samples were taken at the start of the experiment and 

after each exposure period (i.e., at each medium renewal and the end of the 

experiment after 14 days). In each sampling event, one fish sample was taken per 

replicate and euthanized by rapid cooling (Wallace et al. 2018). The digestive tract was 

separated from the remaining fish tissue and samples were stored frozen until analysis. 

Water samples were taken from the test beakers before and after medium renewal 

using glass pipettes (4 mL for CPF and 10 ml for HCB approximately 30 min after 

spiking, and 150 ml for both chemicals at the end of each exposure period). To obtain 

the MP samples, 50 mL of stock suspensions (to measure initial chemical load) and 

500 mL of test medium before medium renewal were taken using glass pipettes. These 

samples were filtered onto glass filter papers (Borosilicate filter GMFF, Scharlau) to 

separate the MPs. All samples were stored frozen until analysis. Water temperature, 

pH, conductivity, and dissolved oxygen were measured before and after each medium 

renewal with a multiparameter meter (Hanna HI91894).  

Table 6.1. Nominal test concentrations of the different treatments used in the experiments. 

Treatment  Chemical water 
concentration (µg L-1) 

Chemical concentration 
sorbed to MPs (µg g-1) 

MP concentration   
(mg L-1) 

Control  0 - 0 

CPF 15.5 - 0 

CPF + MPs 15.5 45 100 

HCB 4.2 - 0 

HCB + MPs 0.6 16 100 

MP Low  0 0 5 

MP  0 0 100 

 

6.2.4. Analytical method  

A gas chromatograph (GC) system (Agilent 7890A) coupled to a mass 

spectrometer (MS) with a triple quadrupole analyzer (Agilent 7000 GC/MS Triple Quad) 

was used to determine the concentration of CPF and HCB in water, MPs, and fish 

samples. Details on the GC-MS conditions are provided in the SI (Section 2.1, Table 
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S5). Prior to the instrumental analysis, different extraction methods of CPF and HCB 

from the different matrices were applied. Water sample treatments were based on Stir 

Bar Sorptive Extraction (SBSE, also called Twister extraction). For MP and fish tissue, 

sample treatments were based on a solid-liquid extraction and an additional cleanup 

step for fish.  Details on all sample treatments are outlined in the SI (Section S2.2). 

Isotopically labeled internal standards (ILIS), hexachlorobenzene-13C6 and 

chlorpyrifos-(diethyl-d10), were used to correct possible losses during sample 

treatment and/or instrumental deviations. 

Validation of the three analytical methodologies (including sample treatment and 

instrumental analysis) was performed in order to provide quality assurance of the 

results (conditions of the validation study are shown in the SI, Section 2.3). The method 

was validated for linearity, accuracy, precision, and limits of detection (LOD) and 

quantification (LOQ), with satisfactory results. Mean recovery (n = 3) was between 90 

and 103% for chemicals extracted from water and fish samples, and between 83 and 

104% from MPs, with good precision expressed as relative standard deviation. 

Detailed results can be seen in Table S6. 

During sample analysis, daily quality controls (spiked matrices as done in the 

validation study) were injected to ensure the reliability of the results.  

6.2.5. MPs detection and counting  

To assess MP ingestion by fish, the digestive tract of the organisms exposed to 

MPs was digested using 15% H2O2 for 48 hours at 50 °C. The solution was then 

vacuum filtered onto filter papers (Borosilicate filter GMFF, Scharlau) and retained until 

visual assessment. MPs were counted using a stereo microscope (Olympus SZX7) 

with 40x magnification. Recovery tests (n = 3) were carried out by adding 25 

polyethylene MPs to the digestive tract of two clean fish from the fish stock and 10 ml 

H2O2. This was kept for 48 hours at 50°C, followed by the same filtration and visual 

analysis procedure as described above. Recovery of MPs based on MP count showed 

satisfactory results (between 88 and 92%), with no visible changes of the MP particles 

observed.   
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6.2.6. Biomarker determination  

The activity of four enzymes was measured in the current study: 

acetylcholinesterase (AChE), catalase (CAT), glutathione S-transferase (GST), and 

alkaline phosphatase (ALP). Seven treatments were considered for the biomarker 

analysis (Table 6.1). Fish samples were taken at the end of the experiment (day 14) 

from each treatment and immediately frozen in liquid nitrogen. Samples were stored 

at -80°C until analysis. Control fish from the fish stock were also sampled at the start 

(day 0) of the experiment. Fish specimens were divided into head (for AchE analysis) 

and body (for the remaining enzymes). For each treatment, six specimens were 

analyzed, and two replicates of the spectrophotometric measurement were performed. 

The detailed analytical procedures are outlined in the SI (Section S3).  

6.2.7. Data analyses 

The CPF and HCB bioconcentration factors (BCFs) were calculated as the ratio 

of measured chemical concentrations in fish and water at the end of each exposure 

period (i.e., 3, 7, 10 and 14 days), for the treatments containing chemicals alone and 

for the treatments containing chemicals in the presence of MPs. Normal distribution 

and equality of variances of the calculated BCF values were tested using Shapiro–Wilk 

test and Bartlett’s test, respectively. Significant differences between the calculated 

BCF in the water only treatment and the water and MPs treatment were assessed for 

each sampling day by preforming student t-tests using a significance level of 0.05.  

For the analysis of biomarker responses, the measured enzymatic activities 

were log transformed when data did not meet the requirements for parametric testing. 

Student t-tests were used to compare the enzymatic activities of the control treatments 

on day 0 and day 14. One-way analysis of variance (ANOVA) followed by a Tukey post 

hoc multiple comparison tests was used to test differences in enzymatic activities 

levels induced by different MP concentrations compared to the control. To assess 

differences in enzymatic activities between the treatments containing only MP at the 

higher concentration, only chemicals, and chemicals with MP, a two-way ANOVA 

followed by a Tukey post hoc multiple comparison tests was performed. Statistical 

analyses, including the construction of graphs, were performed using the software R 

Version 4.1.1 (R Core Team, 2021) in RStudio (RStudio Team, 2021) or the R 

language-based software Jamovi (The jamovi project 2021) and the required extension 
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packages (Wickham 2016; Kassambara 2017; Fox & Weisberg 2019). Statistically 

significant differences were assumed when the calculated p-value was < 0.05. 

6.3. Results 

6.3.1. Fish survival and MP ingestion  

No mortality was observed due to exposure to chemicals, MPs, or the 

combination of both during the experiment. One fish died in the MPs only treatment 

containing the lower MP concentration (5 mg L-1), possibly due to damage during 

medium renewal and manipulation. Ingestion of MPs by fish was confirmed but varied 

between fish and sampling times (Table 6.2). The number of ingested MPs in the CPF 

with MP treatment was relatively stable over time with an outlier on day 7. In the HCB 

with MP treatment, the concentration of MPs extracted from the digestive tract of the 

fish seemed to increase over time. Small amounts of contamination in control samples 

have been observed. However, this contamination likely occurred during sample 

processing and not due ingestion of MPs by fish.  

Table 6.2. Mean MP particle ingestion (min-max) displayed in number of MPs for different treatments 

at different time points (day 0 to day 14). Calculated by dividing the total number of MPs extracted from 

the digestive tracts of the fish of one sample by the number of fish. NA: time point was not assessed.  

Treatment Day 0 Day 3 Day 7 Day 10 Day 14  
Control  0 (0 - 0) 0.2 (0 - 0.5)  0.3 (0 - 1) 0 (0 - 0) 2.5 (0.5 - 4)  

CPF NA 0.2 (0 - 0.5) 0 (0 - 0)  0 (0 - 0) 0.2 (0 - 0.5) 

HCB NA 0.2 (0 - 0.5) 0.2 (0 - 0.5) 0 (0 - 0) 0 (0 - 0) 

CPF + MP NA 163 (15 - 353) 962.5 (203 - 1720)a  167 (29 - 436) 80.3 (53 - 150) 

HCB + MP NA 10.8 (3.5 - 21.5) 18 (5 - 42.5)  66.7 (14 - 112) 417 (256 - 632) 
a one sample was lost, the mean ingestion was calculated from two samples only. 

 

6.3.2. Chemical analysis  

The results of the measured chemical water concentrations in the stock 

suspension are provided in the SI (Table S8). The chemical concentrations on MPs 

before their addition to the test medium were relatively stable over time (Tables S9 and 

S10). The CPF concentration on MPs decreased strongly after the three to four days 

in the test medium (measured prior to medium renewal), probably caused by the 

establishment of a new equilibrium as a result of the lower CPF concentrations and the 
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different physical chemical conditions in the test medium compared to the stock 

suspension. However, an increase in concentration was observed along with a 

temporal trend. The calculated MP-water partitioning coefficients (KPW; Table S11) 

were higher than those calculated for the stock suspension, suggesting that CPF was 

strongly sorbed to the MPs. The HCB concentrations measured on MPs in the test 

medium after the three to four days were also lower, indicating a new partitioning 

equilibrium was established. Again, the KPW were higher than those calculated for the 

stock suspension, suggesting that also HCB is strongly sorbed to the MPs (Table S11).  

The measured CPF concentrations in the test medium are shown in Tables S12 

and S13. Most of the chemical dissipated (on average 96% for the CPF only treatment 

and 93% for the CPF with MPs treatment) within the three to four days until the next 

medium renewal. Dissipation was probably a cause of microbial degradation, uptake 

by fish, sorption to MPs and the wall of the test vessels or organic suspended material. 

The measured HCB concentrations are shown in Tables S14 and S15. In both 

treatments (HCB only and HCB with MPs), the HCB water concentrations were lower 

than the nominal values. As for CPF, most of the chemical dissipated within three to 

four days until the next medium renewal (i.e., 93% for the HCB only treatment, and 

73% for the HCB with MPs treatment). 

The CPF concentration in fish tissue increased over time in the CPF only and 

the CPF with MP treatment (Figure 6.1A). The CPF concentrations were almost 

identical in the two treatments (i.e., CPF only and the CPF with MP) after three and 

seven days relative to the start of the experiment. At days 10 and 14, relative to the 

start of the experiment, a lower CPF concentration was observed in fish in the CPF 

with MP treatment compared to the CPF only treatment. Although a steady state had 

not been reached within the 14 days of the experiment, the CPF concentration increase 

rate in fish tissue notably slowed down over time (Figure 6.1A).  

For HCB, the steady state in the body concentration was reached within the time 

of the experiment (Figure 6.1B). The concentration in the HCB only treatment was 

higher compared to the HCB with MP treatment. This was expected based on the 

experimental design, as less HCB was added to the water containing MPs. 
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Figure 6.1. Concentration of (A) chlorpyrifos and (B) hexachlorobenzene measured in fish tissue 

exposed only through water or through the combination of water and MPs over a period of 14 days. The 

values show the mean of the three measurements per treatment on sampling days 3 - 10 and the six 

measurements on sampling day 14 with their corresponding Standard Deviation. 

6.3.3.  Bioconcentration factors 

In general, the BCF of CPF was higher in the CPF only treatment compared to 

the CPF with MP treatment, showing statistically significant differences on day 14 

relative to the start of the experiment (Figure 6.2A). The BCF for the HCB only 

treatment was also higher (about one order of magnitude) as compared to the HCB 

with MP treatment, showing statistically significant differences for the entire exposure 

period (Figure 6.2B).  

 
Figure 6.2. Bioconcentration factors of (A) chlorpyrifos and (B) hexachlorobenzene for fish exposed 

only through water or through the combination of water and MPs over a period of 14 days. The values 

show the mean of the three measurements per treatment on sampling days 3 - 10 and the six 

measurements on sampling day 14 and the corresponding Standard Deviation. Asterisks indicate 

statistically significant differences (p < 0.05) between treatments in each sampling time. 
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6.3.4. Biomarkers  

The measurements of the enzymatic activities are shown in Figure 6.3 No 

statistically significant differences between the control fish samples taken at the start 

of the experiment (day 0) and the control fish samples taken at the end of the 

experiment (day 14) were observed. The different chemical and MP treatments were 

only sampled at the end of the experiment; thus, the following enzymatic activity 

comparisons refer to statistical tests performed between the different chemical and MP 

treatments and the control samples taken at the end of the experiment.  

 
Figure 6.3. Enzymatic activities of (A) acetylcholinesterase, (B) glutathione S-transferase, (C) alkaline 

phosphatase, and (D) catalase to the different treatments. The graphs show mean enzymatic units 

"U" per mg protein with the corresponding standard deviation. Dots indicate statistically significant 

(p < 0.05) differences between C_14 and all other treatments. The asterisk indicates statistically 

significant (p < 0.05; Tukey post hoc multiple comparison test) interaction between the treatments 

containing HCB and the treatment containing HCB and MP. C_0: control at the start of the experiment; 

C_14: control at the end of the experiment; MP_low: MP only treatment containing 5 mg MP L-1; MP: 

MP only treatment containing 100 mg MP L-1.  
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The results of the ANOVA show that AChE was significantly inhibited by CPF, 

while there was no significant interaction between the AChE activity measured in the 

CPF only treatment and the CPF with MP treatment. No statistically significant 

differences were observed between the AChE activities of HCB only and the control, 

neither with those in the HCB with MP treatment (Figure 6.3A). 

The GST activity was not influenced by CPF nor by the treatment containing 

CPF and MPs. The GST activity was significantly decreased by the HCB treatment, 

and the treatment containing HCB and MPs, however there were no significant 

differences between these two treatments (Figure 6.3B). 

The exposure to HCB and CPF alone, and to MPs alone, resulted in a slight (not 

significant) reduction of the ALP production, however the combination of the test 

chemicals with MPs increased the ALP production, becoming statistically significant 

for the HCB with MP treatment (Figure 6.3C). 

All treatments, except MP alone at the higher concentration, produced a 

statistically significant increase of CAT. For both chemicals, the presence of MPs 

induced a slight increase in the enzyme’s activity, however the differences were not 

statistically different compared to the chemical only treatments (Figure 6.3D). 

6.4. Discussion  

The presence of MPs in contaminated water did not enhance but rather 

decreased the bioconcentration of both tested chemicals in fish compared to the 

absence of MPs. Therefore, our results show that direct water uptake (via skin and 

gills) is a more relevant uptake route for fish compared to the ingestion of contaminated 

MPs, even though MPs were present at higher concentrations than those reported in 

the environment. Therefore, under environmentally relevant conditions, the MP portion 

taken up by fish would be lower, which further reduces the importance of MPs for the 

chemical uptake.  

 These findings are in agreement with other experimental studies which 

observed that the surrounding medium is more important for the uptake of chemicals 

compared to the uptake along with MPs. In these studies, MPs either did not affect the 

bioaccumulation of polychlorinated biphenyls (Besseling et al. 2017) or the 
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bioconcentration 4-n-Nonylphenol and 4- Methylbenzylidene-camphor (Beiras et al. 

2019), or decreased the bioconcentration of the triazole fungicide difenoconazole (Li 

et al. 2021) compared to chemical exposure only through the surrounding medium. 

Chemical uptake via gills and skin goes directly into the bloodstream, while ingested 

chemicals may be partly metabolized in the intestinal tract prior to uptake into blood 

(e.g., Pickford et al. 2003). Nonetheless, also food is likely a more relevant uptake 

route compared to MPs, particularly for chemicals with high biomagnification potential 

(i.e., persistent, not eliminated or reduced through metabolism by the organism). 

Higher transfer of contaminants from dried fish food compared to MPs has been shown 

in marine amphipods (Scopetani et al. 2018). During digestion, the substances that are 

accumulated in the food are released into the digestive tract while MPs are non-

digestible and thus may maintain their sorption capacity (although possibly influenced 

by the digestive fluids, e.g., Bakir et al. 2014; Coffin et al. 2019) and therefore their 

chemical load.  

Previously a "cleaning effect" following plastic ingestion has been proposed by 

experimental and modeling studies (Gouin et al. 2011; Gerdes et al. 2019; Mohamed 

Nor & Koelmans 2019). Gouin et al. (Gouin et al. 2011) predicted that for chemicals 

with a log KOW between 6.5 and 7.5, the chemical body burden can be reduced by 

> 20%, if the diet is composed of 10% MP. The underlying principle is that the ingestion 

of clean MPs and their high sorption affinity for organic chemicals favor the transfer to 

plastic within the gastrointestinal tract and decreases the body burden (Gouin et al. 

2011). This was also shown by the modelling study of Mohamed Nor and Koelmans 

(2019), where polychlorinated biphenyls were estimated to be transferred from 

contaminated food to clean polyethylene MPs in a simulated gut condition. However, 

these authors also observed that, in an environmentally relevant chemical and MP 

exposure scenario, the presence of plastic might not influence the chemical uptake 

(Mohamed Nor & Koelmans 2019). This is supported by an experimental study, in 

which no higher elimination rates of polychlorinated biphenyls by rainbow trout were 

observed if clean polyethylene microspheres were ingested with contaminated food 

compared to the fish that did not ingest plastic (Rummel et al. 2016).  Both sorption 

and desorption of chemicals to and from MPs in the organism's gut depend on the gut 

retention time; therefore, a short gut retention time may not allow sufficient time to 

transfer chemicals from or to biota (Chua et al. 2014; Mohamed Nor & Koelmans 2019). 

In our study, we did not observe a temporal increase of the number of MP particles 
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inside the fish gut in the treatment containing CPF with MPs, indicating that MPs were 

not accumulated and that the gut retention time of CPF was not prolonged. A slightly 

different pattern in ingested MPs was observed for the HCB with MP treatment, which 

was very low during the first two sampling days and increased slightly on day 10 and 

14.  

Besides the potential "cleaning effect" described above, it has been suggested 

that MPs can lower the bioconcentration/bioaccumulation potential of chemicals 

because they can alter the equilibrium between biota and the exposure media, 

reducing chemical bioavailability (Teuten et al. 2007; Chua et al. 2014; Rehse et al. 

2018). From the available bioconcentration results, it was difficult to decide whether 

MPs facilitated a higher depuration from the organisms by sorbing chemicals in the 

digestive tract or if MPs sorbed a higher proportion of chemicals already from the water 

and made them therefore less available, or a combination of both. However, based on 

the measured concentration of chemicals on MPs and in the test medium, the KPW 

calculated for both CPF and HCB was much higher in the test medium compared to 

the ones calculated in the stock suspensions (Table S11), suggesting reduced 

availability of the chemicals. Such an increase in the KPW, may have been influenced 

by the different physicochemical conditions (i.e., pH, temperature, concentration of 

dissolved carbon) of the test medium as discussed in several studies (Velzeboer et al. 

2014; Wang & Wang 2018; Seidensticker et al. 2019; Wang et al. 2020). Moreover, 

the decrease in bioconcentration in presence of MPs was higher for HCB, which is the 

most hydrophobic chemical of the two tested. This supports the already established 

relationship between hydrophobicity and the sorption affinity of chemicals to MPs 

(Razanajatovo et al. 2018). HCB was less available to fish because it was bound 

strongly to MPs, indicated by the higher log KPW (Table S11). 

In our study, we evaluated two different environmental scenarios: the presence 

of contaminated MPs in contaminated water (with CPF as example), where a 

theoretical equilibrium between MPs and water was reached, and the addition of 

contaminated MPs into water with a low exposure concentration (with HCB as 

example). The later represents a scenario in which MP are transported from 

contaminated areas to remote environments. Our experiment showed that even in a 

scenario of low water exposure concentration (i.e., the HCB one), MPs did not increase 

the bioconcentration of chemicals in fish. Furthermore, as contaminated MPs were 
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added to water with a very low background exposure concentration, desorption of HCB 

from MPs occurred and a new equilibrium between the MPs and water was reached, 

which would also happen under natural conditions. 

Our study showed that the exposure to MPs alone, at two different 

concentrations, had no significant effects on the tested biomarkers, with exception for 

the CAT response to the lower MPs concentration. Most studies assessing effects of 

MPs on biomarker response were carried out using small MPs (≤ 20 µm). These 

showed that MPs can alter biomarker responses including oxidative stress, 

neurotoxicity, and inflammatory effects depending on the MP size, dose and the 

exposure time (Karami et al. 2017; Prokić et al. 2019). The here observed influence of 

CPF on AChE was expected as AChE is an indicator for neurotoxicity and its activity 

is usually decreased in the presence of  organophosphate and carbamate insecticides 

(Amiard-Triquet et al. 2013). However, MPs (despite slightly reducing CPF internal 

concentrations) did not alter the fish response to CPF. CAT and GST are both 

indicators for oxidative stress. GST is involved in detoxification processes of 

xenobiotics (Nimmo 1987) and although a decreased activity of this enzyme was 

observed in fish exposed to HCB alone, the presence of MP did not significantly affect 

the inhibitory effect of HCB. Similar to our results, no effect of MPs on the AChE and 

GST activity were found in juveniles of the common goby Pomatoschistus microps 

when exposed to pyrene (Oliveira et al. 2013). CAT belongs to the first line defense 

enzymes and protects cells from oxidative damage. Its activity was increased by both 

chemical treatments, indicating a stress condition. However, the presence of MPs did 

not induce significantly higher levels of CAT, suggesting that MPs had no influence on 

chemical stress. Finally, ALP is a plasma membrane-bound enzyme which is involved 

in phosphate hydrolysis. There was a trend of a slight reduction in ALP activity 

compared to the control by exposure to any of the tested chemicals, and by MPs alone 

at both tested concentrations. Fish exposed to HCB with MPs showed a significantly 

higher ALP activity compared to the fish exposed to HCB only. This trend was also 

observed for CPF. Food intake and food quality have previously been reported to 

cause changes in intestinal ALP (Lallès 2020). MP ingestion may have led to food 

dilution (Amariei et al. 2022) and thus affected the ALP activity. However, in this study, 

the ALP activity was measured in the whole-body extract of the fish, therefore, the 

alteration may also be attributed to ALP changes in other body parts (e.g., in blood or 

liver). Similar to our results, the ALP activity in the body tissue of juvenile Amazonian 
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cichlids (Symphysodon aequifasciatus) was significantly reduced at 200 µg L-1 of MPs, 

which the authors attributed to deficits in digestive capabilities (Wen et al. 2018a). A 

significant increase in ALP activity was measured in the blood of the common carp 

(Cyprinus carpio) after exposure to MPs alone (2 mg L-1), the herbicide paraquat alone, 

and a combination of both (Nematdoost Haghi & Banaee 2017). These authors 

attributed the increase of ALP in plasma to the damage of cell membranes in the liver, 

bile ducts, and damage to the mucous lining of the intestine and the renal tract.  

6.5. Conclusions  

Our study shows that the presence of MPs in water exposure media does not 

increase the bioconcentration of hydrophobic organic chemicals in fish. This indicates 

that MP ingestion could be considered a negligible chemical uptake route as compared 

to other exposure routes, supporting the findings shown by former experimental and 

modeling studies. No consistent trends on the influence of MPs on the fish enzymatic 

activities could be elucidated from this study. Therefore, we conclude that MP 

concentrations above current exposure levels are not likely to increase fish stress 

levels, neither increase hydrophobic organic chemical exposure and risks to fish in 

freshwater ecosystems.  
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7.1. Conclusions  

Plastic pollution is an increasingly recognized problem of global scale. Research 

into microplastic (MP) contamination and its consequences has been rapidly 

expanding in recent years. Yet important data gaps hinder reliable source 

apportionment and environmental risk assessment. This thesis was undertaken to 

determine the current state of knowledge on freshwater and terrestrial plastic and MP 

pollution, their sources, environmental fate and pathways, and to identify data gaps to 

support research into environmental plastic accumulation and their ecotoxicological 

characterization. Furthermore, this thesis assessed MP pollution in rivers and 

agricultural soils of the Mediterranean climate zone focusing on wastewater and 

sewage sludge as key entry pathways, and the role of surface water runoff as a 

transport mechanism for MPs into aquatic ecosystems. Finally, this thesis contributed 

to determining the impacts of two specific MP types, polyester fibers and car tire 

particles, on freshwater invertebrates and has provided a deeper insight into the 

relevance of MP as vectors for other chemical pollutants into aquatic organisms 

("Trojan Horse" effect). 

The following main conclusions were derived from this thesis:  

• Quantitative information on MP sources, their pathways into and between 

freshwater and terrestrial ecosystems, and exposure concentrations (especially 

of small-sized MPs, nanoplastics and macroplastics) in these ecosystems are 

still limited and, if available, mostly restricted to Europe, North America, and 

China (at the time the literature review was completed in Spring 2019) (Chapter 

2).  

• MP exposure in river water and sediment of the Henares River and its tributaries 

increases considerably with anthropogenic pressures (downstream wastewater 

treatments plant inlets and industrial and urban areas) and varies temporally 

related to season and weather events (Chapter 3).  

• Wastewater represents a significant environmental pathway for MPs into the 

Henares River catchment, contributing up to 50% of the MP discharge, despite 

high MP retention by wastewater treatment plants (WWTPs) and minor 

untreated wastewater discharge (Chapter 3).  
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• Sludge application significantly increases MP soil contamination, and these 

MPs are found to remain in the soil over time, with low infiltration into deeper 

soil layers, suggesting that agricultural soils can be considered long-term MP 

accumulators (Chapter 4). 

• Agricultural surface runoff from sewage sludge amended fields appears to be of 

limited relevance as a pathway for MPs into aquatic ecosystems under semi-

arid conditions (mobilizing only 0.2 - 0.4% of the MPs added with sludge to soil) 

(Chapter 4). 

• Based on the comparison between measured or modeled environmental 

concentrations and experimentally determined No Observed 

Effect Concentrations (NOECs), risk of polyester fibers and car tire particles, is 

currently low for benthic and epibenthic macroinvertebrates, while some pelagic 

organisms (shown for D. magna) may be negatively affected (Chapter 5).  

• Ingestion capacity and quantity of MPs by freshwater invertebrates and their 

effect mechanisms depend on MPs’ size and shape. Ingestion quantity further 

depends on species-specific traits such as their habitat, their MP encounter 

frequency, body size, and feeding strategy (Chapter 5).  

• MPs have a negligible contribution to the uptake of hydrophobic organic 

contaminants by fish and do not enhance the biological stress caused by them 

(measured as biomarker response) (Chapter 6).  

7.2. Recommendations for further research and MP pollution management 

In this thesis, adverse effects of MPs for freshwater organisms were only 

observed for pelagic organisms at MP water concentrations that, for the most part, are 

not yet environmentally relevant. However, the persistence of plastics and their 

continued release suggest increased pollution levels in the future, possibly reaching 

those concentrations and further elevating sediment contamination levels. Therefore, 

future research efforts should focus on courses of action that limit environmental MP 

release.  

Based on the results of this thesis, effective measures to reduce environmental 

MP emissions include limiting MP release from urban wastewater by implementing 

WWTPs in areas that are not yet connected to the sewerage system (particularly in 

less developed regions). Furthermore, it is important to increase MP retention 
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efficiencies in existing WWTPs, especially for smaller MPs, by optimizing wastewater 

and stormwater treatment where treatment facilities are already in place. This is also 

expected to help minimize the environmental release of the MP types (textile fibers and 

car tire particles) that were studied in this thesis and have been shown to pose adverse 

effects (Chapter 5). Intercepting fibers already before they enter wastewater by adding 

filters to washing machines and dryers could be another possibility to increase their 

retention. However, not all of these particle types can be captured in this way. For 

instance, airborne fibers and tire wear particles not collected in sewer systems would 

still be emitted. These diffuse pollution sources are hard to avoid and more challenging 

to capture. Therefore, improved road runoff management solutions, such as vegetated 

buffer strips or artificial wetlands, may be proposed to retain MPs before reaching 

natural water bodies.  

Moreover, MPs retained by WWTPs in the sewage sludge (Chapters 2, 3, and 

4) enter the environment if sludge is re-purposed as agricultural fertilizer. Although this 

may limit their release to aquatic ecosystems, MPs added with sludge are maintained 

in the soil over extended periods, possibly building up concentrations after repeated 

sludge applications (Chapter 4). In this context, there is an urgent need to determine 

at which concentrations MPs may harm different parameters of soil ecosystems, 

including soil physicochemical properties, the structure, and function of microbial and 

invertebrate communities, as well as crop yields and development. Concentrations of 

MPs in sludge are currently not regulated, and no restrictions to MP quantities in sludge 

applied to agricultural soils exist. The importance of this MP pathway compared to MPs 

formation from other sources, such as plastic mulch and mismanaged plastic waste, 

needs to be determined to ponder the risks and benefits of sludge application and to 

provide recommendations for adequate mitigation decisions for policy frameworks.  

Furthermore, the here derived estimations on the relevance and contribution of 

different MP pathways (wastewater vs. agricultural runoff; Chapters 2 and 3) may vary 

notably depending on soil type, crop type, agricultural practices (e.g., sludge vs. plastic 

mulch application), or geographic settings (i.e., drier vs. wetter areas, frequency of 

heavy rain and storm events, land use, efficiency of plastic waste collection and 

recycling rates). Agricultural runoff may be a relevant MP release pathway into 

freshwater ecosystems in locations with higher annual precipitation or heavy events, 

such as northern Europe or the tropics, whereas the relative contribution of treated 
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wastewater may be reduced in these settings due to a higher dilution of the discharged 

wastewater by the receiving water bodies. While this does not affect the total MP 

export, dilution directly influences the exposure risk for aquatic organisms, which may 

not only vary spatially but as shown in this thesis, temporally according to season and 

weather events (Chapter 3). Therefore, additional efforts are required to reliably 

determine exposure concentrations, including high-resolution temporal and spatial 

samplings in different geographical settings, to fully understand MP sources and 

spatial and temporal pollution patterns at the river catchment scale.  

While this thesis provided some new insight into the role of two environmental 

pathways, it is imperative to determine the origin of the remaining MP loads at a 

catchment scale, to which no source could be assigned based on the research 

conducted within this thesis. Fragmentation of macroplastics is expected to be a major 

source for the river catchment. This assumption is based on macroplastic waste 

accumulated at the river shores based on the visual inspection of the area around the 

sample site located at the mouth of the river catchment and fragments being the 

primary MP type observed in river water and sediment (Chapter 3). During rain events, 

urban surface runoff and combined sewer overflow may be another important MP 

contribution to the catchment that has to be quantified. The quantification of these 

sources with experimental and modeling studies will aid in the identification of specific 

risk mitigation measures. 

Finally, MPs are found as complex mixtures in the environment (Chapters 2, 3, 

and 4). Therefore, not only the effect assessment of frequent MP types but of their 

mixtures, taking into account the ratio of different sizes, shapes, and polymer types, 

are recommended to predict the vulnerability of aquatic organisms to MP pollution. 

Based on the results of the current thesis (Chapter 5), refined water exposure 

assessments with polyester fibers and car tire particles are required; and follow-up 

studies are needed with a wider array of aquatic organisms to determine risks 

considering different effect mechanisms (i.e., entanglement, ingestion, leaching). 

Furthermore, the specific properties of the particles responsible for the tire particles' 

toxicity, which are the particle itself, incorporated metals and additives, or a 

combination of both, could not be elucidated within this thesis and should be 

determined further.
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Microplastics are ubiquitously detected in the natural
environment. However, major knowledge gaps exist
regarding their sources and pathways into the environment
and the risks of microplastic pollution for freshwater
ecosystems. This thesis assesses microplastic
contamination in freshwaters and agricultural soils and the
importance of wastewater and agricultural surface runoff as
microplastic pathways into aquatic environments under
Mediterranean conditions. Furthermore, the impacts of
microplastic fibers and tire particles on freshwater
invertebrates and the relevance of microplastics as vectors
of organic contaminants in the aquatic environment are
investigated.


